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Eutrophication, water quality, and fisheries: a wicked management problem
with insights from a century of change in Lake Erie
James S. Sinclair 1,2  , Michael E. Fraker 3  , James M. Hood 2,4  , Euan D. Reavie 5   and Stuart A. Ludsin 2 

ABSTRACT. Human-driven nutrient inputs into aquatic ecosystems must be managed to preserve biodiversity and to ensure that
valued fishery and water quality services are not compromised by hypoxia and harmful algal blooms. Aiming for nutrient inputs that
achieve an intermediate level of ecosystem productivity is expected to provide both high fish yield and good water quality. However,
we argue that such an intermediate “optimum” may not exist for many aquatic ecosystems that support multiple fisheries with differing
tolerances to eutrophication and that must provide multiple water quality services. We further support this argument with an empirical
case study of nearly a century (1915–2011) of change in the productivity of Lake Erie and its lake whitefish (Coregonus clupeaformis),
walleye (Sander vitreus), and yellow perch (Perca flavescens) fisheries. We discuss and show how the harvest of each fishery has been
historically maximized at different levels of ecosystem productivity. Additionally, we examine how anticipated management efforts to
improve water quality by reducing nutrient inputs (i.e., oligotrophication) may favor certain fisheries over others, resulting in no single
optimal range of nutrient inputs that achieves all valued fishery and water quality objectives. Our synthesis and case study illustrate
how the need to balance multiple services in aquatic ecosystems can create a wicked management problem with inevitable trade-offs.
To navigate these trade-offs, we recommend the use of ecosystem-based management approaches, which can help decision makers
identify and resolve complex trade-offs by facilitating cooperative research and communication among water quality regulators, fisheries
managers, and end users.
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INTRODUCTION

Eutrophication, water quality, and fisheries
Eutrophication from anthropogenic nutrient inputs is
increasingly impacting many aquatic ecosystems (Glibert and
Burford 2017, Maúre et al. 2021, Fang et al. 2022), with associated
hypoxia and harmful algal blooms (HABs) compromising a
variety of ecological and ecosystem services, such as biodiversity,
water potability, and recreational opportunities (Smith and
Schindler 2009, MacDonald et al. 2016, St-Gelais et al. 2020).
However, eutrophication can also provide some benefits through
enhanced primary production. This added ecosystem
productivity can drive bottom-up increases in the abundance and
growth of secondary consumers (Lindeman 1942), such as fishes
(Ludsin et al. 2001, Nixon and Buckley 2002, Müller et al. 2007,
Saarinen and Candolin 2020), which can benefit different sectors
of society by increasing total fishery yields (Pauly and Christensen
1995, Ware and Thomson 2005, Capuzzo et al. 2018, Marshak
and Link 2021). These differing effects of eutrophication create
a problem for management. Specifically, reducing nutrient inputs
to mitigate water quality impairments via better water treatment
and/or agricultural conservation practices can result in a trade-
off  of reduced fishery yields. Such trade-offs are exemplified by
ecosystems in which fish biomass or fishery yield declined
following nutrient abatement efforts (Baer et al. 2017, Capuzzo
et al. 2018, Hossain et al. 2019). Therefore, as suggested elsewhere
(Ludsin et al. 2001, Nixon and Buckley 2002, Breitburg et al. 2009,
O’Higgins and Gilbert 2014, MacDonald et al. 2016), a better
understanding of how best to navigate these trade-offs is critical
to the effective management of multi-service aquatic ecosystems.

Trade-offs between eutrophication’s water quality detriments
versus fishery benefits can be represented using a unimodal
“subsidy-stress” curve (sensu Odum et al. 1979; Fig. 1A).
Eutrophication initially subsidizes fisheries yield through
bottom-up effects, but as enrichment intensifies these subsidies
become outweighed by the stresses of degraded water quality,
driving declines in fishery yield via declines in fish survival,
growth, and reproduction (Breitburg 2002, Ludsin et al. 2009,
Taipale et al. 2018, Jeppesen et al. 2018). This unimodal concept
has been thoroughly detailed elsewhere (Ryder 1982, Caddy 1993,
Stockner et al. 2000) and has been observed in marine (e.g.,
Oczkowski and Nixon 2008, O’Higgins and Gilbert 2014),
estuarine (e.g., Breitburg et al. 2009), and freshwater ecosystems
(e.g., Oglesby et al. 1987, Jonsson et al. 2011). Based on this
relationship, total fisheries yield and water quality can be
hypothesized to be optimized at intermediate levels of ecosystem
productivity where yield is maximized and water quality is not
yet severely compromised. The exact range that constitutes
“intermediate” productivity likely varies among ecosystems, but
the overall concept provides a useful starting point for managers
and researchers.  

Here, we argue that although it is conceptually intuitive that some
eutrophication can be good but too much is bad, applying this
concept to real-world ecosystems is more complicated than simply
aiming for an optimal range of intermediate productivity. This
complexity stems from the fact that many productive aquatic
ecosystems support multiple fish populations of recreational,
commercial, and/or cultural importance, each of which can
require different habitat conditions associated with different levels
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 Fig. 1. Fishery yields are expected to be (A) optimized at an
intermediate level of ecosystem productivity (e.g., mesotrophic to
eutrophic; Caddy 1993, Stockner et al. 2000), where yield is not
constrained by low energy inputs nor poor water quality (e.g.,
harmful algal blooms [HABs] and bottom hypoxia). However, in
ecosystems with (B) multiple valued fisheries, the yield of each
may be optimized at different levels of ecosystem productivity
owing to taxon-specific tolerances to enriched conditions
(compare eutrophication-intolerant salmonids in purple to
eutrophication-tolerant percids in red). Managing for
intermediate productivity may therefore benefit only one species
or cause both species to perform poorly. Similar trade-offs could
emerge when managing for multiple water quality objectives that
are achieved at different levels of ecosystem productivity (C). For
instance, targeting low productivity (e.g., oligotrophy) might
achieve all water quality objectives, but the ecosystem may no
longer support fisheries that require higher productivities.
Conversely, managing for eutrophication-tolerant species
(percids) may suppress eutrophication-intolerant species
(salmonids) and leave some water quality impairments
unaddressed (bottom hypoxia). Collectively, these theorized
relationships illustrate an ecosystem in which no single level of
ecosystem productivity achieves all management objectives,
resulting in trade-offs.
 

of ecosystem productivity (Oglesby et al. 1987, Ludsin et al. 2001,
Hondorp et al. 2010, Jacobson et al. 2017, Sundblad et al. 2020).
Thus, no single target level of nutrient inputs may exist that
achieves the desired harvests of every fishery (Fig. 1B). Similarly,
“water quality” also encompasses multiple services, including
those related to ecology, human health, recreation, agriculture,
and fisheries, and the most valued service can differ among the
different agencies and end users involved (Anders and Ashley
2007, MacDonald et al. 2016, St-Gelais et al. 2020). Some may
prioritize services achieved with the cleanest water possible,
whereas others may prioritize services that necessitate less-clean
water, such as total fishery yield or agricultural expansion. Thus,
there may be no single target range for nutrient inputs that can
address the water quality needs and interests of every group (Fig.
1C).  

Ecosystems with multiple optima for fishery yield and nutrient
inputs could create a “wicked” (sensu DeFries and Nagendra
2017) management problem of inevitable trade-offs in which one
or more services must be sacrificed in pursuit of others. This issue
has been partly acknowledged elsewhere (Hondorp et al. 2010,
Sundblad et al. 2020, Link and Marshak 2022), but a better
understanding of how these trade-offs play out across both
multiple fishery and multiple water quality objectives is still
needed. This understanding is essential to making management
decisions and selecting nutrient management targets that account
for different agency and end-user valuations of ecosystem services
(Levin et al. 2009, Granek et al. 2010). To explore such trade-offs
and to support our argument, we use Lake Erie (US–Canada) as
an empirical case study. We begin by describing the relevant social-
ecological features of the lake, with emphasis on its history of
anthropogenic eutrophication, current policy objectives for water
quality, and changes in three fisheries: lake whitefish (Coregonus
clupeaformis), walleye (Sander vitreus), and yellow perch (Perca
flavescens). Based on the best available data, we then provide an
analysis of how these fisheries, as well as their combined yield,
may exhibit trade-offs across the different water quality objectives.
This case study supports the notion that, for multi-service
ecosystems, no single target range for ecosystem productivity may
exist that satisfies all fisheries and water quality objectives,
resulting in inevitable trade-offs. We further argue that these
trade-offs are best resolved through an ecosystem-based
management approach (Slocombe 1993, Berkes 2012, Link and
Marshak 2022) that facilitates open discussion of different agency
and end-user values before setting management targets, that
supports interdisciplinary research and monitoring, and that
employs cooperative management decision making.

LAKE ERIE: A HISTORY OF EUTROPHICATION
Lake Erie is the 11th largest freshwater lake globally and is divided
into three basins—western, central, and eastern—with
productivity tending to decline from the warmer, shallower
western basin to the colder, deeper central and eastern basins (Sly
1976, Ludsin et al. 2001, Bunnell et al. 2014). During the early
1900s, Lake Erie was typically mesotrophic in the western basin
and oligotrophic in the central and eastern basins (Sgro and
Reavie 2018), with seasonal periods of more eutrophic conditions.
Anthropogenic eutrophication likely first began during the late
1800s owing to expanded human settlement and deforestation in
the lake’s watershed (Schelske et al. 1983). Eutrophication then
intensified during the 1930s (Sgro and Reavie 2018), driven by
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industrial, urban, and agricultural development. Conditions
consistent with hyper-eutrophy occurred during the late 1950s
through 1960s, characterized by extensive and widely publicized
HABs and bottom hypoxia (Makarewicz and Bertram 1991,
Watson et al. 2016). These conditions abated somewhat during
the 1970s through 1980s owing to better management of primarily
point-source phosphorus inputs, resulting in a period of
“oligotrophication” in which productivity declined (Makarewicz
and Bertram 1991, Ludsin et al. 2001). However, nutrient-driven
water quality impairments have consistently occurred throughout
the last four decades (Scavia et al. 2014, Watson et al. 2016). The
lake has also undergone a recent period of anthropogenic “re-
eutrophication” during the 2000s and 2010s (Kane et al. 2014,
Scavia et al. 2014, Watson et al. 2016) driven by increased non-
point-source inputs of more bioavailable forms of phosphorus
from agriculture (Scavia et al. 2016, Baker et al. 2019). This history
of eutrophication in Lake Erie, including its recent re-
eutrophication, prompted action to reduce nutrient inputs to
improve water quality, which we discuss in the next subsection.

Current water quality objectives
Initially, to mitigate water quality impairments from
anthropogenic eutrophication during the 1950s through 1970s,
the U.S. and Canadian governments signed the Great Lakes Water
Quality Agreement in 1972 (with an amendment in 1978; IJC
2015). Associated abatement programs targeted and successfully
reduced point-source phosphorus inputs from > 20,000 metric
tons per annum (MTA) to 11,000 MTA (Dolan and McGunagle
2005). During the recent period of re-eutrophication, non-point-
source inputs (particularly from agricultural runoff) became the
focus of water quality management efforts (Scavia et al. 2016,
Baker et al. 2019, GLWQA NAS 2019). The principal water
quality objectives of these contemporary abatement efforts are
to: (1) reduce HAB severity; (2) minimize bottom hypoxia; and
(3) return the overall productivity of the lake to oligotrophic/
mesotrophic conditions (Dove and Chapra 2015, GLWQA NAS
2019). The level of nutrient reductions required to reduce HABs
are expected to be the least severe, with more severe reductions
required to reduce hypoxia (IJC 2015, Scavia et al. 2016).
Additionally, given that oligotrophic/mesotrophic conditions
have not consistently occurred since before the 1930s (Sgro and
Reavie 2018), the trophic status target likely requires even further
reductions compared to the HABs and hypoxia targets.

Lake whitefish, walleye, and yellow perch
Lake Erie supports multi-billion dollar commercial, recreational,
and sustenance freshwater fisheries. Two percids, walleye and
yellow perch, currently supply much of these fisheries, but less-
abundant salmonids like lake whitefish are also focal targets for
fishing, management, and re-introduction. Salmonids used to be
harvested extensively but these fisheries collapsed during the late
1800s to mid-1900s owing to a variety of anthropogenic pressures
(Applegate and Van Meter 1970). In the case of the lake whitefish
fishery, which collapsed during the mid-1900s, eutrophication was
a principal driver in addition to overexploitation and invasive
species (Regier et al. 1969, Hartman 1972). As salmonids and
other species declined, yields of walleye and yellow perch
increased (Applegate and Van Meter 1970). This shift was partly
driven by exploitation as people adjusted to which species were
available, but bottom-up effects from eutrophication also
contributed (Regier et al. 1969, Parsons 1970) as did the higher

tolerance of walleye and yellow perch to nutrient pollution
(Ludsin et al. 2001, Jacobson et al. 2017). Eventually the walleye
fishery also collapsed during the late 1960s, coinciding with both
a sharp rise in exploitation and severe eutrophication, the latter
of which negatively affects walleye’s ability to forage (Nieman and
Gray 2019) and the survival of its invertebrate prey that require
oxygenated sediments (Parsons 1970, Bridgeman et al. 2006). The
walleye fishery has since recovered owing to a combination of
better fishery and nutrient management (Vandergoot et al. 2019).
Conversely, the yellow perch fishery never collapsed because this
species can persist and even proliferate under extremely eutrophic
conditions (Reichert et al. 2010, Carreon-Martinez et al. 2014,
Marcek et al. 2021). These historical patterns in the lake whitefish,
walleye, and yellow perch fisheries indicate three example species
with differing tolerances to eutrophication. Lake whitefish is the
least tolerant of the three followed by walleye and then yellow
perch.

Quantifying productivity, water quality objectives, and fisheries
This brief  history of Lake Erie illustrates why it is an excellent
case study for examining water-quality-fisheries trade-offs. Lake
Erie’s productivity has varied widely (across oligotrophic,
mesotrophic, eutrophic, and hyper-eutrophic conditions), it is
being managed for multiple water quality objectives that are
achieved at different levels of ecosystem productivity, and it
supports multiple fisheries that differ in their tolerance to
eutrophication. This combination of factors allows us to examine
potential productivity-driven trade-offs across multiple water
quality and fishery services. Evaluating these trade-offs requires
quantifying how productivity has changed, where the different
water quality objectives fall along this gradient, and what level of
productivity has historically maximized the yield of the different
fisheries. No available metrics do any of this perfectly given that
changes have been occurring since the early 1900s and most long-
term monitoring programs only began (at best) around the 1970s
(Fraker et al. 2022). However, we can develop proxy measures and
we can verify the veracity of these proxies by comparing them to
the known historical changes in the lake detailed above.  

To quantify productivity, we developed a multi-metric index of
annual lake-wide productivity during 1915–2011 (see Appendix
1 for methods). In brief, we collected and estimated annual data
on five metrics representing non-point-source phosphorus inputs,
sediment phosphorus and carbon concentrations, aqueous
phosphorus, and the phytoplankton community across the
different basins of the lake. We scaled these five metrics relative
to their respective means and standard deviations and then
averaged these values, with this average hereafter referred to as
the “productivity index” (Fig. 2). The index therefore measures
how the overall productivity of Lake Erie has varied through time
in units of standard deviations from the long-term mean. Other
metrics could be incorporated, but the current index acceptably
represents nutrient-driven changes in Lake Erie’s productivity
given that it closely matches the known patterns and timings of
anthropogenic eutrophication (Fig. 2).  

To link each water quality objective to our productivity index, we
calculated target ranges for non-point-source phosphorus inputs
that would potentially achieve the three water quality objectives
for HABs, bottom hypoxia, and trophic status in Lake Erie (see
Appendix 2 for methods). We used non-point phosphorus inputs
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as a common currency because they are a known driver of recent
eutrophication and are thus the focal target for recent
management action aimed at achieving each water quality
objective (Scavia et al. 2016, Baker et al. 2019, GLWQA NAS
2019). In addition, non-point-source inputs can be directly related
to our productivity index because they are incorporated in its
calculation. The results also match our expectations for these
targets, specifically that more severe reductions are required to
reduce hypoxia compared to HAB severity, with the most severe
reductions required to achieve consistently oligotrophic/
mesotrophic conditions.

 Fig. 2. Time-series of Lake Erie productivity (1915–2011)
based on a multi-metric index. The index begins the time series
at its lowest values (representing oligotrophic to mesotrophic
conditions; “O/M”) and then increases during the 1930s as the
lake becomes consistently eutrophic (“E”). The index peaks
during the late 1950s through 1960s (a period of hyper-
eutrophy; “H”), declines somewhat during the 1970s through
the 1980s, then increases again. These various changes in the
index all match the history of changing productivity in Lake
Erie that we have discussed. Trophic demarcations for O/M, E,
and H are based on minimum and maximum nutrient index
values during, respectively, 1915–1934, 1935–1958, and 1959–
1969, which were selected based on threshold years of change
in Lake Erie’s productivity from Sgro and Reavie 2018.
 

Lastly, to relate fish yields to the productivity index, we obtained
data on the total U.S. and Canadian commercial harvest (kg) of
lake whitefish, walleye, and yellow perch in Lake Erie during
1915–2011 from the Great Lakes Fishery Commission (http://
www.glfc.org). This dataset is the only one that goes back far
enough to address our questions, but it is imperfect because the
harvest of each species is not necessarily related to its population
size. However, some extenuating factors allow us to broadly make
this connection in Lake Erie across the last century. First, lake
whitefish was only harvested in sufficient numbers before its
decline during the mid-1900s, then harvest declined as the
population declined (Hartman 1972). Thus, harvest broadly
tracked the historical highs then lows of this population during
the past century (note that we corrected lake whitefish harvests
by 1.17 times up to 1977 to account for a switch in Lake Erie from
primarily dressed to round weights in 1978). Second, like lake
whitefish, yellow perch is a species of medium economic value
that has been consistently harvested since the early 1900s. Thus,
yellow perch harvest has tended to track broad population trends
in contrast to lower-valued species in which harvest is more driven

by fluctuating market prices (Regier et al. 1969, Hartman 1972).
Finally, the history of walleye harvest is more complex but can
still be linked to population size. The U.S. commercial harvest of
walleye broadly followed population trends up to the late 1960s,
whereas the Canadian harvest did not because it was more
influenced by changes in gear and effort (Regier et al. 1969,
Parsons 1970). Both the U.S. and Canadian harvests then declined
when the walleye population collapsed during late 1960s (Regier
et al. 1969, Parsons 1970, Hartman 1972). The U.S. fishery
permanently closed in 1970 owing to human health concerns over
mercury bioaccumulation and so the U.S. harvest does not track
the subsequent walleye recovery during this period. However,
Canadian harvests do track this recovery because the Canadian
fishery never closed and became more sustainably managed.
Therefore, the best solution was to use U.S. harvests up to 1969
to reflect the increase and then collapse of the walleye population,
then Canadian harvests thereafter to reflect its subsequent
recovery. To summarize, we feel confident that our fisheries data
sufficiently track the known historical responses of each species
to eutrophication. We also conducted some follow-up analyses
that confirmed that our results using the harvest data were robust
to variability in the productivity index and variability in the
relationship between harvest and the population size of each
species (see Appendix 3).  

To examine potential nutrient-driven trade-offs across multiple
water quality and fishery services in Lake Erie, we related each
species’ commercial harvest to our productivity index using
quantile regression (via the “quantreg” package in R; Koenker
2021, R Core Team 2022). These models also included a quadratic
term for the index to allow for non-linear relationships. We chose
this approach to model harvest as a range of highs and lows, which
more closely follow the historical highs and lows of each species’
population. Modeling harvest as a range also allows for inter-
annual fluctuations within this range owing to other factors, such
as changes in fishing effort or demographic and environmental
variation. After modeling harvest in relation to productivity, we
then plotted these relationships alongside the different target
ranges for nutrient inputs to examine which fisheries might be
optimized for each water quality objective.

FISHERY AND WATER QUALITY TRADE-OFFS IN LAKE
ERIE
Each fishery’s maximum harvest occurred at a different level of
ecosystem productivity (Fig. 3) and the highest total maximum
harvests of our focal species have historically occurred at the
highest productivities (Fig. 4), rather than at intermediate levels.
The maximum harvests of lake whitefish occurred at low levels
of ecosystem productivity (about -0.5 standard deviations below
the long-term mean; Fig. 3A), in contrast to harvests of walleye
and yellow perch which were highest at, respectively, intermediate
(+0.15 standard deviations; Fig. 3B) and high productivities (+1.7
standard deviations; Fig. 3C). These relationships matched the
known historical responses of these species to eutrophication in
Lake Erie and agreed with the known lower tolerances of
salmonids to the impacts of nutrient pollution versus the higher
tolerances of percids.  

The unique productivity relationships for lake whitefish, walleye,
and yellow perch suggested that achieving each of the different
water quality objectives (i.e., HABs, hypoxia, and trophic status)
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 Fig. 3. Relationship between the commercial harvest of (A)
lake whitefish (Coregonus clupeaformis), (B) walleye (Sander
vitreus), and (C) yellow perch (Perca flavescens) and an index of
productivity in Lake Erie during 1915–2011. The productivity
index is reported in standard deviations relative to the long-
term mean. Dashed lines indicate the respective lower 5% and
upper 95% quantiles of harvest for each taxon based on
quantile regression. Successive years are indicated by numbers
across an orange to blue color gradient (red and purple
represent intermediate years. Color bands indicate the
estimated target ranges of non-point phosphorus inputs
required to reduce harmful algal blooms (HABs) in western
Lake Erie (green band), reduce bottom hypoxia in central Lake
Erie (“Hypoxia”; blue band), and return the lake to desirable
oligotrophic/mesotrophic conditions (“Oli/Meso”; orange
band). The vertical red line (“15-19 mean”) indicates mean
non-point-source phosphorus inputs into Lake Erie during
2015–2019, providing a comparison of recent nutrient inputs to
the different water quality targets.
 

 Fig. 4. Predicted upper 95% quantiles of lake whitefish
(Coregonus clupeaformis; blue line), walleye (Sander vitreus; red
line), yellow perch (Perca flavescens; yellow line), and total
fishery harvest (all taxa summed; black dashed line) across an
index of productivity in Lake Erie. Color bands indicate the
estimated target ranges of non-point phosphorus inputs
required to reduce harmful algal blooms (“HABs”) in western
Lake Erie (green band), reduce bottom hypoxia in central Lake
Erie (“Hypoxia”; blue band), and return the lake to desirable
oligotrophic/mesotrophic conditions (“Oli/Meso”; orange
band). The vertical red line (“15-19 mean”) indicates mean
non-point-source phosphorus inputs into Lake Erie during
2015–2019, providing a comparison of recent nutrient inputs to
the different water quality targets.
 

could create trade-offs in fishery yields. If  non-point inputs are
successfully reduced into the range of the HAB target, then
walleye harvests may remain high as yellow fish harvests decline
and lake whitefish harvests increase. If  nutrient inputs are further
reduced to meet the hypoxia and then lake trophic-status targets,
then walleye harvests are likely to decline with further reductions
in yellow perch, and even lake whitefish harvests may decline at
the lowest extremes of ecosystem productivity (as has occurred
in other North American Great Lakes; Rook et al. 2022).  

Collectively, our case study portrays an ecosystem in which no
single range of productivity likely exists that optimizes all fishery
and water quality management objectives, creating a wicked
management problem of inevitable trade-offs. For example,
aiming to maximize total yields may allow for higher nutrient
inputs, but this goal would compromise water quality and create
a fish community dominated by only eutrophication-tolerant
species (also see Ludsin et al. 2001). Alternatively, reducing
nutrient inputs to reduce HAB severity would benefit water
quality, and somewhat balance the harvests of all three fisheries,
but would leave other water quality objectives unaddressed, such
as minimizing hypoxia (Scavia et al. 2016). Further abatements
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of nutrient inputs to reach the hypoxia and then trophic-status
targets would further benefit water quality and potentially lake
whitefish, but may substantially reduce percid harvests. Managing
anthropogenic nutrient inputs into Lake Erie may therefore be
expected to induce trade-offs across its multiple fishery and water
quality services regardless of which target range for nutrient
inputs is selected.  

Furthermore, the socioeconomic reality of the above trade-offs
is undoubtedly more complex than what we have shown and will
depend upon agency and end-user valuation of numerous other
ecosystem services, including human health concerns for safe
drinking water and safe beaches, and suitable habitat for different
fish species other than those we examined. For example, we only
focused on three key species with available data and known
linkages to eutrophication, however Lake Erie supports many fish
species valued for a range of commercial, recreational, cultural,
and/or sustenance purposes (e.g., white bass, Morone chrysops;
lake trout, Salvelinus namaycush). Further research is therefore
needed to quantify trade-offs across a wide variety of fish species,
other types of water quality services, and varying economic,
social, and cultural values, all of which may be optimized at
different levels of productivity.

Do these trade-offs apply beyond Lake Erie?
The extent to which other ecosystems follow the example we have
shown depends on several factors. First, productivity-driven
trade-offs across the yields of different fisheries can only occur
when the taxa supporting these fisheries have differing tolerances
to eutrophication and its discontents (e.g., water clarity, dissolved
oxygen availability, prey availability, etc.). This condition applies
to many large and small freshwater ecosystems (Jeppesen et al.
2000, Maceina and Bayne 2001, Hossain et al. 2019, Sinclair et
al. 2021), as well as marine ecosystems (Townsend 2014).
However, it would not apply to ecosystems in which a single
species is the focus of management (e.g., marine cod fisheries;
Nguyen et al. 2016) nor fisheries supported by different species
with similar tolerances to eutrophication (e.g., Lake Victoria;
Taabu-Munyaho et al. 2016). In such instances, a single optimal
range for productivity may exist that achieves the desired
objectives for multiple ecosystem services.  

Second, the impacts of increasing or decreasing productivity
depend on the environmental context. Lake Erie has exhibited
comparatively little change in total harvests at the extreme ends
of its productivity gradient across the three focal species (see Fig.
4), but other systems may exhibit more substantial declines and
so may not exhibit multiple productivity optima. For example,
Lake Erie is large and heterogeneous, which offers spatial refuges
when conditions are unfavorable (Roberts et al. 2009, Stone et al.
2020). Ecosystems with no similar refuges, such as smaller lakes
or marshes, may experience more severe declines in fishery yield
in response to nutrient pollution. Furthermore, although our
analysis and previous research in Lake Erie (e.g., Ludsin et al.
2001) suggest that total harvests are resilient to changes in
productivity, the effects of declining productivity may be more
pronounced in less-productive ecosystems. Lake Erie is naturally
more productive relative to the other North American Great
Lakes because it is warmer, shallower, and has a naturally
nutrient-rich watershed (Dove and Chapra 2015). Consequently,
even its lowest levels of productivity can support high fishery

yields. By contrast, in more oligotrophic ecosystems, reductions
in nutrient inputs can have much stronger negative impacts on
total fishery yields (e.g., Rellstab et al. 2007, Bunnell et al. 2014,
Baer et al. 2017, Rook et al. 2021). Nutrient abatement efforts in
these lower productivity ecosystems may therefore have a greater
potential to harm fisheries than what we have shown here for Lake
Erie.  

Additionally, the presence of other anthropogenic stressors could
alter expected yield-productivity relationships. For example, lake
whitefish and other similar salmonids require both well-
oxygenated and cold-water habitat (Hartman 1972, Ludsin et al.
2001, Müller and Stadelmann 2004), thus their survival depends
on optimal productivity and temperature. Progressing climate
change may therefore inhibit the recovery of these cold-water taxa
even if  nutrient inputs are reduced (Jeppesen et al. 2012,
Collingsworth et al. 2017). Invasive species could also disrupt
expected responses by suppressing yields through negative inter-
specific interactions (e.g., invasive parasites; Brant 2019) or by
disrupting the transfer of primary productivity to higher trophic
levels (e.g., invasive omnivores; Sinclair and Arnott 2015, Kao et
al. 2018). These complexities highlight the need to consider the
unique context of each ecosystem to forecast whether planned
nutrient abatement efforts will induce trade-offs against different
fisheries.

NEED FOR ECOSYSTEM-BASED MANAGEMENT
Managing anthropogenic nutrient inputs in multi-service aquatic
ecosystems requires continued movement toward ecosystem-
based management. This approach seeks to identify linkages
among the important components of an ecosystem, quantify
trade-offs across different management objectives, and facilitate
transparent discussions among agencies and end users to balance
multiple ecosystem services (Berkes 2012, Link and Marshak
2022). Adopting such a holistic management approach is
complicated, however, because the various natural- and human-
related sectors of aquatic ecosystems (e.g., water quality, fisheries,
tourism, agriculture, industry, etc.) are often managed by different
agencies. The mandates of these agencies do not necessarily
overlap, such as those mandated to maintain water potability and
beach safety (e.g., U.S. Environmental Protection Agency) versus
those mandated to sustain the commercial or recreational yields
of individual fish species (e.g., fishery management agencies).
This more traditional, sectorial approach to aquatic ecosystem
management can prevent agencies from cooperating,
communicating, and sharing information, which is necessary to
identify and resolve trade-offs. Sectorial approaches can even
create conflicts and inter-agency competition that is detrimental
to effective management (Granek et al. 2010, Alexander and
Haward 2019). Such issues can only be overcome by creating
governance structures that require agencies with different
mandates to communicate and collaborate to identify solutions
to their shared problems (Rosenberg and McLeod 2005,
Alexander and Haward 2019). If  implemented well, these
collaborations would consider the needs of multiple end users
from the outset, including water and fishery managers, lake users,
anglers, commercial fishers, and Indigenous peoples (Lapointe et
al. 2014). Ideally these collaborations would also support research
identifying linkages between nutrient abatement efforts and
fishery yields (e.g., via food web modeling; Heymans et al. 2016)
and would establish cooperative long-term monitoring programs
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to collect the data necessary to inform these linkages (e.g., by
directly measuring productivity; Hecky and DePinto 2020).
Additionally, cooperative approaches to ecosystem management
help to ensure that unanticipated outcomes or “ecological
surprises” (Paine et al. 1998) that can disenfranchise end-user
groups are kept to a minimum or avoided completely.  

An additional complication to navigating trade-offs, which are
always value-based, is that these values are changing through time
owing to changing environmental contexts (e.g., climate change;
Glibert 2020, Meerhoff et al. 2022) and societal expectations (e.g.,
“shifting” or “sliding” baselines; Pauly 1995, Dayton et al. 1998).
Ecosystem-based management efforts should therefore also
periodically re-assess the value of different ecosystem services. Such
value shifts have already occurred in many anthropogenically
impacted aquatic ecosystems. For instance, much of Lake Erie’s
regional culture, livelihoods, and economies now depend on
eutrophication-tolerant walleye and yellow perch. However, these
species only became important after other fisheries were decimated
by multiple anthropogenic stressors, including eutrophication,
overexploitation, and invasive species. This modern social-
ecological system, combined with our case study of potential
fishery-water quality trade-offs, raises critical questions: (1) Does
an optimal level of productivity that achieves all management
objectives exist? If  not, (2) do we prioritize currently valuable
eutrophication-tolerant taxa over other species, while deprioritizing
water quality objectives that may harm these fisheries? Or, (3) do
we manage for the cleanest water possible, rehabilitate
eutrophication-intolerant taxa (e.g., stocking salmonids like
Coregonus spp.; Schmitt et al. 2020), and accept potential
reductions in currently valued fisheries? These questions are
difficult to answer and, combined with historical and ongoing
temporal shifts in the value of different aquatic ecosystem services,
further highlight the wickedness of trying to simultaneously
balance multiple fisheries and water quality objectives. Continued
movement toward ecosystem-based management that considers
different end-user values, that better aligns different agency
mandates and governance structures, and that helps base
management decision making on a scientific understanding of
ecosystem trade-offs will be key to navigating through such wicked
management problems.

Author Contributions:

JSS wrote the majority of the manuscript with input and editing from
all authors. EDR provided diatom and chlorophyll a productivity data
for Lake Erie. MEF and SAL provided funding and supervision.

Acknowledgments:

This research was funded by the Great Lakes Fishery Commission
(grants: 2019-FRA-440800 and 2010-LUD-44010) and by funding
awarded to the Cooperative Institute for Great Lakes Research
(CIGLR) through the National Oceanic and Atmospheric
Administration (NOAA) Cooperative Agreement with the University
of Michigan (NA17OAR4320152). The diatom-based phosphorus
model and fossil interpretations used in Appendix 1 were funded by
the U.S. Environmental Protection Agency (EPA) under Cooperative
Agreements GL-00E23101 and GL-00E0198. The research described

in this article has not been subjected to US EPA review.
We dedicate this work to the memory of our co-author, Dr. Michael
Fraker. He was a great collaborator and friend who cared deeply
about this research. We will miss you.

Data Availability:

All data is publicly available from the Dryad Digital Repository at
https://doi.org/10.5061/dryad.0gb5mkm6t.

LITERATURE CITED
Alexander, K. A., and M. Haward. 2019. The human side of
marine ecosystem-based management (EBM): ‘Sectoral
interplay’ as a challenge to implementing EBM. Marine Policy
101:33-38. https://doi.org/10.1016/j.marpol.2018.12.019  

Anders, P. J., and K. I. Ashley. 2007. The clear-water paradox of
aquatic ecosystem restoration. Fisheries 32(3):125-128. https://
doi.org/10.1577/1548-8446(2007)32[125:TWPOAE]2.0.CO;2  

Applegate, V. C., and H. D. Van Meter. 1970. A brief  history of
commercial fishing in Lake Erie. U.S. Department of the Interior,
U.S. Fish and Wildlife Service, Bureau of Commercial Fisheries,
USA.  

Baer, J., R. Eckmann, R. Rösch, R. Arlinghaus, and A. Brinker.
2017. Managing Upper Lake Constance fishery in a multi-sector
policy landscape: beneficiary and victim of a century of
anthropogenic trophic change. Pages 32-47 in A. M. Song, S. D.
Bower, P. Onyango, S. J. Cooke, and R. Chuenpagdee, editors.
Inter-sectoral governance of inland fisheries. Too Big To Ignore
(TBTI) Publication Series, St. John’s, Newfoundland, Canada.  

Baker, D. B., L. T. Johnson, R. B. Confesor, J. P. Crumrine, T.
Guo, and N. F. Manning. 2019. Needed: early-term adjustments
for Lake Erie phosphorus target loads to address western basin
cyanobacterial blooms. Journal of Great Lakes Research 45
(2):203-211. https://doi.org/10.1016/j.jglr.2019.01.011  

Berkes, F. 2012. Implementing ecosystem-based management:
evolution or revolution? Fish and Fisheries 13(4):465-476. https://
doi.org/10.1111/j.1467-2979.2011.00452.x  

Brant, C. 2019. Great Lakes sea lamprey: the 70 year war on a
biological invader. The University of Michigan Press, Ann Arbor,
Michigan, USA. https://doi.org/10.3998/mpub.10209106  

Breitburg, D. 2002. Effects of hypoxia, and the balance between
hypoxia and enrichment, on coastal fishes and fisheries. Estuaries
25(4):767-781. https://doi.org/10.1007/BF02804904  

Breitburg, D. L., J. K. Craig, R. S. Fulford, K. A. Rose, W. R.
Boynton, D. C. Brady, B. J. Ciotti, R. J. Diaz, K. D. Friedland, J.
D. Hagy, D. R. Hart, A. H. Hines, E. D. Houde, S. E. Kolesar, S.
W. Nixon, J. A. Rice, D. H. Secor, and T. E. Targett. 2009. Nutrient
enrichment and fisheries exploitation: interactive effects on
estuarine living resources and their management. Hydrobiologia
629(1):31-47. https://doi.org/10.1007/s10750-009-9762-4  

Bridgeman, T. B., D. W. Schloesser, and A. E. Krause. 2006.
Recruitment of Hexagenia mayfly nymphs in western Lake Erie
linked to environmental variability. Ecological Applications 16
(2):601-611. https://doi.org/10.1890/1051-0761(2006)016[0601:
ROHMNI]2.0.CO;2  

https://www.ecologyandsociety.org/vol28/iss3/art10/
https://doi.org/10.5061/dryad.0gb5mkm6t
https://doi.org/10.1016%2Fj.marpol.2018.12.019
https://doi.org/10.1577%2F1548-8446%282007%2932%5B125%3ATWPOAE%5D2.0.CO%3B2
https://doi.org/10.1577%2F1548-8446%282007%2932%5B125%3ATWPOAE%5D2.0.CO%3B2
https://doi.org/10.1016%2Fj.jglr.2019.01.011
https://doi.org/10.1111%2Fj.1467-2979.2011.00452.x
https://doi.org/10.1111%2Fj.1467-2979.2011.00452.x
https://doi.org/10.3998%2Fmpub.10209106
https://doi.org/10.1007%2FBF02804904
https://doi.org/10.1007/s10750-009-9762-4
https://doi.org/10.1890%2F1051-0761%282006%29016%5B0601%3AROHMNI%5D2.0.CO%3B2
https://doi.org/10.1890%2F1051-0761%282006%29016%5B0601%3AROHMNI%5D2.0.CO%3B2


Ecology and Society 28(3): 10
https://www.ecologyandsociety.org/vol28/iss3/art10/

Bunnell, D. B., R. P. Barbiero, S. A. Ludsin, C. P. Madenjian, G.
J. Warren, D. M. Dolan, T. O. Brenden, R. Briland, O. T. Gorman,
J. X. He, T. H. Johengen, B. F. Lantry, B. M. Lesht, T. F. Nalepa,
S. C. Riley, C. M. Riseng, T. J. Treska, I. Tsehaye, M. G. Walsh,
D. M. Warner, and B. C. Weidel. 2014. Changing ecosystem
dynamics in the Laurentian Great Lakes: bottom-up and top-
down regulation. BioScience 64(1):26-39. https://doi.org/10.1093/
biosci/bit001  

Caddy, J. F. 1993. Toward a comparative evaluation of human
impacts on fishery ecosystems of enclosed and semi‐enclosed seas.
Reviews in Fisheries Science 1(1):57-95. https://doi.
org/10.1080/10641269309388535  

Capuzzo, E., C. P. Lynam, J. Barry, D. Stephens, R. M. Forster,
N. Greenwood, A. McQuatters-Gollop, T. Silva, S. M. van
Leeuwen, and G. H. Engelhard. 2018. A decline in primary
production in the North Sea over 25 years, associated with
reductions in zooplankton abundance and fish stock recruitment.
Global Change Biology 24(1):e352-e364. https://doi.org/10.1111/
gcb.13916  

Carreon-Martinez, L. B., K. W. Wellband, T. B. Johnson, S. A.
Ludsin, and D. D. Heath. 2014. Novel molecular approach
demonstrates that turbid river plumes reduce predation mortality
on larval fish. Molecular Ecology 23(21):5366-5377. https://doi.
org/10.1111/mec.12927  

Collingsworth, P. D., D. B. Bunnell, M. W. Murray, Y.-C. Kao, Z.
S. Feiner, R. M. Claramunt, B. M. Lofgren, T. O. Höök, and S.
A. Ludsin. 2017. Climate change as a long-term stressor for the
fisheries of the Laurentian Great Lakes of North America.
Reviews in Fish Biology and Fisheries 27(2):363-391. https://doi.
org/10.1007/s11160-017-9480-3  

Dayton, P. K., M. J. Tegner, P. B. Edwards, and K. L. Riser. 1998.
Sliding baselines, ghosts, and reduced expectations in kelp forest
communities. Ecological Applications 8(2):309-322. https://doi.
org/10.1890/1051-0761(1998)008[0309:SBGARE]2.0.CO;2  

DeFries, R., and H. Nagendra. 2017. Ecosystem management as
a wicked problem. Science 356(6335):265-270. https://doi.
org/10.1126/science.aal1950  

Dolan, D. M., and K. P. McGunagle. 2005. Lake Erie total
phosphorus loading analysis and update: 1996–2002. Journal of
Great Lakes Research 31:11-22. https://doi.org/10.1016/
S0380-1330(05)70301-4  

Dove, A., and S. C. Chapra. 2015. Long-term trends of nutrients
and trophic response variables for the Great Lakes. Limnology
and Oceanography 60(2):696-721. https://doi.org/10.1002/
lno.10055  

Fang, C., K. Song, H. W. Paerl, P.-A. Jacinthe, Z. Wen, G. Liu,
H. Tao, X. Xu, T. Kutser, Z. Wang, H. Duan, K. Shi, Y. Shang,
L. Lyu, S. Li, Q. Yang, D. Lyu, D. Mao, B. Zhang, S. Cheng, and
Y. Lyu. 2022. Global divergent trends of algal blooms detected
by satellite during 1982-2018. Global Change Biology 28
(7):2327-2340. https://doi.org/10.1111/gcb.16077  

Fraker, M. E., J. S. Sinclair, K. T. Frank, J. M. Hood, and S. A.
Ludsin. 2022. Temporal scope influences ecosystem driver-
response relationships: a case study of Lake Erie with implications
for ecosystem-based management. Science of The Total
Environment 813:152473. https://doi.org/10.1016/j.scitotenv.2021.152473  

Glibert, P. M. 2020. Harmful algae at the complex nexus of
eutrophication and climate change. Harmful Algae 91:101583.
https://doi.org/10.1016/j.hal.2019.03.001  

Glibert, P. M., and M. A. Burford. 2017. Globally changing
nutrient loads and harmful algal blooms: recent advances, new
paradigms, and continuing challenges. Oceanography 30
(1):58-69. https://doi.org/10.5670/oceanog.2017.110  

Granek, E. F., S. Polasky, C. V. Kappel, D. J. Reed, D. M. Stoms,
E. W. Koch, C. J. Kennedy, L. A. Cramer, S. D. Hacker, E. B.
Barbier, S. Aswani, M. Ruckelshaus, G. M. E. Perillo, B. R.
Silliman, N. Muthiga, D. Bael, and E. Wolanski. 2010. Ecosystem
services as a common language for coastal ecosystem-based
management. Conservation Biology 24(1):207-216. https://doi.
org/10.1111/j.1523-1739.2009.01355.x  

Great Lakes Water Quality Agreement Nutrients Annex
Subcommittee (GLWQA NAS). 2019. Lake Erie binational
phosphorus reduction strategy. Environment and Climate
Change Canada, Gatineau, Quebec, Canada. https://
publications.gc.ca/site/eng/9.874643/publication.html  

Hartman, W. L. 1972. Lake Erie: effects of exploitation,
environmental changes and new species on the fishery resources.
Journal of the Fisheries Board of Canada 29:899-912. https://doi.
org/10.1139/f72-133  

Hecky, R. E., and J. V. DePinto. 2020. Understanding declining
productivity in the offshore regions of the Great Lakes. Page 62.
International Joint Commission, Windsor, Ontario, Canada.  

Heymans, J. J., M. Coll, J. S. Link, S. Mackinson, J. Steenbeek,
C. Walters, and V. Christensen. 2016. Best practice in ecopath
with ecosim food-web models for ecosystem-based management.
Ecological Modelling 331:173-184. https://doi.org/10.1016/j.
ecolmodel.2015.12.007  

Hondorp, D. W., D. L. Breitburg, and L. A. Davias. 2010.
Eutrophication and fisheries: separating the effects of nitrogen
loads and hypoxia on the pelagic-to-demersal ratio and other
measures of landings composition. Marine and Coastal Fisheries
2(1):339-361. https://doi.org/10.1577/C09-020.1  

Hossain, M., G. B. Arhonditsis, J. A. Hoyle, R. G. Randall, and
M. A. Koops. 2019. Nutrient management and structural shifts
in fish assemblages: lessons learned from an area of concern in
Lake Ontario. Freshwater Biology 64(5):967-983. https://doi.
org/10.1111/fwb.13278  

International Joint Commission (IJC). 2015. Recommended
phosphorus loading targets for Lake Erie. Annex 4 Objectives and
Targets Task Team Final Report to the Nutrients Annex
Subcommittee. https://www.epa.gov/sites/default/files/2015-06/
documents/report-recommended-phosphorus-loading-targets-lake-
erie-201505.pdf  

Jacobson, P. C., G. J. A. Hansen, B. J. Bethke, and T. K. Cross.
2017. Disentangling the effects of a century of eutrophication
and climate warming on freshwater lake fish assemblages. PLoS
ONE 12(8):e0182667. https://doi.org/10.1371/journal.pone.0182667  

Jeppesen, E., T. Mehner, I. J. Winfield, K. Kangur, J. Sarvala, D.
Gerdeaux, M. Rask, H. J. Malmquist, K. Holmgren, P. Volta, S.
Romo, R. Eckmann, A. Sandström, S. Blanco, A. Kangur, H.
Ragnarsson Stabo, M. Tarvainen, A.-M. Ventelä, M.

https://doi.org/10.1093%2Fbiosci%2Fbit001
https://doi.org/10.1093%2Fbiosci%2Fbit001
https://doi.org/10.1080%2F10641269309388535
https://doi.org/10.1080%2F10641269309388535
https://doi.org/10.1111%2Fgcb.13916
https://doi.org/10.1111%2Fgcb.13916
https://doi.org/10.1111%2Fmec.12927
https://doi.org/10.1111%2Fmec.12927
https://doi.org/10.1007%2Fs11160-017-9480-3
https://doi.org/10.1007%2Fs11160-017-9480-3
https://doi.org/10.1890%2F1051-0761%281998%29008%5B0309%3ASBGARE%5D2.0.CO%3B2
https://doi.org/10.1890%2F1051-0761%281998%29008%5B0309%3ASBGARE%5D2.0.CO%3B2
https://doi.org/10.1126%2Fscience.aal1950
https://doi.org/10.1126%2Fscience.aal1950
https://doi.org/10.1016%2FS0380-1330%2805%2970301-4
https://doi.org/10.1016%2FS0380-1330%2805%2970301-4
https://doi.org/10.1002%2Flno.10055
https://doi.org/10.1002%2Flno.10055
https://doi.org/10.1111%2Fgcb.16077
https://doi.org/10.1016%2Fj.scitotenv.2021.152473
https://doi.org/10.1016%2Fj.hal.2019.03.001
https://doi.org/10.5670%2Foceanog.2017.110
https://doi.org/10.1111%2Fj.1523-1739.2009.01355.x
https://doi.org/10.1111%2Fj.1523-1739.2009.01355.x
https://publications.gc.ca/site/eng/9.874643/publication.html
https://publications.gc.ca/site/eng/9.874643/publication.html
https://doi.org/10.1139%2Ff72-133
https://doi.org/10.1139%2Ff72-133
https://doi.org/10.1016%2Fj.ecolmodel.2015.12.007
https://doi.org/10.1016%2Fj.ecolmodel.2015.12.007
https://doi.org/10.1577%2FC09-020.1
https://doi.org/10.1111%2Ffwb.13278
https://doi.org/10.1111%2Ffwb.13278
https://www.epa.gov/sites/default/files/2015-06/documents/report-recommended-phosphorus-loading-targets-lake-erie-201505.pdf
https://www.epa.gov/sites/default/files/2015-06/documents/report-recommended-phosphorus-loading-targets-lake-erie-201505.pdf
https://www.epa.gov/sites/default/files/2015-06/documents/report-recommended-phosphorus-loading-targets-lake-erie-201505.pdf
https://doi.org/10.1371%2Fjournal.pone.0182667
https://www.ecologyandsociety.org/vol28/iss3/art10/


Ecology and Society 28(3): 10
https://www.ecologyandsociety.org/vol28/iss3/art10/

Søndergaard, T. L. Lauridsen, and M. Meerhoff. 2012. Impacts
of climate warming on the long-term dynamics of key fish species
in 24 European lakes. Hydrobiologia 694(1):1-39. https://doi.
org/10.1007/s10750-012-1182-1  

Jeppesen, E., J. Peder Jensen, M. Søndergaard, T. Lauridsen, and
F. Landkildehus. 2000. Trophic structure, species richness and
biodiversity in Danish lakes: changes along a phosphorus
gradient. Freshwater Biology 45(2):201-218. https://doi.
org/10.1046/j.1365-2427.2000.00675.x  

Jeppesen, R., M. Rodriguez, J. Rinde, J. Haskins, B. Hughes, L.
Mehner, and K. Wasson. 2018. Effects of hypoxia on fish survival
and oyster growth in a highly eutrophic estuary. Estuaries and
Coasts 41(1):89-98. https://doi.org/10.1007/s12237-016-0169-y  

Jonsson, B., N. Jonsson, and O. Ugedal. 2011. Production of
juvenile salmonids in small Norwegian streams is affected by
agricultural land use. Freshwater Biology 56(12):2529-2542.
https://doi.org/10.1111/j.1365-2427.2011.02678.x  

Kane, D. D., J. D. Conroy, R. P. Richards, D. B. Baker, and D. A.
Culver. 2014. Re-eutrophication of Lake Erie: correlations
between tributary nutrient loads and phytoplankton biomass.
Journal of Great Lakes Research 40(3):496-501. https://doi.
org/10.1016/j.jglr.2014.04.004  

Kao, Y.-C., M. W. Rogers, and D. B. Bunnell. 2018. Evaluating
stocking efficacy in an ecosystem undergoing oligotrophication.
Ecosystems 21(4):600-618. https://doi.org/10.1007/s10021-017-0173-5  

Koenker, R. 2021. quantreg: Quantile Regression.  

Lapointe, N. W. R., S. J. Cooke, J. G. Imhof, D. Boisclair, J. M.
Casselman, R. A. Curry, O. E. Langer, R. L. McLaughlin, C. K.
Minns, J. R. Post, M. Power, J. B. Rasmussen, J. D. Reynolds, J.
S. Richardson, and W. M. Tonn. 2014. Principles for ensuring
healthy and productive freshwater ecosystems that support
sustainable fisheries. Environmental Reviews 22(2):110-134.
https://doi.org/10.1139/er-2013-0038  

Levin, P. S., M. J. Fogarty, S. A. Murawski, and D. Fluharty. 2009.
Integrated ecosystem assessments: developing the scientific basis
for ecosystem-based management of the ocean. PLoS Biology 7
(1):e1000014. https://doi.org/10.1371/journal.pbio.1000014  

Lindeman, R. L. 1942. The trophic-dynamic aspect of ecology.
Ecology 23(4):399-417. https://doi.org/10.2307/1930126  

Link, J. S., and A. R. Marshak. 2022. Ecosystem-based fisheries
management: progress, importance, and impacts in the United
States. Oxford University Press, Oxford, UK. https://doi.
org/10.1093/oso/9780192843463.001.0001  

Ludsin, S. A., M. W. Kershner, K. A. Blocksom, R. L. Knight,
and R. A. Stein. 2001. Life after death in Lake Erie: nutrient
controls drive fish species richness, rehabilitation. Ecological
Applications 11(3):731-746. https://doi.org/10.1890/1051-0761
(2001)011[0731:LADILE]2.0.CO;2  

Ludsin, S. A., X. Zhang, S. B. Brandt, M. R. Roman, W. C.
Boicourt, D. M. Mason, and M. Costantini. 2009. Hypoxia-
avoidance by planktivorous fish in Chesapeake Bay: implications
for food web interactions and fish recruitment. Journal of

Experimental Marine Biology and Ecology 381:S121-S131.
https://doi.org/10.1016/j.jembe.2009.07.016  

MacDonald, G. K., H. P. Jarvie, P. J. A. Withers, D. G. Doody,
B. L. Keeler, P. M. Haygarth, L. T. Johnson, R. W. McDowell, M.
K. Miyittah, S. M. Powers, A. N. Sharpley, J. Shen, D. R. Smith,
M. N. Weintraub, and T. Zhang. 2016. Guiding phosphorus
stewardship for multiple ecosystem services. Ecosystem Health
and Sustainability 2(12):e01251. https://doi.org/10.1002/ehs2.1251  

Maceina, M. J., and D. R. Bayne. 2001. Changes in the black bass
community and fishery with oligotrophication in West Point
Reservoir, Georgia. North American Journal of Fisheries
Management 21(4):745-755. https://doi.org/10.1577/1548-8675
(2001)0212.0.CO;2  

Makarewicz, J. C., and P. Bertram. 1991. Evidence for the
restoration of the Lake Erie ecosystem: water quality, oxygen
levels, and pelagic function appear to be improving. BioScience
41(4):216-223. https://doi.org/10.2307/1311411  

Marcek, B. J., T. M. Farmer, E. A. Marschall, G. Petris, and S. A.
Ludsin. 2021. Ecosystem change as a driver of fish recruitment
dynamics: a case study of two Lake Erie yellow perch populations.
Freshwater Biology 66(6):1149-1168. https://doi.org/10.1111/
fwb.13707  

Marshak, A. R., and J. S. Link. 2021. Primary production
ultimately limits fisheries economic performance. Scientific
Reports 11:12154. https://doi.org/10.1038/s41598-021-91599-0  

Maúre, E. de R., G. Terauchi, J. Ishizaka, N. Clinton, and M.
DeWitt. 2021. Globally consistent assessment of coastal
eutrophication. Nature Communications 12:6142. https://doi.
org/10.1038/s41467-021-26391-9  

Meerhoff, M., J. Audet, T. A. Davidson, L. De Meester, S. Hilt,
S. Kosten, Z. Liu, N. Mazzeo, H. Paerl, M. Scheffer, and E.
Jeppesen. 2022. Feedback between climate change and
eutrophication: revisiting the allied attack concept and how to
strike back. Inland Waters 12(2):187-204. https://doi.
org/10.1080/20442041.2022.2029317  

Müller, R., M. Breitenstein, M. M. Bia, C. Rellstab, and A.
Kirchhofer. 2007. Bottom-up control of whitefish populations in
ultra-oligotrophic Lake Brienz. Aquatic Sciences 69(2):271-288.
https://doi.org/10.1007/s00027-007-0874-5  

Müller, R., and P. Stadelmann. 2004. Fish habitat requirements
as the basis for rehabilitation of eutrophic lakes by oxygenation.
Fisheries Management and Ecology 11(3-4):251-260. https://doi.
org/10.1111/j.1365-2400.2004.00393.x  

Nguyen, T. V., L. Ravn-Jonsen, and N. Vestergaard. 2016.
Marginal damage cost of nutrient enrichment: the case of the
Baltic Sea. Environmental and Resource Economics 64:109-129.
https://doi.org/10.1007/s10640-014-9859-8  

Nieman, C. L., and S. M. Gray. 2019. Visual performance
impaired by elevated sedimentary and algal turbidity in walleye
Sander vitreus and emerald shiner Notropis atherinoides. Journal
of Fish Biology 95(1):186-199. https://doi.org/10.1111/jfb.13878  

Nixon, S. W., and B. A. Buckley. 2002. “A strikingly rich zone”—
nutrient enrichment and secondary production in coastal marine

https://doi.org/10.1007%2Fs10750-012-1182-1
https://doi.org/10.1007%2Fs10750-012-1182-1
https://doi.org/10.1046%2Fj.1365-2427.2000.00675.x
https://doi.org/10.1046%2Fj.1365-2427.2000.00675.x
https://doi.org/10.1007%2Fs12237-016-0169-y
https://doi.org/10.1111%2Fj.1365-2427.2011.02678.x
https://doi.org/10.1016%2Fj.jglr.2014.04.004
https://doi.org/10.1016%2Fj.jglr.2014.04.004
https://doi.org/10.1007%2Fs10021-017-0173-5
https://doi.org/10.1139%2Fer-2013-0038
https://doi.org/10.1371%2Fjournal.pbio.1000014
https://doi.org/10.2307%2F1930126
https://doi.org/10.1093%2Foso%2F9780192843463.001.0001
https://doi.org/10.1093%2Foso%2F9780192843463.001.0001
https://doi.org/10.1890%2F1051-0761%282001%29011%5B0731%3ALADILE%5D2.0.CO%3B2
https://doi.org/10.1890%2F1051-0761%282001%29011%5B0731%3ALADILE%5D2.0.CO%3B2
https://doi.org/10.1016%2Fj.jembe.2009.07.016
https://doi.org/10.1002%2Fehs2.1251
https://doi.org/10.2307%2F1311411
https://doi.org/10.1111%2Ffwb.13707
https://doi.org/10.1111%2Ffwb.13707
https://doi.org/10.1038%2Fs41598-021-91599-0
https://doi.org/10.1038%2Fs41467-021-26391-9
https://doi.org/10.1038%2Fs41467-021-26391-9
https://doi.org/10.1080%2F20442041.2022.2029317
https://doi.org/10.1080%2F20442041.2022.2029317
https://doi.org/10.1007%2Fs00027-007-0874-5
https://doi.org/10.1111%2Fj.1365-2400.2004.00393.x
https://doi.org/10.1111%2Fj.1365-2400.2004.00393.x
https://doi.org/10.1007%2Fs10640-014-9859-8
https://doi.org/10.1111%2Fjfb.13878
https://www.ecologyandsociety.org/vol28/iss3/art10/


Ecology and Society 28(3): 10
https://www.ecologyandsociety.org/vol28/iss3/art10/

ecosystems. Estuaries 25:782-796. https://doi.org/10.1007/
BF02804905  

Oczkowski, A., and S. Nixon. 2008. Increasing nutrient
concentrations and the rise and fall of a coastal fishery: a review
of data from the Nile Delta, Egypt. Estuarine, Coastal and Shelf
Science 77(3):309-319. https://doi.org/10.1016/j.ecss.2007.11.028  

Odum, E. P., J. T. Finn, and E. H. Franz. 1979. Perturbation theory
and the subsidy-stress gradient. BioScience 29(6):349-352. https://
doi.org/10.2307/1307690  

Oglesby, R. T., J. H. Leach, and J. Forney. 1987. Potential
Stizostedion yield as a function of chlorophyll concentration with
special reference to Lake Erie. Canadian Journal of Fisheries and
Aquatic Sciences 44(S2):s166-s170. https://doi.org/10.1139/
f87-320  

O’Higgins, T. G., and A. J. Gilbert. 2014. Embedding ecosystem
services into the Marine Strategy Framework Directive:
illustrated by eutrophication in the North Sea. Estuarine, Coastal
and Shelf  Science 140:146-152. https://doi.org/10.1016/j.
ecss.2013.10.005  

Paine, R. T., M. J. Tegner, and E. A. Johnson. 1998. Compounded
perturbations yield ecological surprises. Ecosystems 1:535-545.
https://doi.org/10.1007/s100219900049  

Parsons, J. W. 1970. Walleye fishery of Lake Erie in 1943–62 with
emphasis on contributions of the 1942–61 year-classes. Journal
of the Fisheries Board of Canada 27:1475-1489. https://doi.
org/10.1139/f70-169  

Pauly, D. 1995. Anecdotes and the shifting baseline syndrome of
fisheries. Trends in Ecology & Evolution 10(10):430. https://doi.
org/10.1016/S0169-5347(00)89171-5  

Pauly, D., and V. Christensen. 1995. Primary production required
to sustain global fisheries. Nature 374(6519):255-257. https://doi.
org/10.1038/374255a0  

R Core Team. 2022. R: A language and environment for statistical
computing. R Foundation for Statistical Computing, Vienna,
Austria.  

Regier, H. A., V. C. Applegate, and R. A. Ryder. 1969. The ecology
and management of the walleye in western Lake Erie. Technical
Report No. 15. Great Lakes Fishery Commission, Ann Arbor,
Michigan, United States.  

Reichert, J. M., B. J. Fryer, K. L. Pangle, T. B. Johnson, J. T. Tyson,
A. B. Drelich, and S. A. Ludsin. 2010. River-plume use during
the pelagic larval stage benefits recruitment of a lentic fish.
Canadian Journal of Fisheries and Aquatic Sciences 67
(6):987-1004. https://doi.org/10.1139/F10-036  

Rellstab, C., V. Maurer, M. Zeh, H. R. Bürgi, and P. Spaak. 2007.
Temporary collapse of the Daphnia population in turbid and
ultra-oligotrophic Lake Brienz. Aquatic Sciences 69(2):257-270.
https://doi.org/10.1007/s00027-007-0872-7  

Roberts, J. J., T. O. Höök, S. A. Ludsin, S. A. Pothoven, H. A.
Vanderploeg, and S. B. Brandt. 2009. Effects of hypolimnetic
hypoxia on foraging and distributions of Lake Erie yellow perch.
Journal of Experimental Marine Biology and Ecology 381:S132-
S142. https://doi.org/10.1016/j.jembe.2009.07.017  

Rook, B. J., M. J. Hansen, C. A. Goldsworthy, B. A. Ray, O. T.
Gorman, D. L. Yule, and C. R. Bronte. 2021. Was historical cisco
Coregonus artedi yield consistent with contemporary recruitment
and abundance in Lake Superior? Fisheries Management and
Ecology 28(3):195-210. https://doi.org/10.1111/fme.12474  

Rook, B. J., S. J. Lenart, D. C. Caroffino, A. M. Muir, and C. R.
Bronte. 2022. A 90-year record of lake whitefish Coregonus
clupeaformis abundances in Michigan waters of the upper
Laurentian Great Lakes. Journal of Great Lakes Research 48
(6):1618-1635. https://doi.org/10.1016/j.jglr.2022.08.013  

Rosenberg, A. A., and K. L. McLeod. 2005. Implementing
ecosystem-based approaches to management for the conservation
of ecosystem services. Marine Ecology Progress Series
300:270-274. https://doi.org/10.3354/meps300270  

Ryder, R. A. 1982. The Morphoedaphic Index—use, abuse, and
fundamental concepts. Transactions of the American Fisheries
Society 111(2):154-164. https://doi.org/10.1577/1548-8659(1982)
1112.0.CO;2  

Saarinen, A., and U. Candolin. 2020. Mechanisms behind
bottom-up effects: eutrophication increases fecundity by
shortening the interspawning interval in stickleback. PeerJ 8:
e9521. https://doi.org/10.7717/peerj.9521  

Scavia, D., J. D. Allan, K. K. Arend, S. Bartell, D. Beletsky, N. S.
Bosch, S. B. Brandt, R. D. Briland, I. Daloğlu, J. V. DePinto, D.
M. Dolan, M. A. Evans, T. M. Farmer, D. Goto, H. Han, T. O.
Höök, R. Knight, S. A. Ludsin, D. Mason, A. M. Michalak, R.
Peter Richards, J. J. Roberts, D. K. Rucinski, E. Rutherford, D.
J. Schwab, T. M. Sesterhenn, H. Zhang, and Y. Zhou. 2014.
Assessing and addressing the re-eutrophication of Lake Erie:
central basin hypoxia. Journal of Great Lakes Research 40
(2):226-246. https://doi.org/10.1016/j.jglr.2014.02.004  

Scavia, D., J. V. DePinto, and I. Bertani. 2016. A multi-model
approach to evaluating target phosphorus loads for Lake Erie.
Journal of Great Lakes Research 42(6):1139-1150. https://doi.
org/10.1016/j.jglr.2016.09.007  

Schelske, C. L., E. F. Stoermer, D. J. Conley, J. A. Robbins, and
R. M. Glover. 1983. Early eutrophication in the Lower Great
Lakes. Science 222(4621):320-322. https://doi.org/10.1126/
science.222.4621.320  

Schmitt, J. D., C. S. Vandergoot, B. P. O’Malley, and R. T. Kraus.
2020. Does Lake Erie still have sufficient oxythermal habitat for
cisco Coregonus artedi? Journal of Great Lakes Research 46
(2):330-338. https://doi.org/10.1016/j.jglr.2020.01.019  

Sgro, G. V., and E. D. Reavie. 2018. Lake Erie’s ecological history
reconstructed from the sedimentary record. Journal of Great
Lakes Research 44(1):54-69. https://doi.org/10.1016/j.jglr.2017.11.002  

Sinclair, J. S., and S. E. Arnott. 2015. Effects of an invasive
consumer on zooplankton communities are unaltered by nutrient
inputs. Freshwater Biology 60(1):161-173. https://doi.org/10.1111/
fwb.12482  

Sinclair, J. S., M. E. Fraker, J. M. Hood, K. T. Frank, M. R.
DuFour, A. M. Gorman, and S. A. Ludsin. 2021. Functional traits
reveal the dominant drivers of long-term community change

https://doi.org/10.1007%2FBF02804905
https://doi.org/10.1007%2FBF02804905
https://doi.org/10.1016%2Fj.ecss.2007.11.028
https://doi.org/10.2307%2F1307690
https://doi.org/10.2307%2F1307690
https://doi.org/10.1139%2Ff87-320
https://doi.org/10.1139%2Ff87-320
https://doi.org/10.1016%2Fj.ecss.2013.10.005
https://doi.org/10.1016%2Fj.ecss.2013.10.005
https://doi.org/10.1007%2Fs100219900049
https://doi.org/10.1139%2Ff70-169
https://doi.org/10.1139%2Ff70-169
https://doi.org/10.1016%2FS0169-5347%2800%2989171-5
https://doi.org/10.1016%2FS0169-5347%2800%2989171-5
https://doi.org/10.1038%2F374255a0
https://doi.org/10.1038%2F374255a0
https://doi.org/10.1139%2FF10-036
https://doi.org/10.1007%2Fs00027-007-0872-7
https://doi.org/10.1016%2Fj.jembe.2009.07.017
https://doi.org/10.1111%2Ffme.12474
https://doi.org/10.1016%2Fj.jglr.2022.08.013
https://doi.org/10.3354%2Fmeps300270
https://doi.org/10.7717%2Fpeerj.9521
https://doi.org/10.1016%2Fj.jglr.2014.02.004
https://doi.org/10.1016%2Fj.jglr.2016.09.007
https://doi.org/10.1016%2Fj.jglr.2016.09.007
https://doi.org/10.1126%2Fscience.222.4621.320
https://doi.org/10.1126%2Fscience.222.4621.320
https://doi.org/10.1016%2Fj.jglr.2020.01.019
https://doi.org/10.1016%2Fj.jglr.2017.11.002
https://doi.org/10.1111%2Ffwb.12482
https://doi.org/10.1111%2Ffwb.12482
https://www.ecologyandsociety.org/vol28/iss3/art10/


Ecology and Society 28(3): 10
https://www.ecologyandsociety.org/vol28/iss3/art10/

across a North American Great Lake. Global Change Biology 27
(23):6232-6251. https://doi.org/10.1111/gcb.15902  

Slocombe, D. S. 1993. Implementing ecosystem-based
management: development of theory, practice, and research for
planning and managing a region. BioScience 43(9):612-622.
https://doi.org/10.2307/1312148  

Sly, P. G. 1976. Lake Erie and its basin. Journal of the Fisheries
Research Board of Canada 33(3):355-370. https://doi.
org/10.1139/f76-059  

Smith, V. H., and D. W. Schindler. 2009. Eutrophication science:
where do we go from here? Trends in Ecology & Evolution 24
(4):201-207. https://doi.org/10.1016/j.tree.2008.11.009  

St-Gelais, N. F., J.-F. Lapierre, R. Siron, and R. Maranger. 2020.
Evaluating trophic status as a proxy of aquatic ecosystem service
provisioning on the basis of guidelines. BioScience 70
(12):1120-1126. https://doi.org/10.1093/biosci/biaa099  

Stockner, J. G., E. Rydin, and P. Hyenstrand. 2000. Cultural
oligotrophication: causes and consequences for fisheries
resources. Fisheries 25(5):7-14. https://doi.org/10.1577/1548-8446
(2000)0252.0.CO;2  

Stone, J. P., K. L. Pangle, S. A. Pothoven, H. A. Vanderploeg, S.
B. Brandt, T. O. Höök, T. H. Johengen, and S. A. Ludsin. 2020.
Hypoxia’s impact on pelagic fish populations in Lake Erie: a tale
of two planktivores. Canadian Journal of Fisheries and Aquatic
Sciences 77(7):1131-1148. https://doi.org/10.1139/cjfas-2019-0265  

Sundblad, G., L. Bergström, T. Söderqvist, and U. Bergström.
2020. Predicting the effects of eutrophication mitigation on
predatory fish biomass and the value of recreational fisheries.
Ambio 49(5):1090-1099. https://doi.org/10.1007/s13280-019-01263-1  

Taabu-Munyaho, A., B. Marshall, T. Tomasson, and G.
Marteinsdottir. 2016. Nile perch and the transformation of Lake
Victoria. African Journal of Aquatic Science 41(2):127-142.
https://doi.org/10.2989/16085914.2016.1157058  

Taipale, S. J., K. K. Kahilainen, G. W. Holtgrieve, and E. T.
Peltomaa. 2018. Simulated eutrophication and browning alters
zooplankton nutritional quality and determines juvenile fish
growth and survival. Ecology and Evolution 8(5):2671-2687.
https://doi.org/10.1002/ece3.3832  

Townsend, H. 2014. Comparing and coupling a water quality and
a fisheries ecosystem model of the Chesapeake Bay for the
exploratory assessment of resource management strategies. ICES
Journal of Marine Science 71(3):703-712. https://doi.org/10.1093/
icesjms/fst060  

Vandergoot, C. S., M. D. Faust, J. T. Francis, D. W. Einhouse, R.
Drouin, C. Murray, and R. L. Knight. 2019. Back from the brink:
sustainable management of the Lake Erie walleye fishery. Pages
431-466 in C. C. Krueger, W. W. Taylor, and S. J. Youn, editors.
From catastrophe to recovery: stories of fishery management
success. American Fisheries Society, Bethesda, Maryland, USA.
https://doi.org/10.47886/9781934874554.ch18  

Ware, D. M., and R. E. Thomson. 2005. Bottom-up ecosystem
trophic dynamics determine fish production in the northeast
Pacific. Science 308(5726):1280-1284. https://doi.org/10.1126/
science.1109049  

Watson, S. B., C. Miller, G. Arhonditsis, G. L. Boyer, W.
Carmichael, M. N. Charlton, R. Confesor, D. C. Depew, T. O.
Höök, S. A. Ludsin, G. Matisoff, S. P. McElmurry, M. W. Murray,
R. Peter Richards, Y. R. Rao, M. M. Steffen, and S. W. Wilhelm.
2016. The re-eutrophication of Lake Erie: harmful algal blooms
and hypoxia. Harmful Algae 56:44-66. https://doi.org/10.1016/j.
hal.2016.04.010

https://doi.org/10.1111%2Fgcb.15902
https://doi.org/10.2307%2F1312148
https://doi.org/10.1139%2Ff76-059
https://doi.org/10.1139%2Ff76-059
https://doi.org/10.1016%2Fj.tree.2008.11.009
https://doi.org/10.1093%2Fbiosci%2Fbiaa099
https://doi.org/10.1139%2Fcjfas-2019-0265
https://doi.org/10.1007%2Fs13280-019-01263-1
https://doi.org/10.2989%2F16085914.2016.1157058
https://doi.org/10.1002%2Fece3.3832
https://doi.org/10.1093%2Ficesjms%2Ffst060
https://doi.org/10.1093%2Ficesjms%2Ffst060
https://doi.org/10.47886%2F9781934874554.ch18
https://doi.org/10.1126%2Fscience.1109049
https://doi.org/10.1126%2Fscience.1109049
https://doi.org/10.1016%2Fj.hal.2016.04.010
https://doi.org/10.1016%2Fj.hal.2016.04.010
https://www.ecologyandsociety.org/vol28/iss3/art10/


APPENDIX 1 

 

Productivity index 

 

We developed an annual (1915-2011) multi-metric index of ecosystem productivity to relate to 

annual (1915–2011) lake-wide commercial fish harvest data. We needed to create this index 

because no long-term, lakewide dataset on Lake Erie productivity currently exists. For example, 

annual estimates of phosphorus inputs into each lake basin are available (Maccoux et al. 2016), 

but these inputs do not necessarily reflect actual lake productivity and estimates only begin in 

1967, which would limit the historical perspective. By contrast, paleolimnological studies of 

sediment records have quantified long-term changes in phosphorus concentrations and 

phytoplankton since the 1900s (e.g., Schelske and Hodell 1995, Lu et al. 2010, Sgro and Reavie 

2018, Yuan et al. 2020). These datasets reflect long-term changes in lake productivity, but their 

measurements are not on an annual timescale and are typically collected from sampling sites in a 

single basin. Thus, by themselves, none of the existing datasets can comprehensively represent 

shifts in lakewide productivity. 

 

To produce a single, lakewide, annual metric of ecosystem productivity, we combined five 

datasets, each of which reflects different aspects of Lake Erie’s productivity during 1915–2011. 

Our first metric represented lakewide, annual, non-point-source phosphorus inputs (Fig. A1.1). 

To derive this metric, we started with estimates of total phosphorus (TP) loads (metric tonnes 

annually) during 1967–2013 (Maccoux et al. 2016; Fig. A1.1a). We then extended these 

estimates back to 1913 based on a strong, positive relationship between TP loads and TP 

concentrations (mg g-1) in the sediments of eastern Lake Erie (R2 = 0.78; Fig. A1.2; extracted 

from Schelske and Hodell 1995). The resulting values accurately represent past changes in lake 

productivity, but they do not capture the fact that eutrophication has intensified in recent decades 

owing to increases in more bioavailable, non-point-source phosphorous inputs primarily from 

agriculture in the Maumee River watershed (Scavia et al. 2014, Watson et al. 2016, Baker et al. 

2019; Fig. A1.1b). A more accurate representation of how phosphorus inputs have altered Lake 

Erie productivity would thus combine TP inputs from the early to mid-1900s with data on non-

point-source inputs after this period. To produce this dataset, we converted TP loads during 

1913–1973 into a rough approximation of non-point-source inputs then used annual monitoring 

data of non-point-source inputs up to 2013. For the 1913–1973 data, we assumed that non-point-

source phosphorus inputs constituted 47% of TP loads based on the average percent of TP loads 

that were non-point-source phosphorus inputs during 1974–1978 (the first five years of data). 

This proportion does change through time, evidenced by its increase in recent decades as point-

source phosphorus inputs declined (Fig. A1.3). Therefore, we are assuming that the proportion of 

point-source versus non-point-source phosphorus inputs was consistent prior to the decline in 

point-source phosphorus inputs during the late 1970s and early 1980s started by the 

implementation of the Great Lakes Water Quality Agreement (GLWQA 2015). The final metric 

of non-point phosphorus inputs from 1913–2013 therefore follows historic trends in TP inputs 

(predicted from sediment records) up to 1973, then follows trends in non-point-source inputs 

thereafter (Fig. A1.1c). Lastly, we converted the non-point-source phosphorus input metric into a 



5-year moving average from 1915–2011 (Fig. A1.1c). We used a moving average because the 

older age classes of walleye (age 3+), yellow perch (age 2+), and lake whitefish (age 3+), which 

are generally targeted by Lake Erie’s fisheries, would be responding to changes in lake 

productivity across multi-year rather than annual timescales. 

 

The last four metrics of productivity were extracted from four paleolimnological studies (Lu et 

al. 2010, Sgro and Reavie 2018, Yuan et al. 2020, Reavie et al. 2021). We chose these studies 

because they were conducted in different basins or involved different metrics, thus providing a 

more comprehensive overview of ecosystem productivity changes throughout the lake. We used 

data on sediment TP concentrations (mg g-1) in the western basin during 1915–2008 (Yuan et al. 

2020; Fig. A1.4b) to support the eastern basin records we used above to estimate non-point-

source inputs. We also included data on sediment total organic carbon concentration (TOC; wt%) 

in the eastern basin during 1915–2003 (Lu et al. 2010; Fig. A1.4c) to provide a metric of 

productivity that was not based on TP. Additionally, we included data on aqueous TP 

concentrations (μg L-1) in the central basin during 1915–2011, inferred from sediment records of 

the diatom community (Sgro and Reavie 2018; Fig. A1.4d), and data on sediment chlorophyll a 

concentrations (μg g-1 dry weight) in the central basin during 1918–2011 (Reavie et al. 2021; Fig. 

A1.4e). These two metrics provided productivity values from the central basin to support our 

other eastern and western basin records, and provided productivity data derived from the biotic 

community as an added contrast to our TP- and TOC-based data. To produce annual values from 

non-annual sediment records, we predicted the value for a given year based on the linear 

relationship between the most recent previous and subsequent observations. For example, if 

observations from two parts of a sediment core were dated to 1972.5 and 1978.7 (i.e., a temporal 

resolution of about 6 years), then annual values for 1973–1978 were predicted based on the 

linear relationship between these values and time. 

 

All five productivity metrics were then converted to z-scores, i.e., centered based on their 

respective means and standard deviations, then all metrics were averaged within each year from 

1915–2011 to produce a single annual metric of Lake Erie productivity (termed the ‘productivity 

index’; Fig. A1.4f). We selected 1915 as the starting year because that is the first year of 

available fish harvest data. We chose 2011 as the end year because that is the last year for which 

we have data from more than one productivity metric. Given that the final productivity index is 

derived from an average of z-scores, it provides a proxy measurement of how the overall 

productivity of Lake Erie has changed through time based on where each year falls in terms of 

standard deviations from the long-term average. 



 
Fig. A1.1. Metrics used to produce our estimate of non-point-source phosphorus inputs during 

1915–2011. In (a), sediment records of total phosphorus (TP) concentrations (mg g-1; black line) 

indicate eutrophication began around the 1930s, peaked in the 1960s, then declined into the 

1980s (reproduced from (Schelske and Hodell 1995). Monitored TP inputs (metric tonnes; grey 

line) during 1967–2018 also strongly correlate to the later sediment trends (see Fig. A1.2). 

However, (b) although TP inputs have declined owing to efforts to abate point-source 

phosphorus inputs (red line), non-point-source phosphorus inputs and subsequent eutrophication 

have increased during recent decades primarily driven by increases in more bioavailable forms of 



total phosphorus (BTP) from the Maumee River (orange line; calculated following methods in 

(Stumpf et al. 2016). To produce an (c) annual time-series for non-point-source inputs, we 

assumed that these inputs were 47% of TP inputs prior to 1974, with annual monitored loads 

used thereafter (orange line). We then converted the annual non-point-source phosphorus inputs 

into a 5-year moving average (dashed black line) for use in our analyses (Fig. A1.4a). This 

approach ensures that temporal changes in Lake Erie productivity are represented by changes in 

TP prior to 1974, and then by monitored non-point-source inputs thereafter to better capture 

recent re-eutrophication. 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 



 
Fig. A1.2. Relationship between lakewide total phosphorus (TP) inputs (metric tonnes) into Lake 

Erie (from Maccoux et al. 2016) and sediment TP concentrations from the LE47-87 core in Lake 

Erie’s eastern basin (from Schelske and Hodell 1995) during 1967–1985. Note the log-scale on 

the y-axis. 

 

 

 

 

 



 
Fig. A1.3. Change in the proportion of total phosphorus (TP) inputs into Lake Erie that is 

comprised of non-point-source phosphorus inputs during 1974–2018 (data sourced from 

Maccoux et al. 2016). The increasing proportion of non-point-source inputs through time is 

driven by declines in point-source inputs during the 1980s through 1990s, and by increases in 

non-point-source inputs starting around the early 2000s (see Fig. A1.1b). Consequently, we used 

the average proportion across the first five years of data (1974–1978; 47%), prior to major 

declines in point-source inputs, to estimate non-point-source inputs based on estimated TP inputs 

during 1913–1973.



 
Fig. A1.4. Temporal changes in (a–e) the five metrics used to develop the (f) productivity index for Lake Erie during 1915–2011. 

Black lines in (a–e) are the annual values for each metric (methods and references detailed above), whereas in (f) it is the average 

across the scaled metrics for each year. Grey shading indicates the standard deviation of these averaged index values. The generation 

of the source data for (d) diatom-inferred phosphorus and (e) sediment chlorophyll a was supported by a grant to E. Reavie from the 

U.S. Environmental Protection Agency under Cooperative Agreement GL-00E23101-2. 
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APPENDIX 2 

 

Water quality objectives 

 

We calculated the non-point-source phosphorus input targets using different methods for each 

Lake Erie water quality objective of: (1) mitigating harmful algal blooms (HABs); (2) reducing 

bottom hypoxia; and (3) achieving mesotrophic conditions in the western and central basins and 

oligotrophic conditions in the eastern basin (Dove and Chapra 2015, LEBPRS 2019). Recent 

non-point-source phosphorus inputs have averaged about 6,500 ± 1,200 (mean ± SD) metric 

tonnes annually during the last five years of most recent data (2015–2019; from Maccoux et al. 

2016 and http://www.blueaccounting.org). Conversely, point-source phosphorus inputs have 

been consistently lower, averaging about 1,300 ± 160 metric tonnes annually during the last 10 

years (2010–2019). Point-source inputs are also unlikely to decline further given the already 

extensive efforts to reduce this source of nutrient pollution, such as via wastewater treatment 

(these efforts began with the Great Lakes Water Quality Agreement in 1972; (GLWQA 2015). 

Thus, further reductions of phosphorus inputs into Lake Erie are likely best accomplished 

through reductions in non-point-source inputs. We therefore converted each water quality 

objective into a potential range of targets for non-point-source phosphorus inputs. 

 

To reduce HABs, the Great Lakes Water Quality Agreement (GLWQA 2015) provides two 

potential targets: the first is achieving below a 3 on an index of HAB severity (above 3 is 

considered a ‘severe bloom’) and another is to reduce total phosphorus (TP) inputs by 40% of the 

quantities recorded in 2008. The HAB severity index is strongly related to the amount of 

bioavailable total phosphorus (BTP) coming from the Maumee River during May through June 

(Stumpf et al. 2016; Fig. 2.1a), which is also weakly correlated to non-point-source phosphorus 

inputs (Fig. A2.1b). Based on these relationships, achieving a HAB severity index below 3 

translates to getting BTP inputs from the Maumee River below about 235 metric tonnes 

annually, which is about 6,230 metric tonnes of non-point-source phosphorus inputs (Fig. A2.1). 

Regarding the target of 40% of 2008 TP inputs, non-point-source phosphorus inputs were 8,055 

metric tonnes in 2008 (Maccoux et al. 2016), which corresponds to a target of 4,833 metric 

tonnes. Together, these two values provide a target range for non-point-source phosphorus inputs 

of between 4,833–6,230 metric tonnes. Achieving inputs within this range should reduce HAB 

severity. 

 

To mitigate severe seasonal (summer through early fall) bottom hypoxia, a recommended target 

is 6,000 metric tonnes of TP loading across the western and central basins (Scavia et al. 2016). 

Given that reducing non-point-source phosphorus inputs is the primary method to hit this target, 

and that point-source phosphorus inputs have averaged about 1,300 ± 160 metric tonnes annually 

during 2010–2019, the 6,000 metric tonnes target translates to reducing non-point-source 

phosphorus inputs to between 4,500–4,800 metric tonnes. Note, however, that this range estimate 

is derived from lakewide loading values that include the eastern basin and is being compared to a 

target that excludes the eastern basin. This discrepancy is not too problematic because the 

majority of the lakewide loading comes from the western basin followed by the central basin. 



 

Lastly, the objective to achieve mesotrophy in Lake Erie’s western and central basins, and 

oligotrophy in the eastern basin, is not to our knowledge based on reaching any specific 

phosphorus input target. Therefore, we derived the non-point-source input targets for this 

objective from our own assessment of, and past research on, the trophic state of the lake. The last 

time the more productive basins of Lake Erie likely consistently experienced mesotrophic 

conditions was prior to cultural eutrophication that began around the mid-1930s (see Fig. 2 and 

(Sgro and Reavie 2018). Thus, non-point-source phosphorus inputs would have to be reduced to 

their pre-1935 levels, which corresponds to a target of about 2,500 ± 280 metric tonnes based on 

average non-point-source phosphorus inputs during 1915–1934 (derived from our historical non-

point-source input metric from Fig. A1.1). 

 

 

 

 

 

 

 

 

 

 

 



 
Fig. A2.1. Relationships between the amount of bioavailable total phosphorus (BTP; metric 

tonnes) from the Maumee River (Ohio, USA) and (a) annual harmful algal bloom (HAB) 

severity (2002–2019), and (b) annual lake-wide non-point total phosphorus (TP) inputs (metric 

tonnes; 1975–2018) in Lake Erie. HAB severity data were obtained from the National Oceanic 

and Atmospheric Administration through http://www.blueaccounting.org. The red line in (a) 

indicates a HAB severity threshold of 3, which corresponds to ~235 metric tonnes of BTP (grey 

line). Based on its relationship to non-point-source inputs, (b) ~235 metric tonnes of BTP (grey 

line) corresponds to 6,230 metric tonnes of non-point-source phosphorus inputs (green line). 
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APPENDIX 3 

 

Bootstrapping of the productivity index and fish harvest 

 

Both the productivity index and our harvest data have some additional complexity. The index 

broadly tracks known changes in the productivity of Lake Erie, but there is some potential 

variability in the exact values because the width of its standard deviation changes through time 

owing to interannual variability across its composite metrics. For example, its standard deviation 

is wider during the 1940s (Fig. A3.1) because sediment TP and TOC records indicate that 

productivity was generally low during this period, whereas the diatom community and 

chlorophyll a metrics suggest that productivity was higher. Similarly, harvest broadly tracks the 

historical highs and lows of each population, but the inter-annual relationship is much weaker. 

For example, using estimated population sizes for each species that are available for recent 

decades, we find a great deal of potential variability in their relationships to harvest (Fig. A3.2). 

While these issues are more concerned with shorter-term accuracy in individual year values 

rather than our focus on broad decadal historical changes, it would still help to confirm that our 

results are unchanged when this variability is considered. 

 

To do so, we generated 1,000 new productivity indices and 1,000 estimates of the annual 

population size of each species (based on their relationship to harvest) and then related the 

estimated population sizes to the productivity indices to determine if the overall relationships 

remained unchanged. The new annual index values were randomly selected from a Gaussian 

distribution with a mean and standard deviation respectively equal to the productivity index 

value and its standard deviation in each year. We repeated this process 1,000 times to generate 

1,000 indices. The relationship between population size and harvest was modeled using a 

Generalized Additive Model (GAM) with a smoothed term for harvest and a basis dimension (k) 

of five to ensure that relationships were not too wiggly. We then randomly selected the annual 

values for the population size of each species from a Gaussian distribution with a mean equal to 

the population size from the models predicted using the harvest value for each year and a 

standard deviation based on the standard error of the prediction. We repeated this process 1,000 

times for each species. We then used linear models to relate the 1,000 population size estimates 

for each species to the 1,000 productivity indices. These models also included a quadratic term 

for the productivity index to allow for non-linear relationships. 

 

The bootstrapped results generally exhibited the same relationships reported in our main results 

(i.e., in Fig. 3): (1) lake whitefish harvest tended to be negatively related to ecosystem 

productivity (Fig. A3.3a); (2) walleye harvest tended to be unimodally related to ecosystem 

productivity (Fig. A3.3b); and (3) yellow perch harvest tended to be positively related to 

ecosystem productivity (Fig. A3.3c). There is a high degree of uncertainly in the tails of all of 

these relationships because the models are limited to the last 30–50 years of data, whereas the 

harvest data used for the predictions comes from the last century. The historical harvest values 

therefore often fall outside the bounds of the modeled relationships. For example, lake whitefish 

harvests were close to zero during the 1970s when eutrophication was at its most severe, but 



such low harvests have not occurred since population monitoring began in the 1990s. 

Consequently, when using the low harvests from the 1970s to predict population size, the 

resulting estimates are highly variable because the harvest values lay far outside the range of the 

modeled relationships. 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 



 
Fig. A3.1. Mean (black line) and standard deviation (grey shading) of the productivity index 

during 1915–2011. 



 
Fig. A3.2. Association between commercial harvest (kg) and the estimated size of the adult 

populations of (a) lake whitefish (age-3+ during 1994–2015), (b) walleye (age-3+ during 1969–

2015), and (c) yellow perch (age-2+ during 1960–2015) in Lake Erie. Population sizes were 

estimated by the Lake Erie Management Unit of the Ontario Ministry of Natural Resources and 

Forestry (lake whitefish) and by the Ohio Department of Natural Resources-Division of Wildlife 

(walleye and yellow perch). These estimates were derived from statistical catch-at-age models 



that include both fisheries-dependent commercial and sport harvest data, and fisheries-

independent gill net assessment surveys. 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 



 
Fig. A3.3. Relationships between 1,000 sets of annual predicted values of the population size of 

(a) lake whitefish, (b) walleye, and (c) yellow perch (based on GAM models in Fig. A3.2) and 

1,000 different productivity indices during 1915-2011. Lake whitefish are generally negatively 

correlated to productivity, whereas walleye generally exhibit a unimodal relationship and yellow 

perch tend to be positively related. 
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