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Abstract. Understanding patterns of biodiversity is a key goal of ecology and is especially pressing in the
current human-caused biodiversity crisis. In wetland ecosystems, human impacts are centered around hydro-
logic manipulation including the common practice of wetland diking and impoundment. Constraining how
wetland management influences plant biodiversity patterns across spatial scales will provide information on
how best to modify actions to preserve biodiversity and ecosystem function in managed wetlands. Here, we
compare patterns of plant diversity and species presence, abundance, and community composition at several
spatial scales among tidal wetlands along an estuarine salinity gradient and managed wetlands that were for-
merly tidal. Managed impounded wetlands had decreased alpha and gamma diversity of rare species, with
less than 60% of the species richness found in tidal brackish wetlands at several spatial scales. There was little
change in the overall pattern of alpha, beta, and gamma diversity for common species in impounded wet-
lands; however, dominant tidal brackish species, primarily perennial rhizomatous graminoids, were replaced
with management target plants and non-native annual grasses in impounded wetlands. This species replace-
ment led to over 60% of impounded sites being classified as containing novel plant assemblages. An addi-
tional 25% of impounded sites were classified as containing tidal saline plant assemblages, suggesting
potential soil salinization. Along the estuarine gradient, patchiness and codominance of common plant species
drove high diversity and turnover in tidal brackish wetlands, while it remains unclear whether tidal fresh or
brackish wetlands maximize rare plant diversity. With reduced species richness, altered functional dominants,
and novel or saline assemblages, impounded brackish wetlands may require careful water management to
balance native plant biodiversity, associated ecosystem processes, and waterfowl requirements.

Key words: alpha diversity; beta diversity; coastal wetland; community composition; San Francisco Bay Delta;
waterfowl management; wetland impoundment.
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INTRODUCTION

Understanding spatial and temporal patterns of
biodiversity is a key goal of ecology. Naturalists

and ecologists have been fascinated by the strik-
ing patterns of species occurrence and abundance
for millennia (Egerton 2001) and have expanded
the idea of biodiversity and how it relates to
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ecosystem function from species diversity to
functional trait and phylogenetic diversity (Dı́az
and Cabido 2001, Donoghue 2008). Methods to
rigorously quantify biodiversity patterns have
been recently refined (Jost 2007, Chao et al. 2014a)
and discussion continues on which metrics or
combinations of metrics are most appropriate to
document biodiversity change, including the pos-
sibility and utility of moving beyond single diver-
sity metrics (Hillebrand et al. 2018).

Describing the patterns and drivers underpin-
ning biodiversity is especially pressing as human
pressure on natural ecosystems increases glob-
ally (Worm et al. 2006, Cardinale et al. 2012). The
alteration of species presence, abundance, and
community composition can lead to novel or no-
analog ecosystems, with largely unknown effects
on overall ecosystem function (Hobbs et al. 2006,
Williams and Jackson 2007, Cloern et al. 2016).
Additionally, the effects on biodiversity and
ecosystem function may depend on the spatial
scale altered by human activity (Wanner et al.
2013; Gonzalez et al. 2020). If anthropogenic
impacts to biodiversity differ across spatial
scales, cross-scale studies will be necessary as the
scale of input data may determine whether
impacts to biodiversity are detectable. An under-
standing of the spatial scales at which biodiver-
sity loss is due to human activity is also crucial
to develop effective solutions to modify human
activity to reduce biodiversity conflict (Young
et al. 2010).

In wetlands, human disturbance often involves
hydrologic modifications. Wetlands have been
diked, drained, and otherwise hydrologically
manipulated for centuries across the globe
(Zedler and Kercher 2005, Gedan et al. 2009).
Investigating the response of wetland diversity
to hydrologic modification is tractable partially
because wetland plants have strong responses to
hydrologic stress (Mitsch and Gosselink 2007),
and wetlands typically have a limited pool of
foundational species, especially in estuaries
(Sharpe and Baldwin 2009). Wetlands also often
occur as discrete patches across landscapes,
allowing comparison among distinct sites that
have similar environmental drivers (Grewell
et al. 2007). Wetland impoundment, which typi-
cally changes inundation frequency and duration
and decreases salinity in coastal wetlands by
muting or reducing tidal influence, is one of the

more common practices of hydrologic manipula-
tion, often in combination with waterfowl man-
agement (Montague et al. 1987, Ackerman et al.
2014).
While impoundment effects have been studied

on the Atlantic (Portnoy and Giblin 1997, Elsey-
Quirk and Adamowicz 2016, Loder et al. 2019)
and Gulf (Nyman et al. 1993, Boumans and Day
1994) coasts of North America, the effects of wet-
land impoundment on Pacific coast plant com-
munities are still largely unknown (but see
Busnardo et al. 1992 and Sinicrope et al. 1992 for
effects on biogeochemistry). Further, although
novel community states may be expected after
impoundment, it is still unclear whether wetland
impoundment fundamentally alters how diver-
sity changes from plot to landscape scales and
whether rare or common species are the primary
drivers of changes in diversity. This gap is espe-
cially problematic considering coastal wetlands
on a large portion of the Pacific Coast have a
Mediterranean climate; coastal wetlands in
Mediterranean settings may experience inher-
ently different environmental fluctuations (e.g.,
high variability in salinity due to wet–dry season
dynamics; Takekawa et al. 2013) compared with
coastal wetlands in more humid/temperate cli-
mates. Wetland impoundment in a Mediter-
ranean estuarine setting may therefore exert
diversity effects that differ in magnitude or type
compared with impoundment in more temperate
settings.
We studied 48 nontidal managed wetlands

(hereafter “impounded wetlands”) to investigate
how waterfowl-focused management affects pat-
terns of plant diversity, species presence and
abundance, and community composition in Sui-
sun Marsh, California, USA. Here, we define
impounded wetlands as diked areas with water
control structures that can be opened or closed to
tidal waters based on management decisions. We
compared patterns of plant diversity at several
spatial scales among impounded wetlands and
tidal wetlands along an estuarine salinity gradi-
ent in the San Francisco Bay-Delta Estuary. We
asked the following: (1) How has wetland man-
agement for waterfowl habitat influenced the
overall patterns of plant diversity and the rela-
tionships between diversity and spatial scale? (2)
Are changes in diversity being driven by rare,
common, and/or dominant species? (3) How has
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management altered plant presence and abun-
dance, and is there evidence of novel assem-
blages? and (4) How can spatial patterns of
diversity, species presence and abundance, and
community composition inform impounded wet-
land water management to preserve plant diver-
sity across the broader estuarine landscape?

METHODS

Site descriptions
The San Francisco Bay-Delta is a large inland

deltaic estuary located in central California, USA
(Fig. 1). This area has a Mediterranean climate
with warm, dry summers and cool, wet winters.
The estuary contains a strong salinity gradient
from east to west with tidal freshwater wetlands
where the Sacramento and San Joaquin rivers
converge, seasonally dynamic tidal brackish wet-
lands in Suisun Marsh, and fully saline tidal wet-
lands in San Francisco Bay, each with their own
characteristic vegetation (Fig. 2). Suisun Marsh is
the largest brackish wetland complex in Califor-
nia (Moyle et al. 2014), with ~60,000 acres of total
wetland area. Of this, approximately 75% is man-
aged with water control structures as seasonal
impounded wetlands to enhance wintering

waterfowl production. Salinity in Suisun Marsh
varies seasonally and interannually due to
changes in freshwater river inflows and manage-
ment for human uses (Kimmerer et al. 2013).
We sampled impounded brackish wetlands

across Suisun Marsh; these wetlands are man-
aged by individual landowners, flooded in fall to
create shallow ponds for wintering waterfowl,
and drained in the spring. The former tidal wet-
land soils dry out by the end of the summer
(Moyle et al. 2014). We also sampled tidal wet-
lands across the estuarine salinity gradient as a
comparison to impounded wetlands: saline
marsh at San Pablo (38.12° N, 122.47° W, average
summer salinity 20.2 ppt, marsh platform aver-
age 8% flooded), brackish marsh at Rush Ranch
(38.19° N, 122.02° W, average summer salinity
7.9 ppt, marsh platform average 5% flooded),
and fresh marsh at Miner Slough (38.23° N,
121.67° W, average summer salinity 0.0 ppt,
marsh platform average 41% flooded; Fig. 1).
Tidal brackish wetlands represent the pre-man-
agement condition of impounded wetlands in
Suisun Marsh, while tidal fresh and tidal saline
wetlands represent conditions that may occur as
salinity changes in response to hydrological
management activity.

Fig. 1. Locations of San Pablo (tidal saline), Rush Ranch (tidal brackish), the Suisun Marsh Complex (im-
pounded brackish), and Miner Slough (tidal fresh) wetlands within the broader San Francisco Bay-Delta Estuary,
California, USA, and maps of site locations used in this study. Note that Rush Ranch is located within the Suisun
Marsh Complex (center panel). Small white bar in site panels represents 1 km distance.
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Data collection and sampling design
Between 2016 and 2018, we collected plant

community data using standard 0.5 × 0.5 m
quadrats along transects at sites within four dis-
tinct wetland types across the San Francisco Bay-
Delta: brackish impounded, tidal fresh, tidal
brackish, and tidal saline wetlands (Fig. 1). Sur-
veys consisted of 1–2 observers identifying every
plant to the lowest possible taxonomic level (usu-
ally species) and visually estimating percent
cover of every species present. When species
identification was uncertain, voucher specimens
were taken (physical and/or photograph vouch-
ers) for later identification using the Jepson Flora
manual (Baldwin et al. 2012a), and taxonomic
names were confirmed with Jepson eFlora (Bald-
win et al. 2012b). Species difficult to identify in
the field were grouped for standardization across
surveys, including non-flowering annual grasses
(grass spp.) and Schoenoplectus acutus and
Schoenoplectus californicus (tules).

We sampled several sites within each wetland
type: 48 brackish impounded, 2 fresh tidal, 5
brackish tidal, and 9 saline tidal sites (Fig. 1).
Within each site, we established transects to span
in situ hydrologic gradients; tidal sites were sam-
pled from low marsh fringing the main tidal
channel to the upland transition edge, and
impounded sites were sampled from low interior

pond bottoms to just below the levee berm. Tran-
sects therefore varied in length and number
depending on site-specific shape. This approach
allowed us the flexibility to capture the full vari-
ability of hydrologic conditions within a site, an
important consideration as hydrology is a strong
driver of wetland plant presence and abundance
(Mitsch and Gosselink 2007). Additionally, sam-
pling across the entire elevation gradient in
impounded sites ensured we captured variability
in hydrology despite lacking explicit hydrologic
data from individual landowners. Quadrats were
sampled every 10–25 m along each transect.
To investigate how patterns of diversity varied

across spatial scales, we aggregated data at four
scales using ArcGIS (Esri, Redlands, California,
USA). These scales differed in order of magni-
tude, with plots representing patterns at subme-
ter scales, patches representing hundreds of
square meters, sites representing hectares, and
regions representing square kilometers. Plots
consisted of individual quadrats. To ensure valid
comparisons across sites that varied in shape, we
first standardized sampling intensity so that all
sites contained ~25 plots (impounded brackish
x = 24; tidal fresh x = 23; tidal brackish x = 26;
tidal saline x = 27), sampled at the hectare scale.
Plots were randomly removed from sites that
contained higher sampling intensity than

Fig. 2. Representative plot photographs of dominant plant species found throughout San Francisco Bay-Delta
tidal wetlands and Suisun Marsh impounded wetlands. (A) Salicornia pacifica; (B) Schoenoplectus americanus; (C)
Tules (Schoenoplectus californicus and/or Schoenoplectus acutus); (D) Distichlis spicata; and (E) Sesuvium verrucosum.
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targeted. After standardization of site sampling
intensity, sites were divided into patches manu-
ally in ArcGIS, so that each patch contained ~6
plots (impounded brackish x = 6.1; tidal fresh
x = 6.6; tidal brackish x = 6.1; tidal saline
x = 6.5), sampled at the hundreds of square
meters scale. Plots were manually grouped into
patches by one analyst, as differences in site
shape presented site-specific clustering chal-
lenges.

At the region scale, we grouped sites into
nearby clusters of 5, sampled at the square kilo-
meters scale. For the contiguous tidal wetlands,
this grouping was straightforward; there were
enough sites for one tidal brackish region
(n = 129 plots) and one tidal saline region
(n = 137 plots). The tidal fresh wetland type did
not contain enough data (n = 46 plots) to form a
region and was therefore excluded from figures
and analyses at that scale. For impounded brack-
ish wetlands distributed throughout Suisun,
clustering sites into regions was more difficult.
Impounded sites that were far removed from
other sites and could not form a close cluster
were excluded from regional analysis (n = 18
sites), to avoid sampling larger spatial areas for
impounded wetlands than tidal wetlands. This
process produced 6 impounded brackish regions
(x = 125 plots). After grouping, sampling inten-
sity and relative spatial area was consistent
within all four spatial scales across wetland
types.

Patterns of diversity
Alpha, beta, and gamma.—To determine the pat-

terns of plant diversity across wetland types and
spatial scales, we calculated the effective number
of species (Hill 1973) for alpha, beta, and gamma
diversity using diversity partitioning (Jost 2007)
via package vegetarian in R version 3.6 (Charney
and Record 2012, R Core Team 2020). This
approach allows the calculation of independent
alpha- and beta-diversity metrics and is becom-
ing standard practice in ecology (Ellison 2010,
Chao et al. 2014b). Alpha diversity and gamma
diversity represent the effective number of spe-
cies; we termed the effective number of species at
the plot-, patch-, and site-scale alpha diversity,
and the effective number of species at the region-
scale gamma diversity. Beta diversity represents

the effective number of compositional units (here
termed assemblages) and was calculated within
patches, sites, and regions. Diversity metrics
were calculated on each individual plot, patch,
site, or region, and then, average diversity across
all plots, patches, sites, or regions within each
wetland type was calculated for comparisons.
All diversity metrics were calculated for order
q = 0 (species richness; all species weighted
equally and sensitive to rare species), q = 1 (ex-
ponential of Shannon’s index; all occurrences
weighted equally), and q = 2 (inverse of Simp-
son’s index; sensitive to the most abundant spe-
cies; Jost 2007, Chao et al. 2014a). By calculating
diversity along the q gradient, we tested the
influence of rare (q = 0), common (q = 1), and
dominant (q = 2) species on diversity patterns
(Morris et al. 2014, Thorn et al. 2020). This multi-
metric approach allowed a broader understand-
ing of diversity patterns than using a single met-
ric, as each diversity metric reveals different
information about community responses (Morris
et al. 2014).
Statistics.—For plot-, patch-, and site-scale anal-

yses, we compared alpha-diversity and beta-di-
versity metrics across wetland types at each q
value using a mixed-effects model framework
(package nlme in R: Pinheiro et al. 2019). Wet-
land type was treated as a fixed effect, and site
ID was treated as a random effect. After speci-
fying the random effects, structures for variance
modeling were compared using restricted maxi-
mum likelihood (REML) and AICc scores; for
final models, variance was allowed to differ by
wetland type. When final random effects
including error structure were specified, wet-
land type was tested using maximum likeli-
hood (ML). Significant differences between
wetland types were detected by contrasting the
Tukey-adjusted estimated marginal means
(α = 0.05) on the final mixed models (package
emmeans in R; Lenth 2020). For regional scales,
we compared gamma-diversity and beta-diver-
sity metrics between impounded brackish and
tidal brackish wetland types using one-sample t
tests in R. This approach was necessary as only
impounded brackish wetlands contained repli-
cation at the regional scale. We compared the
distribution of gamma and beta diversity of
impounded brackish regions (n = 6) to the
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value of gamma and beta diversity of the tidal
brackish region.

Species presence, abundance, and community
composition

Species presence and abundance.—To determine
how wetland types differed in plant species
presence and abundance, we compared aver-
age plant cover of dominant species. We calcu-
lated average percent cover for every species
at the patch scale (n = 259 total patches); we
chose the patch spatial scale as a middle
ground between capturing the inherent vari-
ability within wetland types while avoiding
inflated variability from using small spatial
scale (i.e., <1 m2) data. We determined domi-
nant species by compiling species with more
than 15% average cover in at least one wet-
land type. For the impounded brackish type,
plants targeted by managers as waterfowl food
plants were combined into one group, termed
management associates. We combined manage-
ment associates as one class as this group of
species is managed in a portfolio approach
where each individual species typically makes
up a small fraction of percent cover within
individual sites. As individual land managers
may target one suite of management associates
over another, sites differ in their composition
of plants meant to enhance waterfowl produc-
tion; however, the class of management associ-
ates should make up a substantial proportion
of plant cover in impounded brackish wetlands
if management is effective. The management
associates class included Atriplex prostrata, Bol-
boschoenus maritimus subsp. paludosus, Cotula
coronopifolia, Crypsis schoenoides, Polypogon mon-
speliensis, and Sesuvium verrucosum. Due to its
invasion of tidal brackish wetlands and uncer-
tain native status, percent cover of manage-
ment associates was calculated with and
without A. prostrata.

Community composition.—We visualized multi-
variate plant community data at the site scale
using stable, two-dimensional solutions of
nonmetric multidimensional scaling (NMDS)
with function metaMDS from the vegan pack-
age in R (Oksanen et al. 2019) based on a
Bray–Curtis dissimilarity matrix of chord-trans-
formed plant cover. We used site data for
community composition as the larger spatial

scale better represented wetland assemblages
than the patch data used to explore individual
species cover patterns. We calculated centroids
and 95% confidence ellipses for each region;
using regions allowed comparisons that
accounted for sampling intensity and overall
spatial coverage of sampling within and
among wetland types. The tidal fresh wetland
type did not have sufficient data at the regio-
nal scale, so ellipses were not calculated. Cen-
troids and ellipses were overlaid on sites
using vegan in R.
To identify how impounded wetlands differed

from tidal wetlands in community composition,
we classified all sites into a wetland assemblage
using cluster analysis (package vegclust in R; De
Cáceres and Wiser 2013; m = 1.2, dnoise = 0.8,
nstart = 50). We started by classifying tidal wet-
land sites according to their wetland type in a
fixed a priori classification, using percent plant
cover data that were chord-transformed (Oksa-
nen et al. 2019). We then used noise clustering to
classify impounded sites, using the previous a
priori tidal classification clusters as fixed cen-
troids (De Cáceres and Wiser 2013). Impounded
sites were classified as any of the tidal assem-
blages, or as novel, nontidal assemblages. We
forced assemblage membership to be crisp, not
fuzzy. To describe any novel assemblages, we
tabulated species constancy and average percent
plant cover within each assemblage.
Statistics.—To test whether wetland types

differed in percent cover of dominant species
at the patch scale, we used a mixed-effects
model framework (package nlme in R). Per-
cent cover values were logit-transformed
before analysis for all species; a small offset
value (0.001) was added to avoid logit trans-
formation of 0. Model outputs were back-
transformed before presentation. Wetland
type was treated as a fixed effect, and patch
ID nested within site ID was treated as a
random effect. After specifying the random
effects, error structures were compared using
REML and AICc scores; for final models,
variance was allowed to differ for each wet-
land type. When final random effects includ-
ing error structure were specified, wetland
type was tested using ML. To assist with
model convergence when a wetland type
contained only zeros for a species, a small
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amount of random noise was added to each
observation. Random noise was added with a
mean = 0 and standard deviation = 0.0001 (1/

100th of 1 percent cover) following a Gaus-
sian distribution. Noise was added only for
modeling purposes; untransformed data are

Fig. 3. Plant community alpha, beta, and gamma diversity for three tidal wetland types along a San Francisco
Bay-Delta estuarine gradient and an impounded brackish wetland complex, at four spatial scales. Effective num-
bers of species (alpha and gamma diversity) are shown along a q gradient in panels (A) q = 0: species richness
where all species are weighted equally (sensitive to rare species); (B) q = 1: exponential of Shannon’s index where
all occurrences are weighted equally; and (C) q = 2: inverse of Simpson’s index (sensitive to most abundant spe-
cies). Effective numbers of distinct assemblages (beta diversity) are shown along a q gradient in panels (D) q = 0;
(E) q = 1; and (F) q = 2. Note change in y-axis between panels. Error bars are standard errors. Note lack of error
bars for tidal brackish and tidal saline wetland types at the regional scale (n = 1), and absence of tidal fresh wet-
land type at the regional scale from lack of data.
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presented in figures. Significant differences
between wetland types were detected by con-
trasting pairwise Tukey-adjusted estimated
marginal means (α = 0.05) on the final mod-
els (package emmeans in R).

RESULTS

Patterns of diversity
Impounded vs. tidal brackish wetlands.—The dif-

ferences in alpha and gamma diversity between
impounded and tidal brackish wetlands
depended on spatial scale and whether rare,
common, or dominant species were emphasized
when calculating effective number of species
(Figs. 3, 4; overall model parameters and esti-
mated marginal means in Appendix S1: Tables
S1–S3). Differences between wetland types were
primarily driven by rare species, and the effects
were more pronounced at small spatial scales
(Fig. 4). Impounded brackish wetlands contained
fewer plant species (q = 0) at all spatial scales
(P < 0.01 in all cases), including only 57% of the
effective number of species as tidal brackish wet-
lands at the site scale (Fig. 4). Impounded

brackish wetlands contained a lower effective
number of common species (q = 1) at site and
smaller spatial scales (P < 0.02 in all cases), and
a lower effective number of dominant species
(q = 2) at plot scales (P < 0.001), but not at larger
spatial scales.
Impounded brackish wetlands had higher beta

diversity than tidal brackish wetlands, especially
at the regional scale (Figs. 3, 4; Appendix S1:
Tables S1–S3). Differences were primarily driven
by spatial scale, with no difference in the effec-
tive number of assemblages between impounded
and tidal brackish wetlands at patch (P > 0.2 in
all cases) and site (P > 0.1 for q = 0 and q = 2)
scales, except for common species at the site scale
(P = 0.02). At the regional scale, whether
impounded brackish wetlands had more distinct
assemblages was dependent on which species
were emphasized (Fig. 4; total assemblages
q = 0: P = 0.003; common assemblages q = 1:
P = 0.05; dominant assemblages q = 2: P = 0.12).
Tidal wetlands along the estuarine gradient.—

Tidal fresh and brackish wetlands had high
levels of diversity depending on which species
were emphasized. Tidal brackish wetlands

Fig. 4. Ratios of diversity values comparing impounded brackish to tidal brackish wetland types from the San
Francisco Bay-Delta. (A) Alpha and gamma diversity and (B) beta diversity. Error bars are ratio variance.
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contained higher alpha diversity than tidal fresh
or tidal saline wetlands when common (q = 1)
and dominant (q = 2) species were emphasized,
regardless of spatial scale (P < 0.001 in all cases;
Fig. 3a–c; Appendix S1: Tables S1, S2). Tidal
fresh and saline wetlands contained ~1/3 of the
alpha diversity compared with tidal brackish
wetlands at the site scale when emphasizing
dominant species (tidal fresh x = 2.1, tidal saline
x = 1.5, tidal brackish x = 5.7). When rare (q = 0)
species were emphasized, however, tidal fresh
wetlands did not differ from tidal brackish wet-
lands in alpha diversity at larger spatial scales
(plot P = 0.002; patch P = 0.002; site P = 0.65),
while tidal saline wetlands remained low in
diversity (site-scale alpha diversity at q = 0: tidal
fresh x = 14.0, tidal saline x = 5.7, tidal brackish
x = 21.2).

A similar pattern emerged with beta diversity.
Tidal brackish sites had higher beta diversity
than tidal fresh or tidal saline sites when consid-
ering common (q = 1) and dominant (q = 2) dis-
tinct assemblages (P < 0.001 in all cases;
Fig. 3d–f; Appendix S1: Tables S1, S2), regardless
of spatial scale. Tidal fresh and saline wetlands
contained ~1/2 of the beta diversity compared
with tidal brackish wetlands at the site scale
when emphasizing dominant species (tidal fresh
x = 1.7, tidal saline x = 1.4, tidal brackish
x = 3.1). When rare (q = 0) species were empha-
sized, however, tidal fresh wetlands did not dif-
fer from tidal brackish wetlands in beta diversity
at the patch or site scales (patch P = 0.34; site
P = 0.70), while tidal saline wetlands remained
low in beta diversity (site-scale beta diversity at
q = 0: tidal fresh x = 6.3, tidal saline x = 3.9,
tidal brackish x = 5.0).

Species presence, abundance, and community
composition

Impounded vs. tidal brackish wetlands.—Despite a
lack of difference in the effective number of dom-
inant species between impounded brackish and
tidal brackish wetlands (Figs. 3, 4), the identity
of species present and their relative abundance
was markedly different between wetland types
(Fig. 5). Both brackish wetland types were
codominated by several species, with no one spe-
cies having greater than 35% average cover. Tidal
brackish assemblages were codominated by

Schoenoplectus americanus, Distichlis spicata, Sal-
icornia pacifica, and Juncus balticus subsp. ater
(Fig. 5; Appendix S1: Tables S4, S5). In contrast
to tidal brackish assemblages, impounded brack-
ish assemblages had effectively no S. americanus
(P < 0.0001) or J. balticus subsp. ater plant cover
(P < 0.0001), had decreased D. spicata cover
(P = 0.05), and had higher cover of management
associates (P = 0.3 with A. prostrata, P < 0.0001
without A. prostrata; Fig. 5; Appendix S1: Tables
S4, S5). Salicornia pacifica, a salt and drought-tol-
erant perennial succulent, was a codominant in
both impounded and tidal brackish wetlands
(Fig. 5).
Plant community composition in impounded

wetlands partially overlapped both tidal brack-
ish and tidal saline wetland types (Fig. 6).
Impounded sites were classified into distinct
wetland assemblages: novel impounded assem-
blages with no tidal analog (n = 29, 60% of
impounded sites), tidal saline assemblages
(n = 12, 25% of impounded sites), and a single
tidal brackish assemblage (n = 1, 2% of
impounded sites; Table 1). No impounded sites
were classified as containing tidal fresh assem-
blages, and six sites remained unclassified as out-
liers or rare assemblages (13% of impounded
sites). Two distinct novel impounded assem-
blages were identified: one which contained a
mix of tidal brackish plants, non-native annual
grasses, and management associates (Table 1
impounded novel assemblage; n = 19, 40% of
impounded sites); and one which was dominated
by management associates with S. pacifica as a
minor component (Table 1 impounded targets
assemblage; n = 10, 21% of impounded sites;
Table 1).
Tidal wetlands along the estuarine gradient.—

Tidal fresh and tidal saline patches were dom-
inated by a single species or species group
that made up the majority of total plant
cover: tules in tidal fresh patches (average
72% cover) and S. pacifica in tidal saline
patches (average 75% cover; Fig. 5; Appendix
S1: Tables S4, S5). This was in contrast to the
codominance of several species observed in
tidal brackish patches (Fig. 5). Tules and
S. pacifica were minor components of other
wetlands but were found in the highest abun-
dance within tidal fresh (tules, P < 0.0001
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Fig. 5. Plant species cover for three tidal wetland types along a San Francisco Bay-Delta estuarine gradient, and
an impounded brackish wetland complex. Percent cover at the patch scale for (A) Tules (Schoenoplectus acutus and
Schoenoplectus californicus), (B) Schoenoplectus americanus, (C) Juncus balticus subsp. ater, (D) Distichlis spicata, (E)
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compared with all other wetland types) or
tidal saline (S. pacifica, P < 0.0001 compared
with all other wetland types) wetland types.

The tidal fresh wetland type was more com-
positionally dissimilar from the other tidal
wetland types, while the tidal saline wetland

Fig. 6. Nonmetric multidimensional scaling of plant community composition for three tidal wetland types
along the San Francisco Bay-Delta Estuary gradient and Suisun Marsh impounded brackish wetlands. (A) Site-
scale regions and (B) site scale with impounded sites classified into wetland assemblages. Centroids represent
(A) means of each region or (B) means of each classified wetland assemblage. Ellipses represent 95% confidence
intervals for (A) each region, color-coded by overall wetland type, and (B) each classified wetland assemblage,
color-coded by overall wetland type. Note lack of ellipse around tidal fresh sites due to lack of sufficient data.

Salicornia pacifica, and (F) Management associates (Bolboschoenus robustus, Cotula coronopifolia, Crypsis schoenoides,
Polypogon monspeliensis, and Sesuvium verrucosum). Management associates for tidal and impounded brackish wet-
lands shown with and without Atriplex prostrata. Boxes are the first and third quartiles around the median, and
whiskers are 1.5 × the interquartile range. Dots are individual patches (tidal fresh n = 7, tidal brackish n = 21,
tidal saline n = 48, impounded brackish n = 190).

Fig. 5 (Continued)
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type was compositionally similar to the tidal
brackish wetland type (Fig. 6).

DISCUSSION

Seasonal impoundment alters patterns of diversity
Differences between impounded and tidal

brackish wetlands in alpha and gamma diversity
depended on spatial scale and whether diversity
metrics emphasized rare, common, or dominant
plant species. Overall, impounded brackish wet-
lands contained less than 60% of alpha diversity
of tidal brackish wetlands at site and smaller spa-
tial scales, when weighting all species equally
(q = 0). Impoundment can reduce total plant
diversity in tidal wetlands, especially compared
with nearby high marsh (Sturdevant et al. 2002,
Whitcraft et al. 2011). The typical hydrologic
regime of high tidal marsh habitat, infrequent
but regular inundation, appeared to be lost in
impounded wetlands. High marsh in tidal wet-
lands can be a hotspot for rare species (Grewell
et al. 2007). The marsh platform of Pacific coast
tidal saline and brackish marshes can be quite
high in the tidal frame, with only fringing low
marsh (Atwater and Hedel 1976, Janousek et al.
2019), so a reduction in diversity after seasonally
prolonged flooding reduces high marsh habitat
is expected. That the reduction in species diver-
sity in impounded wetlands disproportionately
affects rare species at all spatial scales poses con-
servation challenges, as several rare and endan-
gered species are found in Suisun Marsh,
including Soft Bird’s Beak (Chloropyron molle
subsp. molle) and the Suisun Thistle (Cirsium
hydrophilum var. hydrophlilum). Further, as rare
species are more vulnerable to extinction and
make up a substantial portion of global biodiver-
sity (Enquist et al. 2019), large-scale management

practices that preferentially reduce rare species
from the landscape may be at odds with the
preservation of plant diversity.
The difference between impounded and tidal

brackish wetlands in beta diversity primarily
depended on spatial scale. Impounded wetlands
had approximately 50% more distinct plant
assemblages at the regional scale compared with
tidal brackish wetlands (i.e., higher between-site
turnover). Impounded brackish wetland sites dif-
fered markedly from one another in plant diver-
sity and composition, likely due to lack of
hydrologic connectivity and individual manage-
ment. This contrasted with greater connectivity
among remaining tidal wetlands in the estuary
(Moyle et al. 2014). Tidal brackish wetland sites
were all similar, containing assemblages of
codominant species driven by local abiotic and
biotic gradients. That local gradients largely con-
trol community diversity has been shown in
other wetlands on the U.S. Gulf and Southern
Atlantic Coasts (Guo et al. 2015). The greater iso-
lation of seasonally impounded sites likely
increased species turnover and the importance of
stochastic events for determining species compo-
sition.
Altered patterns of alpha, beta, and gamma

diversity in impounded wetlands are likely a
result of management actions that changed abi-
otic drivers and disturbance regimes. Impounded
wetland management is informed by regional
planning documents and best available science
(USBR 2013), but it is up to individual landowners
or managers to decide when and what manage-
ment actions get implemented on the landscape.
Unfortunately, soil salinity and hydrologic regime
data are lacking for the impounded wetlands in
this study, so tying specific changes in diversity
to, for example, increased salinity is difficult and

Table 1. Mean percent cover (� standard error; n = 12 tidal saline, n = 19 impounded novel, n = 10 impounded
targets) of key species or species groups within classified impounded wetland assemblages with more than
one representative.

Classified wetland
assemblage

Distichlis
spicata Grass

Juncus balticus
ssp. ater

Management
associates

Salicornia
pacifica

Schoenoplectus
americanus Tules

Tidal saline 6.5 � 1.9 1.2 � 0.6 0.4 � 0.4 18.3 � 3.8 46.7 � 2.7 0.0 � 0.0 0.0 � 0.0
Impounded novel 23.2 � 2.9 13.5 � 3.0 3.9 � 1.3 13.1 � 0.8 24.4 � 2.6 0.4 � 0.3 0.7 � 0.3
Impounded targets 3.3 � 1.0 3.7 � 1.8 3.1 � 2.0 45.7 � 4.4 15.1 � 2.7 0.4 � 0.3 3.6 � 1.3

Notes: Classified using noise clustering (vegclust in R). A single impounded site containing an assemblage classified as tidal
brackish is not shown due to lack of replication.
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requires inference. Landscape-scale soil type and
associated variables (i.e., drainage, flooding fre-
quency) are available (e.g., SSURGO database)
but are not always useful for investigating plot-
and patch-scale drivers of plant distribution and
abundance. We suggest that heightened distur-
bance and the disappearance of specific abiotic
niches may be responsible for the large decrease
in species richness in impounded wetlands. Salin-
ity and flooding regime data in impounded man-
aged wetlands, however, are needed to verify this
inference with field data.

Seasonal impoundment alters species presence,
abundance, and community composition

Alpha and gamma diversity of dominant
species (q = 2) did not differ between
impounded and tidal brackish wetland types.
However, species presence, relative abundance,
and community composition differed between
wetland types at all scales. Impounded
patches had effectively no S. americanus or
J. balticus subsp. ater, both native perennial
rhizomatous graminoids which together made
up more than 40% of average tidal brackish
plant cover. Instead, impounded patches had
substantial cover of a suite of plants that were
primarily non-native annual graminoids or
forbs which were mostly absent from tidal
brackish patches. Although the overall diver-
sity of dominant plants did not differ between
impounded and tidal brackish wetlands, the
species identity and functional attributes of
dominant plants did differ. As species pres-
ence, relative abundance, and functional traits
can alter ecosystem function (Lefcheck et al.
2015, Stotz et al. 2019), management-induced
changes in dominant plant composition likely
affect important ecosystem processes, includ-
ing carbon cycling (Kroeger et al. 2017), cli-
mate change resilience (Stagg et al. 2016), and
long-term restoration potential (Wolff et al.
2019). As the functional traits of rhizomatous
perennial graminoids found in tidal brackish
wetlands and non-rhizomatous annual grami-
noids or perennial forbs found in impounded
brackish wetlands are not equivalent, changes
in dominant species could lead to important,
but understudied, shifts in ecosystem function
(Hooper et al. 2005).

Plant community composition was altered in
impounded wetlands, such that the majority of
impounded sites were classified as containing
novel plant assemblages without a tidal analog.
The only site classified as containing a tidal
brackish plant assemblage was in the Hill Slough
complex, which has muted tidal hydrology and
is undergoing restoration. The novel plant
assemblages came in two forms. One novel
assemblage that we infer to be representative of
drier, more saline conditions contained a mix of
D. spicata, S. pacifica, non-native annual grasses,
and management associates. The other novel
assemblage that we infer to be representative of
wetter, more fresh conditions was dominated by
management associates. In wetlands managed to
produce waterfowl, only 21% of plant assem-
blages at the site scale were dominated (46%
average plant cover) by management associates,
showing the difficulty of converting brackish
tidal wetlands to meet management targets
across the landscape. It is unclear whether the
novel plant assemblages identified here are tran-
sitory and maintained by constant management
activity, or whether the legacy of management
has created novel plant assemblages that will
persist over time.
A sizable fraction of impounded wetland sites

(25%) were classified as containing tidal saline
plant assemblages, dominated by S. pacifica. The
occurrence of tidal saline plant assemblages
where there would previously have been tidal
brackish plant assemblages may indicate unin-
tentional salinization of regions of Suisun Marsh.
The Mediterranean climate of the region may
exacerbate the typical moist soil management
practice of drawdown in the spring, as late draw-
down in Suisun Marsh coincides with the hot,
dry Californian season where no freshwater pre-
cipitation and reduced river flow are entering the
region (Kimmerer et al. 2013). Pilot data from
adjacent impounded and brackish wetlands indi-
cate that impounded wetlands can have higher
overlying water salinity in the fall and spring (S.
F. Jones, unpublished data), but spatially and tem-
porally distributed sampling campaigns are nec-
essary to validate these findings across Suisun
Marsh. These tidal saline impounded wetlands
may also give a glimpse into what managers are
facing in the near future with predicted decreases
in freshwater availability and increases in
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summer temperatures over the next century
(Ackerly et al. 2018). Tracking impounded wet-
lands over time, coupled with on-the-ground soil
sampling, will be key to detecting the influence
of increasing salinity on plant communities in
Suisun Marsh, similar to work on the develop-
ment of abandoned agricultural fields with salin-
ization in the Chesapeake Bay, Maryland, USA
(Gedan and Fernández-Pascual 2019).

Diversity along the estuarine gradient
Along the estuarine salinity gradient in tidal

wetlands, diversity depended on spatial scale
and whether metrics emphasized rare (q = 0),
common (q = 1), or dominant (q = 2) species. We
found higher alpha, beta, and gamma diversity
in a brackish tidal wetland compared with other
tidal wetland types when considering the effec-
tive number of common and dominant species,
especially at larger spatial scales. Tidal brackish
dominants were distributed patchily in the cur-
rent study, with S. americanus, S. pacifica, D. spi-
cata, and J. balticus subsp. ater (and Jaumea
carnosa) dominating specific plots but not having
more than 35% average cover at the patch or lar-
ger spatial scales. This was in stark contrast to
tidal fresh wetlands (dominated by tules) and
tidal saline wetlands (dominated by S. pacifica)
that basically contained one or two dominant
species. Tidal brackish wetlands with intermedi-
ate salinity may be expected to have high diver-
sity according to the stress gradient hypothesis
(Huston 1979, Menge and Sutherland 1987, Crain
et al. 2004) because they have lower salinity
stress than tidal saline wetlands (increasing the
available pool of potential dominant species) and
potentially lower interspecific competition than
tidal freshwater wetlands (decreasing the num-
ber of individual dominant species). The patchy
distribution of codominant plant species may
also be due to high spatial heterogeneity at the
freshwater/marine ecotone in, for example, soil
salinity, which is known to structure wetland
plant communities (Watson and Byrne 2009,
Weilhoefer et al. 2013, Janousek and Folger
2014). In Suisun Marsh for example, vegetation
assemblages occur as patchy mosaics that are
thought to arise from spatial heterogeneity in soil
salinity and asymmetric competition (Whitcraft
et al. 2011, Moyle et al. 2014). Surface water salin-
ity in Suisun Marsh varies temporally and

spatially at several scales (Kimmerer et al. 2013),
although patch-scale soil salinity data are scarce.
Unlike patterns of diversity using metrics that

emphasize common or dominant species, total
species richness was equivalent between tidal
fresh and brackish wetlands. Tidal fresh wet-
lands did contain more species that were found
in no other wetland types, including a unique
suite of woody wetland plants that can tolerate
flooding but not salinity. The dual effects of
flooding and salinity stress gradients on estuar-
ine plant community structure make spatial com-
parisons of plant community structure
challenging. This interaction of factors may be
especially important in the San Francisco Bay-
Delta, as many tidal freshwater marshes are
either degraded or do not have a high elevation
platform, and have been so for decades (Atwater
and Hedel 1976). In the current study, the tidal
fresh wetland was on average lower in the tidal
frame than other tidal wetland types. This may
have influenced observed diversity patterns as
higher, less frequently flooded marshes are typi-
cally more diverse than lower, more flooded
marshes (Janousek and Folger 2014). The tidal
fresh wetland sampled here was also typical of
Bay-Delta tidal freshwater wetlands in that it
was small in total area, limiting the possibility
for extensive replication of patches and sites.
This limited the precision of diversity estimates.
With scarce tidal freshwater wetland data avail-
able, a broader effort is needed to clarify overall
patterns of tidal estuarine plant diversity, per-
haps by combining several large datasets (e.g.,
Vasey et al. 2012, the current study). We hypothe-
size that diversity when emphasizing rare spe-
cies is maximized in tidal fresh wetlands, or is at
least equivalent between tidal fresh and brackish
wetlands (Sharpe and Baldwin 2009).
Comparing diversity between tidal wetland

types requires an approach that incorporates sev-
eral diversity metrics, which can differentiate
rare and dominant species patterns. Other stud-
ies have shown oligohaline and brackish tidal
wetlands can have alpha and gamma diversity
on par with freshwater tidal wetlands (e.g.,
Sharpe and Baldwin 2009 in Chesapeake Bay,
USA; Suchrow et al. 2015 in the Wadden Sea,
Germany; and Watson and Byrne 2009 in San
Francisco Bay, USA), but it is unclear whether
those patterns were driven by rare or dominant
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species. This distinction is important, because it
gives a more complete understanding of tidal
wetland patterns of diversity than simply identi-
fying where species richness is maximized. While
total richness may truly be higher in tidal fresh
wetlands with many species that cannot tolerate
salinity stress, the diversity of the dominant
plants driving ecosystem function is higher in
tidal brackish wetlands in this estuary.

CONCLUSIONS

We show that the magnitude of differences in
diversity depended on spatial scale and the met-
ric of diversity used. Species richness or individ-
ual species presence using plot data alone can be
poor predictors of biodiversity change, regard-
less of temporal scale (Hillebrand et al. 2018,
Alvarez et al. 2019). Further, small or nonexistent
changes in overall diversity metrics may mask
large changes in species presence, abundance,
and community composition that likely influence
ecosystem function. Assessing diversity at multi-
ple spatial scales enabled more detailed examina-
tion of differences in how diversity is structured
across coastal wetland types. Tierney et al. (2018)
similarly found that swamps that had been clas-
sified as one wetland type at large spatial scales
actually contained several distinct wetland
assemblages at smaller scales; it was the unique
combination of assemblages that differentiated
wetlands. In that work, as here, a combination of
diversity metrics at several spatial scales was
required to disentangle patterns in plant diver-
sity, important for management and conservation
applications that are concerned with regional
biodiversity or the spatial scaling of diversity
patterns. In the present study, sampling within
sites is probably sufficient to capture patterns of
diversity within tidal wetlands (unless specific
rare species are sought), but sampling across
many sites is necessary in impounded wetlands
due to the increased turnover at large scales. To
successfully detect shifts in ecosystem structure
and function that can result from changing cli-
mate, other anthropogenic disturbance, or
restoration, sampling across a range of spatial
scales and incorporating multiple metrics of
diversity that emphasize both rare and common
species should be considered.

Impounded wetlands shifted from rhizomatous
perennial graminoids to largely annual grami-
noids or perennial forbs. In addition to altered
abiotic conditions of flooding and potentially
salinity, this biotic shift likely altered ecosystem
function as rhizomatous perennial graminoids are
functionally distinct from annual graminoids and
perennial forbs. Soil biogeochemistry and nutrient
cycling are influenced by changing environmental
conditions, and the management of impounded
brackish wetlands in a Mediterranean climate is
shifting nutrient cycling in unknown ways (see
Hinckley et al. 2019 for responses in a humid cli-
mate setting). Changes in plant functional groups
may also cascade to influence animal community
structure and function (Johnson and Montalbano
1984, Eberling et al. 2020). Ecosystem processes
support plant biomass and seed production and
therefore can influence the end goal of managers:
thriving waterfowl populations. Biogeochemical
and other process-based studies are necessary to
investigate how the alteration of environmental
conditions and plant functional traits with current
management practices are influencing nutrient
cycling and other ecosystem functions.
The differences we report in plant diversity and

assemblages between impounded and tidal wet-
lands in a Mediterranean climate contrast with
the lack of plant responses after waterfowl man-
agement reported in more temperate/humid cli-
mates (e.g., U.S. Gulf Coast; Nyman et al. 1993) or
in fresher settings (Evans-Peters et al. 2012). The
combination of hot, dry summers and a surround-
ing brackish salinity leads to high evaporation
stress in the summer in Suisun Marsh, which has
the potential to increase soil salinity on drained
wetlands. Investigations of soil salinity in tidal
and impounded wetlands over time may detect if
seasonal impoundment is leaving a persistent soil
salinity legacy in these wetlands. The combination
of brackish salinity and Mediterranean climate
has restricted the influence of waterfowl manage-
ment given current infrastructure, as 25% of
impounded sites contained nontarget tidal saline
plant assemblages, approximately equal to the
21% of sites that contained a target plant assem-
blage. As tidal restoration is implemented in Sui-
sun Marsh over the remaining 25-yr horizon of
the Suisun Marsh habitat management, preserva-
tion, and restoration plan (USBR 2013), habitat
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managers may consider creating a mosaic of habi-
tat that supports rare plant diversity, wetland
ecosystem function, and the ecological require-
ments of waterfowl in a Mediterranean climate.
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