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Abstract 27 

The Fish Plasma Model (FPM) was applied to water exposure and tissue 28 

concentrations in fish collected from two wastewater treatment plant 29 

impacted estuarine sites.  In this study we compared predicted fish plasma 30 

concentrations to Cmax values for humans, which represents the maximum 31 

plasma concentration for the minimum therapeutic dose.  The results of this 32 

study show that predictions of plasma concentrations for a variety of 33 

pharmaceutical and personal care products (PPCPs) from effluent 34 

concentrations resulted in 37 compounds (54%) exceeding the response 35 

ratio (RR = Fish [Plasma] / 1%Cmaxtotal) of 1 compared to 3 compounds 36 

(14%) detected with values generated with estuarine receiving water 37 

concentrations.  When plasma concentrations were modeled from observed 38 

whole-body tissue residues, 16 compounds out of 24 detected for Chinook 39 

(67%) and 7 of 14 (50%) for sculpin resulted in an RRtissue value greater 40 

than 1, which highlights the importance of this dose metric over that using 41 

estuarine water.  Because the tissue residue approach resulted in a high 42 

percentage of compounds with calculated response ratios exceeding a value 43 

of unity, we believe this is a more accurate representation for exposure in 44 

the field.  Predicting plasma concentrations from tissue residues improves 45 

our ability to assess the potential for adverse effects in fish because 46 

exposure from all sources is captured.  Tissue residues are also more likely 47 

to represent steady-state conditions compared to those from water exposure 48 

because of the inherent reduction in variability usually observed for field 49 

data and the time course for bioaccumulation.  We also examined the RR in 50 

a toxic unit approach to highlight the importance of considering multiple 51 

compounds exhibiting a similar mechanism of action.   52 

Keywords: Fish Plasma Model, pharmaceuticals, internal dose, 53 

bioaccumulation, Response Ratio.  54 
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Capsule:  Predicting pharmaceutical concentrations in fish plasma with tissue 55 

residues enhances our ability to characterize exposure and assess potential 56 

effects for feral fish.  57 

58 
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Introduction 59 

The fish plasma model (FPM) as described by Huggett et al. (2003) and 60 

explored by several researchers was developed to assess the potential for 61 

adverse effects in fish based on observed or predicted plasma concentrations 62 

of pharmaceuticals and personal care products (PPCPs).  Comparing 63 

therapeutic levels in human plasma to fish plasma concentrations provides a 64 

basis to determine the relative risk to fish based on the similarity of those 65 

levels. Although extrapolating the relationship among chemical exposures 66 

and pharmacological responses across species is largely theoretical, studies 67 

have emerged that provide supporting experimental data to suggest that in 68 

some cases it is reasonable to use a relationship among drug concentrations 69 

in human targets to predict the likelihood of adverse effects in nontarget 70 

species. Theoretically, this approach may not be limited to PPCPs and may 71 

include any compound with an available plasma effect concentration.  72 

Several authors have utilized observed concentrations of PPCPs in fish 73 

plasma as the dose metric for assessing potential toxicity, including Brown et 74 

al. (2007); Owen et al. (2007); Fick et al. (2010a,b); Schreiber et al. 75 

(2011).  Others have compared human Cmax values with environmental 76 

water exposure concentrations (Kostich et al. 2014; Batt et al. 2016).    77 

Many studies have compared observed and predicted plasma concentrations 78 

in laboratory and field studies.  For example, Winter et al. (2008) found that 79 

the measured and predicted plasma concentrations for atenolol in fathead 80 

minnow based on water exposure in the laboratory were within a factor of 2 81 

using the same equation as used in the present study. Other studies 82 

showing close agreement between observed and predicted plasma 83 

concentrations from water exposure in the laboratory include Garcia et al. 84 

(2012), Valenti et al. (2012), Nichols et al. (2015), and Nallani et al. 85 

(2016b).  In some cases predicted values were far less than those observed 86 

for fish collected in the field.  Du et al. (2014) found higher than predicted 87 
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plasma concentrations for diphenhydramine and carbamazepine in field-88 

collected Longear sunfish (Lepomis megalotis), which was also noted by 89 

Scott et al. (2016) for diphenhydramine and diltiazem in several species of 90 

fish.  91 

Most of the available studies that predicted plasma levels in fish are based 92 

on water exposure concentrations assuming that uptake via water is the only 93 

relevant route of exposure for fish.  Based on observed bioaccumulation 94 

factors for potential invertebrate and fish prey species, it is clear that 95 

excluding dietary uptake would underestimate the potential uptake for fish in 96 

the field.  One study (Meredith-Williams et al. 2012) reported relatively high 97 

bioconcentration factors (BCFs) for carbamazepine, carvedilol, diazepam, 98 

and fluoxetine in 3 different invertebrate species exhibiting high variability 99 

among species for a given compound.   In the aforementioned study, the 100 

authors observed a fluoxetine BCF of 185,900 for the amphipod (Gammarus 101 

pulex).  Most of these differences are due to highly variable uptake and 102 

elimination rates that were highlighted by Meredith-Williams et al. (2012).  103 

Toxicokinetics can be highly variable among apparently similar invertebrate 104 

species under identical environmental factors as noted for the ionizable 105 

compound tributyltin (Meador 1997) leading to the conclusion that predicting 106 

bioaccumulation and toxicity can be difficult for these types of compounds. 107 

Fish plasma concentrations as well as whole-body tissue concentrations can 108 

be predicted with simple Quantitative Structure–Activity Relationship Models 109 

(QSARs) and water exposure concentrations.  A more direct approach would 110 

be to measure whole-body tissue concentrations and then predict plasma 111 

concentrations for assessment of potential adverse effects.  Recently, 112 

Tanoue et al. (2015) proposed that PPCP concentrations in target tissues 113 

could be more informative for predicting adverse effects than those in blood.  114 

Similarly, we propose that tissue concentrations are a better representation 115 

of the integrated exposure that fish experience in the field, and that 116 
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predicted plasma concentrations when based on those whole-body 117 

concentrations would more accurately reflect plasma levels of these 118 

compounds under exposure conditions experienced by feral fish.  Tissue 119 

concentrations are one important step closer in the progression from 120 

ambient exposure to concentrations in whole body, organs, and at the 121 

receptor.  Using tissue concentrations as the dose metric generally provides 122 

an important reduction in variability compared to modeling toxicity from 123 

water exposure to compound concentrations at the site of the molecular 124 

initiating event (Meador et al. 2008; McCarty et al. 2011).  As with any 125 

aquatic toxicity assay, it is assumed that the ambient exposure 126 

concentration is proportional to the tissue concentration, which is in turn 127 

proportional to the concentration at the receptor (McCarty et al. 2011).  This 128 

concept can be applied here and in this case we are using the fish plasma 129 

concentration as a surrogate for the internal concentration that can be 130 

related to human therapeutic concentrations as measured in plasma.  131 

Another important advantage for using tissue residues concerns the 132 

formation of metabolites within the body that can be as physiologically 133 

active (or potentially more reactive) as the parent compound.  Many of these 134 

compounds will not be included with water exposure assessments or may 135 

occur at far lower concentrations than those produced internally. 136 

One study estimated that 63 – 95% of the commercially available drugs are 137 

ionizable (Manallack 2007).  Consequently, this is an important factor for 138 

QSARs when predicting bioaccumulation and hence toxicity.  Standard 139 

bioaccumulation QSARs use the octanol-water partition coefficient (Kow) for 140 

predicting whole-body tissue concentrations at steady state; however, this 141 

parameter can vary widely for ionizable compounds.  In the present study, 142 

pH specific Kow values (Dow) were generated for use in bioaccumulation 143 

models.  A number of authors have highlighted the importance of pH in 144 

characterizing bioaccumulation and toxicity for ionizable pharmaceuticals.  145 
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Rendal et al. (2011) found that fluoxetine, norfluoxetine, propranolol, 146 

lidocaine, sertraline, and trimipramine all exhibited increasing toxicity for 147 

algae and fish as pH increased from 6.5 to 8.5, which are common values for 148 

aquatic ecosystems.  This is supported by Nakamura et al. (2008) who also 149 

demonstrated large increases in the fluoxetine BCF and toxicity for fish as 150 

pH increased from 7 to 9. 151 

A key assumption of the FPM is the degree to which drug targets are 152 

conserved between fish species and humans, but also the hypothesis that 153 

human pharmaceuticals will interact with such targets to cause a similar 154 

target-mediated pharmacological response as observed in humans.  In this 155 

regard, the evolutionary conservation of a number of structurally- and 156 

functionally-conserved protein targets of drugs has been demonstrated in 157 

zebrafish (Danio rerio) (Gunnarsson et al. 2008) and other aquatic species 158 

(Brown et al. 2014).  Gunnarsson et al. (2008) examined 1,318 human drug 159 

targets and found that 86% were conserved in zebrafish; however, species 160 

differences in protein structure associated with amino acid conservation as 161 

well as tissue-specific protein expression indicate that commonality in 162 

orthologs does not unequivocally assure common functionality in all cases. 163 

Despite these caveats, the FPM does provide a reasonable assumption for 164 

qualitatively predicting effects in fish using human pharmaceutical data.   165 

While specific sequence information is limited for Chinook salmon and 166 

staghorn sculpin, the high degree of similarity among protein drug targets 167 

between humans and fish as reported by Gunnarsson et al. (2008) supports 168 

the careful application of cross-species extrapolations or the “Read-Across 169 

Hypothesis” for assessing potential adverse effects in fish.  Additional 170 

discussion and supporting information for the read-across hypothesis can be 171 

found in Rand-Weaver et al. (2013). It must be noted, that biological drug 172 

targets in humans vary markedly and are dependent on the class of 173 

compounds as well as individual drugs, and that drug biotransformation and 174 
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protein binding is a key component of drug therapy as well as the potential 175 

for side effects and toxicity.  176 

Our goal for this study was to examine the FPM in terms of water-only 177 

exposure and whole-body tissue concentrations as the dose metric to predict 178 

plasma concentrations and assess potential adverse effects in feral fish 179 

exposed to PPCPs and other compounds such as triclosan, caffeine, and 180 

amphetamine.  Additional data on bioaccumulation is included for bisphenol 181 

A, nonylphenols, phthalates, perfluorinated compounds, and 182 

hexabromocyclododecanes (HBCDDs). Our hypothesis was that plasma 183 

concentrations predicted from tissue concentrations observed in field 184 

collected fish were likely a better surrogate for dose at the target site and a 185 

more accurate representation of the true exposure dose experienced by feral 186 

fish as compared to values predicted with ambient water concentrations. To 187 

our knowledge, the present study is the first to use whole-body tissue 188 

concentrations to predict plasma levels and compare these to human Cmax 189 

values in the FPM to assess the potential for toxic effects in fish. 190 

Methods 191 

Water and fish sampling 192 

Three sites in Puget Sound were sampled for wastewater treatment plant 193 

(WWTP) effluent, estuarine water, and whole-body tissue concentrations in 2 194 

species of fish.  This included 2 effluent-impacted sites and one reference 195 

site.  Details of site location, sampling procedures, sample preparation, and 196 

analytical evaluation were described by Meador et al. (2016).  Site location 197 

data, water quality parameters, and chemistry composite sample details are 198 

listed in Table S1.  Briefly, effluent from Bremerton West WWTP and Tacoma 199 

Central WWTP was collected in September 2014.  At each WWTP a total of 200 

11 one-liter amber glass bottles were filled with effluent sampled at the final 201 

stage of processing, just before discharge into the outfall leading to the 202 
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estuary.  Similarly, at each field site a total of 11 one-liter amber glass 203 

bottles were filled with estuarine water at a depth of 2 m below the surface. 204 

Estuary water quality parameters were also measured at a depth of 2 m.  205 

Two fish species were collected, including Pacific staghorn sculpin 206 

(Leptocottus armatus), a widely dispersed demersal species in Puget Sound 207 

and the U.S. west coast and juvenile ocean-type Chinook salmon 208 

(Oncorhynchus tshawytscha), a species that resides in local estuaries for 209 

several weeks where contaminants are concentrated (Meador 2014).  Fish 210 

were collected under a Washington State Scientific Collection Permit 13—046 211 

and ESA Section 10(a)(1)(A) permit 17798.  All methods for obtaining, 212 

transporting, and tissue sampling of fish were approved by the University of 213 

Washington Institutional Animal Care and Use Committee (protocol number 214 

4096-01). Fish were collected with a beach seine and transported live to the 215 

laboratory for processing.  The alimentary canal was opened and cleaned of 216 

its contents by flushing with distilled water.  The entire fish with all organs 217 

was wrapped in aluminum foil and frozen at -80 oC until analyzed.  Details 218 

of all sampling methods used in this study were reported separately (Meador 219 

et al. 2016). 220 

Concentrations for the chemicals of emerging concern (CECs) were 221 

determined by AXYS Analytical, Ltd. (Sidney, British Columbia, Canada) 222 

using LC/MS/MS techniques.  Meador et al. (2016) provides a complete list 223 

of the 150 different CEC analytes with their analytical methods and reporting 224 

limits. Of the 150 analytes, 147 were analyzed in water samples and 122 225 

were analyzed in whole-body fish tissue.  Of the 150 compounds, 92 were 226 

detected in fish, effluent, or estuarine receiving waters.  Analytes were 227 

measured in water and tissue, except hormones, hexabromocyclododecanes 228 

(HBCDDs), and phthalate esters.  No corrections were applied to the 229 

analytical values (e.g. percent recovery or blank correction).  Concentrations 230 

just above the RL were observed in lab blanks for 3 compounds not detected 231 
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in fish tissue (albuterol, atenolol, and ofloxacin) and two compounds that 232 

were detected in tissue (DEET and nonylphenol). No Cmax value was 233 

available for nonylphenol and therefore was not used in the toxicity 234 

evaluation. 235 

Bioaccumulation modeling 236 

For estimation of the steady-state whole-body BCF based on effluent or 237 

estuary water concentrations we used the equation of Veith et al. (1979) as 238 

described by Fu et al. (2009) and Schreiber et al. (2011) for 239 

pharmaceuticals.  Instead of Kow, we used Dow to more accurately reflect 240 

partitioning for ionizable compounds.  The BCF was set to 1.41 for all log Dow 241 

values below 1 (Log BCF = 0.15 for all Log Dow <1) (Fu et al. 2009).  242 

Log	BCF = 0.85 log��� − 0.70 (1) 243 

The Dow can be considered as an overall pH-specific octanol-water partition 244 

coefficient and it represents the ratio between the concentration in octanol 245 

to that in water (Turner and Williamson 2005).  Values for Dow were obtained 246 

with the plugin LogD within the program Instant JChem (ChemAxon 2016).  247 

The Dow was calculated for pH values ranging from 5 to 10 by 0.2 unit 248 

increments using the ChemAxon method.  Ionic strength was set to 0.25 M 249 

for both Na and Cl approximating a salinity of 15 ppt, which is common in 250 

estuaries.  For most chemicals, structures from DrugBank were imported to 251 

InstantJChem for Log D calculations, except for a few that were directly 252 

imported from Pubchem as structure files (SDFs).  The Dow for pH 8 was 253 

used for all calculations, which was the mean value for pH in estuarine water 254 

from the 3 sites examined in this study (Table S1).  The pH for a given 255 

estuary will vary over time supporting the selection of an average value.  256 

The Kow for a given compound can be determined by several methods and 257 

variability ≤ 0.5 log units (3.1x) among values is considered low (Finizio et 258 

al. 1997).  The difference in Dow values for the 2 WWTP impacted sites based 259 
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on measured pH (8.0 and 8.5) was relatively low with only 1 value (of 83) 260 

exhibiting a difference of more than 0.4 log units.  Each predicted whole-261 

body concentration (ng/g) was determined by multiplying the predicted BCF 262 

(equation 1) by the observed water concentration in effluent or estuarine 263 

water (ng/L).  The result was divided by 1000 to convert to ng/g.   264 

Predicting blood:water partitioning (Pbw), or the plasma BCF, was 265 

accomplished using the equation originally developed by Nichols et al. 266 

(1991) and modified by Fitzsimmons et al. (2001).  Several authors have 267 

utilized this equation for ionizable pharmaceuticals (Du et al. 2014; Tanoue 268 

et al. 2015; Nichols et al. 2015), which was developed in the laboratory 269 

using water-only in vivo exposures and in vitro equilibrium after injection.  A 270 

factor of 0.16 accounts for the fraction of organic material in trout blood 271 

(Nichols et al. 2015), which we assumed was similar to that for Chinook 272 

salmon.     273 

Log	��� = log	((10�.��������	 ∗ 0.16! + 0.84! (2) 274 

In the same fashion as described by Fu et al. (2009) for the whole-body 275 

BCF, the Pbw was set to 1.70 for all log Dow <1, which was the result of 276 

equation 2 when log Dow=1.  Because arterial blood pH for juvenile Chinook 277 

is approximately 7.9 (Clark et al. 2008), no adjustments to Dow were made 278 

for equation 2.  Predicted plasma concentrations were determined by 279 

multiplying Pbw by water concentration in ng/L.   280 

We also used equations 1 and 2 to determine the ratio between the whole-281 

body BCF and Pbw (BCF/Pbw), which is equivalent to the volume of 282 

distribution, or ratio of total whole-body concentration to plasma 283 

concentration.  This value was then used to predict plasma concentrations 284 

using our observed whole-body concentrations.   285 

Plasma concentration (ng/L) = 
$%&&'(

)*
*1000 (3) 286 
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Where tissue is the observed concentration in ng/g wet weight and Vd is the 287 

volume of distribution, which is estimated by BCF/Pbw (equation 1 / 288 

equation 2) (reducing to whole-body concentration / plasma concentration 289 

by cancellation of water concentration in each term). 290 

These QSAR-generated BCF and plasma concentration values assume steady 291 

state, which may or may not occur in fish exposed in these local estuaries.  292 

If steady state, or at least 80% of this value as defined by Arnot and Gobas 293 

(2006), is not achieved then the results for both equations 1 and 2 would be 294 

reduced by the same proportion.  Such a reduction due to non-steady state 295 

conditions would also cancel out for the prediction of Vd indicating that this 296 

parameter is not dependent on steady-state conditions.  Another 297 

consideration for these compounds is the half-life (t1/2).  The rate of 298 

elimination (k2) indicates how fast steady-state tissue concentrations will 299 

occur (Meador 1997) (approximately 2.5 * t1/2 for 80% steady state) and the 300 

faster the elimination rate the less time is required to achieve steady-state 301 

tissue concentrations (Meador et al. 1995). Because the half-life for many of 302 

these CECs is relatively short in humans and fish (Figure S1 and Meador et 303 

al. 2016), steady-state bioaccumulation (80% or greater) is expected to 304 

occur relatively quickly, except for the perfluorinated compounds and 305 

nonylphenols.  Even though most of these compounds exhibit relatively short 306 

half-lives, they can be considered as pseudo-persistent (Daughton 2002) in 307 

the environment because of their continuous input from WWTPs. 308 

With these data, we could then compare predicted plasma concentrations 309 

based on water exposure concentrations to those predicted with whole-body 310 

concentrations.  Because whole-body concentrations provide a more 311 

accurate representation of field exposure for these fish, the predicted plasma 312 

concentrations were more likely to reflect a higher certainty for assessing 313 

risk of potential adverse effects. 314 
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Effects assessment 315 

We used the human therapeutic dose Cmax (Cmaxtot) values for assessing 316 

the potential for adverse effects, which were obtained from Schulz et al. 317 

(2012), Moffat et al. (2011), or a few research studies as noted in Table S2.  318 

Plasma concentrations were used in lieu of standard aquatic toxicity metrics 319 

(e.g. lowest observed concentration; LOEC or effective concentration based 320 

on a proportion of the population responding; ECp) because such data for 321 

PPCPs are generally not available for fish. Unfortunately, Cmax values or 322 

plasma-effect concentrations were not available for many of the ubiquitous 323 

and abundant CECs in this study such BPA, nonylphenols, phthalates, or 324 

perfluorinated compounds.  Such data for these compounds would greatly 325 

enhance our ability to adequately characterize potential toxic effects when 326 

assessed with the FPM. 327 

The most common approach for assessing potential adverse impacts is the 328 

Effect Ratio (ER), which is the Cmax divided by the fish plasma 329 

concentration (Huggett et al. 2003).  In this study we used the inverse of 330 

this ratio, which we call the Response Ratio (RR) (equation 4).   331 

Response ratio = FPCss/HtPC  (4)  332 

Where the FPCss is the predicted or observed plasma concentration in fish at 333 

steady state and the HtPC is the human therapeutic plasma concentration, 334 

which is most cases is Cmax, or some fraction of that (e.g., 1% Cmax).  For 335 

our values of RR in this study we used 1%Cmaxtotal for the denominator, 336 

which is the maximal plasma or serum concentration for the minimum 337 

therapeutic dose.  This concentration is the total amount of chemical bound 338 

and unbound (free) in plasma.  The bound fraction in plasma can exceed 339 

90% in many cases for pharmaceuticals (Moffat et al. 2011).  340 
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We used RR values instead of ER values because it is more intuitive to 341 

equate ratios less than 1 for a determination of no adverse effects compared 342 

to ratios greater than 1 that would indicate likely adverse effects.  At a 343 

glance, the reader can tell if an observed or predictive fish plasma 344 

concentration is likely to result in physiological effects in fish.  This type of 345 

ratio also has greater utility for assessing mixtures and is more amenable to 346 

a toxic unit approach when adding ratios to determine the probability of 347 

adverse effects.  Summed values that approach or exceed unity give the 348 

reader an easy way to quickly assess potential toxicity. 349 

 Mixtures 350 

As discussed by Backhaus (2014) there are two approaches for considering 351 

the combined effects of pharmaceutical mixtures, which have been applied 352 

to numerous compounds since these approaches were described almost 80 353 

years ago by Bliss (1939).  For those compounds exhibiting a common 354 

mechanism of action (MeOA), an accepted approach is dose addition (DA), 355 

(also called concentration addition) as described by equation 5 and used 356 

here.  The other approach is response addition, which was not considered.  357 

As noted by Backhaus (2014) a number of studies have found high 358 

predictive value with DA, even when mixtures contain compounds that are 359 

not acting by the same MeOA.  Several studies are cited within Backhaus 360 

(2014) showing such results. 361 

In the present study we used the following equation to highlight a few 362 

examples for mixture toxicity based on SSRIs, beta-blockers, and calcium 363 

channel blockers detected in effluent, estuary water, and tissue.   364 

Sum of toxic units (∑TUrr) = ∑
=

n

i PC

FPCss

1 i

i

Ht

][
  (5) 365 
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Where ∑TUrr is the sum of individual toxic units based on the response ratio 366 

(RR) for each compound exhibiting the same MeOA or interaction with the 367 

same receptor.  FPCss is the predicted or observed plasma concentration in 368 

fish at steady state and the HtPC is the human therapeutic plasma 369 

concentration, which was selected as 1%Cmaxtot.  The degree to which 370 

adverse effects are expected would increase as TU values approach unity, 371 

and exceed this value.  Values much less than 1 would be considered 372 

unlikely to cause adverse effects in fish.   373 

Results 374 

Water and fish tissue concentrations are reported in detail in Meador et al. 375 

(2016) and represent a comprehensive analysis of whole-body tissue 376 

concentrations for a large number of contaminants of emerging concern.  377 

Table S2 lists all 92 detected analytes in water or fish along with each log 378 

Dow (pH 8) value, and results of the bioaccumulation models (equations 1 379 

and 2).  Additional data in Table S2 includes the predicted volume of 380 

distribution (ratio between BCF and Pbw) and the 70 available Cmax values.   381 

For each observed effluent or estuarine water concentration, an expected 382 

plasma concentration was determined with equation 2.  All predicted plasma 383 

concentrations from observed water exposure concentrations are listed in 384 

Table S3.  The aforementioned value was then used in equation 4 to 385 

determine the response ratios, as based on partitioning between water and 386 

plasma, which are shown in Figures 1a.b and Table S4.  Pharmaceutical and 387 

personal care products (PPCPs) from effluent concentrations resulted in 37 388 

compounds (54%) exceeding the response ratio (RR = Fish Plasma / 389 

1%Cmaxtot) of 1.  In comparison, only 3 compounds (14%) with modeled 390 

plasma levels from estuarine water concentrations exceeded the threshold 391 

value of 1. 392 
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All values of predicted plasma concentrations for those fish samples with 393 

detectable whole-body tissue concentrations are highlighted in Table S5.  394 

These values were generated with the maximum observed tissue 395 

concentration among replicates for a given species and site using equation 396 

3.  The predicted plasma values were compared to their respective 397 

1%Cmaxtot value for determination of the RRtissue value with equation 4 398 

(Figure 2, Table S6).  Of the 27 total chemicals with RRtissue values based on 399 

whole-body concentrations, 67% exhibited RR values >1 (16 of 24 400 

chemicals) for Chinook and for sculpin, 50% of the RR values exceeded unity 401 

(7 of 14 chemicals).  Cmax values were not available for many of the 402 

hydrophobic CECs (e.g., BPA, perfluorinated compounds, phthalates, 403 

nonylphenols, and HBCDDs) occurring at elevated concentrations precluding 404 

calculation of the RR value and thus were not included in Tables S4 or S6.   405 

The maximum RRtissue value for each species was compared to the maximum 406 

effluent or estuary water value (RRwater) for a given site for those chemicals 407 

with both values (Tables S4 and S6).  This ratio (RRtissue/RRwater) was 408 

generated for all plasma RR values based on QSAR modeling for all observed 409 

whole-body tissue and aqueous concentrations (Table S7).  In most cases 410 

the ratio was greater than 1, indicating that the RR value was higher for 411 

tissue-based ratios compared to those based on water exposure.  For 412 

RRtissue, 56% (n=25 compounds) of compounds were higher compared to 413 

values determined with effluent exposure concentrations, which was similar 414 

to that for estuary water based values (73%, n=11).  Several of the 415 

RRtissue/RRwater ratios were between 0.1 and 1 (32%) for effluent based 416 

values indicating that RRtissue values were not substantially different 417 

compared to those based on effluent (88% RRtissue/RRwater >0.1). 418 

Table S8 presents the data for all detected analyte concentrations observed 419 

in whole-body fish and the expected whole-body concentrations that were 420 

based on equation 1 and the observed water concentration for effluent or 421 
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estuarine water.  The expected tissue concentration as based on the steady-422 

state BCF was valid for either species and the result was compared to the 423 

analytical reporting limit (RL).  Chemicals for which a ratio of observed to 424 

predicted tissue concentrations could be generated are shown in Figure 3 425 

and most of these ratios ranged between 0.1 and 100.  The lowest values 426 

were for the nonylphenols, which were likely not at steady state.  Of the 92 427 

detected analytes in water or tissue, 14 were either detected in tissue and 428 

not water (n=7), or were not analyzed in one of the matrices (n=7) (Table 429 

S8).  A large percentage of predicted whole-body tissue concentrations were 430 

below their respective RL value for tissue, indicating that a chemical may 431 

have been present in fish tissue at that predicted level, but below the 432 

analytical level for quantification.  A total of 47 compounds were predicted 433 

based on observed water concentrations that were not detected in fish from 434 

the field and only 3 of these were above their respective tissue RL 435 

(clarithromycin, PFNA, and simvastatin).  For those 44 compounds without 436 

observed but predictable tissue concentrations that were below their 437 

respective RL, we generated predictions of plasma concentrations based on 438 

equation 3 (Table S9).  Of those 44 compounds originally modeled from 439 

effluent exposure, 13 exhibited predicted RRtissue values that exceeded a 440 

value of 1.  The notable compounds with elevated RR values in this category 441 

include atenolol, atorvastatin, albuterol, dimethylxanthine, 442 

hydrochlorothiazide, metoprolol, oxycodone, promethazine, triamterene 443 

(Table S9).  No RRtissue values generated from estuarine water for non-444 

detected tissue concentrations exceeded a value of 1.  As a result of the 445 

symmetry for predicting plasma concentrations with observed water or 446 

tissue concentrations for this exercise, the RR values in Table S9 predicted 447 

from plasma with expected whole-body concentrations are the same as 448 

those generated directly with water exposure concentrations (Table S4).  449 

The utility of this exercise was to demonstrate that observed water 450 



18 
 

concentrations may have resulted in bioaccumulated tissue levels but were 451 

not detected during analysis and many of those may have exhibited plasma 452 

levels exceeding the threshold RR value of 1. This is best shown with tissue 453 

concentrations that were below their respective analytical reporting limit. 454 

Based on equation 5 for toxic units using the response ratio, three examples 455 

are shown for effluent, estuary water, and tissue generated plasma RR 456 

values (Table 1) and includes selective serotonin reuptake inhibitors 457 

(SSRIs), β blockers, and calcium channel blockers.  Chemicals within each 458 

group were assumed to affect the same protein target in fish.  For SSRIs the 459 

∑TUrr value was much greater than 1 for both effluent and tissue based 460 

values, which was also the case for calcium channel blockers.  The ∑TUrr for 461 

β blockers was elevated (= 8.6) only for effluent based values and there 462 

were no observed tissue concentrations for this class of compounds.  When 463 

RRtissue values were modeled for those concentrations that may have been 464 

present but below the analytical reporting limit (Tables S8 and S9), the 465 

predicted ∑TUrr based on expected tissue concentrations was 8.5 (Table 1).  466 

One final analysis is provided to highlight the advantages of using whole-467 

body tissue concentrations.  There are few studies reporting fish plasma RL 468 

values or method detection limits (MDLs), which are lower than RLs and less 469 

reliable metrics for quantitation.  We compared our RL values (Meador et al. 470 

2016) for 18 compounds in common with the reported MDLs found in 471 

Lazarus et al. (2015) (Table S10).  The comparison of fish plasma MDLs and 472 

whole-body RLs indicates that on average, plasma MDLs are higher (median 473 

ratio = 2.6) indicating greater sensitivity for quantifying whole-body 474 

concentrations.  Several noteworthy values are seen for fluoxetine, 475 

gemfibrozil, and sertraline.  Overall, analyzing whole-body fish will likely 476 

result in more detected analytes compared to analyses of plasma only. 477 

Discussion 478 
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The Fish Plasma Model (FPM) was applied to water exposure and tissue 479 

concentrations in fish collected from two wastewater effluent-impacted 480 

estuarine sites and we used the therapeutic human dose level in plasma 481 

(Cmax) to determine potentially undesirable changes in fish physiology.  The 482 

present study identifies a large number of PPCPs that exceeded the 483 

1%Cmaxtot benchmark value.   484 

Cmax and Safety factors 485 

While Cmax has become the comparative standard, therapeutic effects can 486 

occur between this value and the minimum plasma concentration (Cmin) for 487 

the lowest therapeutic dose.  One noteworthy assumption for the fish plasma 488 

model is that human therapeutic effect concentrations are generally 489 

considered as adverse physiological levels for fish, which is likely the case 490 

for many drugs that can alter behavior, metabolism, endocrine systems, and 491 

other physiological functions.  These effects may be beneficial for humans, 492 

but deleterious for fish that rely on normal lipid metabolism, behavioral 493 

cues, and hormone levels to successfully complete their life cycle.  494 

When comparing toxicity values in ecological risk assessment among 495 

disparate species, such as humans and fish, safety factors (SF, also known 496 

as uncertainty factors and assessment factors) are usually applied.  These 497 

SF have been discussed by several authors (Chapman et al. 1998; Duke and 498 

Taggart 2000; Huggett et al. 2003). Safety factors, or adjustments to Cmax, 499 

are usually applied for expected differences in toxicokinetics, 500 

pharmacodynamics, inter- and intraspecific differences (e.g., human to fish), 501 

internal partitioning, multi-drug interaction, drug sensitivity, temporal 502 

sampling bias, and adjustments for converting low- to no- effect 503 

concentrations.  Route of exposure, which is addressed in the present study 504 

should also be considered as a contributor to variance.  Although the 505 

magnitude of these factors can vary widely, a value of 1000 is often 506 
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recommended in regulatory contexts (Huggett et al. 2003; Tanoue et al. 507 

2015).  Similarly, an analysis of uncertainty associated with interspecies 508 

differences in susceptibility by Brown et al. (2014) supports an application 509 

factor of at least 10-fold.  Another important aspect of uncertainty concerns 510 

the variability around predicted plasma and tissue concentrations.  One 511 

noteworthy study reported observed water-plasma bioconcentration factors 512 

(Pbw) for goldfish ranging from 52 to 113 for gemfibrozil depending on the 513 

exposure concentration (Mimeault et al. 2005).  If a pH of 7 is assumed for 514 

ambient water these values would be 11 to 23 times higher than predicted 515 

using log Dow and equation 2.  If pH was >7, the difference between 516 

observed and predicted BCFs would be even greater.  Using 1%Cmaxtot as 517 

the reference level for effects adds a reasonable level of conservatism to the 518 

model for all these abovementioned uncertainties.   519 

The selection of this benchmark value is supported by studies demonstrating 520 

effects in fish at observed or predicted plasma concentrations below human 521 

therapeutic Cmax values.  One study reported various behavioral effects for 522 

fluoxetine at 16 ng/L in water exposures (Saaristo et al 2017). The predicted 523 

plasma concentration would be in the range of 200 ng/L, which is 0.16% of 524 

the Cmax value.  Cuklev et al. (2011) reported differential gene expression 525 

in rainbow trout with plasma concentrations of diclofenac as low at 1.5% of 526 

the Cmax. Another study (Huerta et al. 2016) found effects in fish exposed 527 

to oxazepam when plasma concentrations were about one third of the Cmax 528 

value.  Other studies reported significant effects on growth, fertility, and 529 

behavioral effects in fish with observed or predicted plasma concentrations 530 

similar to the human Cmax value (Niemuth and Klaper 2015; Valenti et al. 531 

2012). 532 

An important parameter supporting a safety factor for these extrapolations 533 

includes species differences in toxicokinetics.  A plot of previously reported 534 

half-lives for fish and humans shows that for almost all pharmaceuticals 535 
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plotted, the fish half-life is substantially longer in duration compared to that 536 

for human (Fig. S1), which may lead to an extended time for Cmax and 537 

physiological responses.  Because most half-life values for drugs in humans 538 

are based on plasma concentrations and many of those for fish are whole-539 

body values, a chemical-by-chemical evaluation would be needed to 540 

determine persistence across species.  Plasma half-life is generally 541 

proportional to whole-body half-life and such assumptions are used to 542 

predict the terminal volume of distribution (ratio of total quantity of drug in 543 

the body / total concentration in plasma) for humans (Berezhkovskiy 2013; 544 

Benet and Zia-Amirhosseini 1995), which may support comparability among 545 

species.  Support for this in fish can be found in Nallani et al. (2016a) who 546 

report essentially identical half-lives for plasma and various tissues (muscle, 547 

heart, liver, gill, kidney) in catfish exposed separately to verapamil and 548 

clozapine.  In a comparison of plasma half-lives between fish and humans 549 

for 5 different pharmaceuticals, Nallani (2010) reported longer half-lives in 550 

fish for each compound ranging from 2 to 7.5 times longer.  Additional 551 

support comes from the study by Connors et al. (2013) who demonstrated 552 

very low liver metabolism for a variety of pharmaceuticals in rainbow trout 553 

liver S9 subcellular fractions compared to rates observed using human 554 

hepatocytes and microsomes, suggesting the potential for higher 555 

bioaccumulation and longer half-lives compared to humans.  Approximately 556 

50% of the fish half-lives presented in Table S1 are based on plasma 557 

concentrations and therefore directly comparable to human values. 558 

Predicting concentrations 559 

The results of this study show that predictions of plasma concentrations for a 560 

variety of PPCPs from effluent concentrations resulted in 37 compounds 561 

(54%) exceeding the response ratio (RR) of 1, which is far greater compared 562 

with the number of values estimated with estuarine water as the dose 563 

metric.  Indeed, Figures 1a,b indicate that only 3 chemicals resulted in an 564 



22 
 

RRwater >1 when based on estuarine water exposure and BCF modeling with 565 

equation 1.   566 

Our values for predicting plasma concentrations, which utilized well-567 

established QSARs for whole-body BCF and Pbw were expected to be a 568 

reasonable approximation for observed values.  One study that measured 569 

these parameters directly for fathead minnows exposed to the 570 

pharmaceutical diphenhydramine (log10 Kow = 3.3) supports this approach 571 

(Nichols et al. 2015).  Their observed BCF and Pbw values for 572 

diphenhydramine at pH 7.7 were 26.6 and 9.2, respectively.  Using the 573 

ChemAxon modeled Dow for pH 7.7 we obtained a predicted BCF of 22.8 for 574 

diphenhydramine and a Pbw value of 10.2.  These values resulted in similar 575 

BCF/Pbw ratios of 2.5 and 2.9 reported in the present study and by Nichols 576 

et al. (2015), respectively. 577 

For tissue concentrations predicted with effluent concentrations, the 578 

observed-to-predicted tissue residue ratios exceeded parity or were within a 579 

factor of 10 for a high percentage of compounds (Figures 3a, b).  These data 580 

indicate that bioaccumulation modeled with effluent concentrations were 581 

similar to observed whole-body concentrations. This may have resulted via 582 

several factors, including uptake via multiple routes of exposure and 583 

facilitated via membrane associated drug transporters, or exposure to high 584 

aqueous concentrations that were expected to be diluted in the estuary.  585 

Based on these very high ratios we can conclude that diluted estuary 586 

concentrations will underestimate the bioaccumulation potential for fish 587 

nearby these outfalls.  Therefore predicted plasma concentrations based on 588 

observed tissue concentrations or modeled plasma values using effluent 589 

concentrations would be a better representation of exposure and lead to a 590 

more accurate assessment of risk. 591 
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Unfortunately, there are few data quantifying the volume of distribution (Vd) 592 

for pharmaceuticals in fish.  Using human values to predict tissue-plasma 593 

partitioning in fish will likely result in erroneous values.  For example, 594 

Tanoue et al. (2015) provided tissue-plasma partition coefficients for brain, 595 

liver, kidney, and muscle for a variety of pharmaceuticals each exhibiting 596 

large variation.   The median tissue-specific partition coefficients for 597 

sertraline ranged from 11 – 17 for these organs, except for muscle, which 598 

exhibited a median value of 1.2.  For a one-year-old rainbow trout, these 599 

organs comprise a low percentage of total body weight with brain 600 

approximately 0.2% and liver around 2% (Denton and Yousef 1976).  Based 601 

on a mass balance approach, the whole body-plasma partition coefficient 602 

(Vd) is expected to be far lower than the human value (20 L/Kg) and closer 603 

to the predicted whole-body Vd of 3.2 in the present study. Tanoue et al. 604 

(2015) provide similar data for other compounds many of which appear to 605 

be similar to our predicted values.   Another example is found in Nichols et 606 

al. (2015) for diphenhydramine who observed a Vd of 3.0 for the fathead 607 

minnow, which is lower than the human Vd ranging from 4.5 – 8 L/Kg.  It is 608 

important to note that the lower the Vd the higher the plasma concentration 609 

in relation to the whole-body concentration.  Because plasma concentration 610 

is the metric for comparison to human therapeutic levels, accurate 611 

predictions are critical for protecting fish against adverse effects.   612 

Exposure 613 

These results highlight the importance of predicting plasma concentrations 614 

based on whole-body tissue concentrations for comparison to Cmax values 615 

and potential toxic effects.  Because the frequency of exceeding an RR value 616 

for tissue is closer to that observed for effluent over that for estuary water, 617 

the assumption that estuary water should be the preferred exposure metric 618 

is not supported.  Even though detection limits are much lower for water 619 

compared to tissue, plasma concentrations predicted with ambient water 620 
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concentrations are often insufficient for characterizing actual internal 621 

concentrations and therefore would underestimate risk. 622 

Analyzing whole-body concentrations and predicting plasma concentrations 623 

is a reasonable approach for assessing potentially toxic effects in fish, which 624 

provides a more accurate representation of the exposure for fish collected in 625 

these estuaries.  Measuring plasma directly is also desirable as long as 626 

reasonable analytical reporting limits (RL) can be achieved with small 627 

volumes.  As RL values decline with improved methodology, whole-body 628 

concentrations and direct plasma determinations should be the preferred 629 

matrices for characterizing exposure and internal concentrations.   630 

Many studies have reported relatively high bioaccumulation factors for fish in 631 

the field for several CECs supporting the hypothesis that prey species for fish 632 

may also contribute to body burden and thus plasma levels.  Tanoue et al. 633 

(2015) noted that field-based values for BAFplasma (measured plasma / 634 

ambient water) were several times higher than those for a predicted water-635 

only BCFplasma value, which were obtained with modeled values (equation 2 636 

above) based on ambient water concentrations indicating that 637 

bioaccumulation of these compounds is generally higher than predictions 638 

based on water-only exposure.  Other studies have observed plasma 639 

concentrations that are higher than those predicted using basic 640 

bioaccumulation equations with log Dow and water concentrations (Du et al. 641 

2014; Scott et al. 2016) indicating that aqueous uptake may underestimate 642 

the amount bioaccumulated in the environment.  The data of Du et al. 643 

(2014) indicated that concentrations for many of these pharmaceuticals 644 

were substantially higher in invertebrates as compared to fish, sometimes by 645 

an order of magnitude.  Noteworthy differences included diphenhydramine, 646 

sertraline, fluoxetine, desmethylsertraline, celecoxib, and diclofenac.  647 

Observations of high accumulation factors in fish prey have also been 648 

observed by Meredith-Williams et al. (2012) and Lagesson et al. (2016) who 649 
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reported higher BAFs in several invertebrates (snail, insect larvae, isopod) 650 

compared to a fish (Perca fluviatilis) exposed to diphenhydramine, 651 

hydroxyzine, and oxazepam in a pond.  Importantly, one study reported a 652 

dietary uptake efficiency of 46% for oxazepam from exposed damselfly 653 

larvae fed to fish (Brodin et al. 2014).  The dietary route of uptake is 654 

expected to contribute to overall tissue levels in fish; however, an 655 

understanding of the amount assimilated from diet is generally poorly 656 

known.  Additional efforts to quantify dietary uptake and assimilation that 657 

could be used to develop QSAR models would certainly further our 658 

understanding for this important route. 659 

The fish plasma model is generally based on water exposure and relates the 660 

ambient concentrations to those in plasma, which does not consider 661 

additional sources such as dietary exposure.  Additionally, no corrections are 662 

made for possible uptake from drug transporters that may substantially 663 

enhance bioaccumulation (Kostich and Lazorchak 2008).  Membrane drug 664 

transporters may enhance accumulation of environmental contaminants in 665 

fish tissue over that predicted with QSAR modeling and should be considered 666 

when assessing uptake.  One study (Popovic et al. 2014) examined the 667 

organic anion transporting polypeptide Oatp1d1 and demonstrated that a 668 

number of CECs including PFOS, nonylphenol, gemfibrozil, and caffeine 669 

exhibited high affinity for this transporter whereas others such as PFOA, 670 

diethyl phthalate, and bisphenol A were inhibitory.  Oatp1d1 orthologs are 671 

present in a variety of fish species and are therefore considered important 672 

transporters for a range of compounds.  It is unknown if membrane 673 

transporters are relevant for ambient exposure (water ventilation or dietary 674 

uptake) or would interact with these compounds at low environmental 675 

concentrations.  676 

Effects Assessment 677 
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It may be argued that estuary water is the more appropriate exposure 678 

matrix for fish because effluent concentrations are a point source that are 679 

rapidly diffused and not likely to result in elevated tissue concentrations.  680 

When the response ratio was determined with predicted plasma values from 681 

whole-body concentrations for fish collected in our local estuaries, 16 682 

chemicals of the 24 detected (67%) exceeded an RR value of 1 for juvenile 683 

Chinook. This observation highlights the importance of using whole-body 684 

tissue concentrations over that using estuarine water concentrations in such 685 

calculations of risk for fish in WWTP effluent-impacted estuaries.  686 

Noteworthy are an additional 13 compounds without detectable whole-body 687 

concentrations that may have accumulated in fish, but were below their 688 

analytical reporting limits and were predicted to have plasma levels 689 

producing an RRtissue value >1.  This conclusion regarding the importance of 690 

using tissue concentrations is supported by the ratios for RRtissue/RRwater, 691 

which were always >1 for estuary values and mostly so for the effluent 692 

generated values (Table S7) indicating that modeling plasma levels with 693 

these aqueous concentrations frequently underestimates potential adverse 694 

biological effects.  Those RRtissue/RRwater ratios > 1 along with others that are 695 

only 5 or 10 times lower (0.1 – 0.2x) provides strong evidence that plasma 696 

modeled from whole-body tissue concentrations can be substantially higher 697 

than expected for free-ranging fish collected several hundred meters from 698 

the WWTP outfall pipe.  699 

 Mixtures 700 

Selective serotonin reuptake inhibitors (SSRIs) can regulate the activity of 701 

several neurotransmitters via modulation of receptors, including the main 702 

target 5-hydroxytryptamine transporter (5-HTT). The 5-HTT and 703 

serotonergic system in general are similar among mammals and fish (Kreke 704 

and Dietrich 2008) implying the potential for effects due to environmental 705 

exposure and additivity from multiple SSRIs.  Behavioral effects resulting 706 
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from low dose exposure to SSRIs have been demonstrated in fish by several 707 

authors (Painter et al. 2009; Schultz et al. 2011; Saaristo et al. 2017). 708 

Similarly, β adrenergic receptors in fish share structural similarity to those in 709 

mammals (Owen et al. 2007) and are potentially susceptible to multiple β 710 

blocker drugs (antagonists).  A recent review by Godoy et al. (2015) 711 

highlights a number of studies with these compounds showing reproductive 712 

and metabolic effects in a variety of species.  A third example is calcium 713 

channel blockers, such as amlodipine, diltiazem, and verapamil.  There are 714 

few studies testing for effects in fish for these compounds; however, Nallani 715 

et al. (2016a) reported an increased condition factor and reduced liver and 716 

kidney weights in fish exposed to verapamil.  Voltage-gated calcium 717 

channels, which are highly conserved among vertebrates and may act by the 718 

same mechanism in humans and fish.  The implication is that multiple drugs 719 

within these classes may act on these receptors potentially leading to 720 

additive effects in fish. Given the purported conserved nature of many 721 

receptors that modulate drug action between fish and humans, and the 722 

potential for additive effects resulting from exposure to these pharmaceutical 723 

classes, the toxic unit approach may be a reasonable approach for assessing 724 

mixture effects for these and other classes of compounds.  As noted by 725 

Backhaus (2014) many studies show that dose addition may be predictive 726 

for mixtures containing compounds acting by different MeOAs and some of 727 

these RR values may be additive, indicating a higher potential for adverse 728 

effects compared to the usual evaluation of one chemical at a time.    729 

Conclusions and further considerations 730 

Our study examined 92 CECs that were detected in water or whole-body fish 731 

with Cmax values for 70 of these, the majority being pharmaceuticals.  732 

Collectively, this represents a small percentage of the more than 4,000 733 

available pharmaceuticals (approximately 1,000 that are unique) and 734 

unknown numbers of chemicals used in personal care products.  A variety of 735 
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CECs and other contaminants may contribute and potentially impair normal 736 

physiological function in feral fish. Even if many of those compounds occur 737 

at relatively low concentrations, their additive contribution to toxicity could 738 

be important.  Based on the results presented here, we conclude that a 739 

number of compounds occur at concentrations that may result in adverse 740 

effects for fish, especially when occurring in mixtures.  Furthermore, these 741 

data counter the assumption that estuarine water would be the more 742 

realistic exposure scenario compared to worst-case exposure from point 743 

source effluent and are counter to the popular notion that the “solution to 744 

pollution is dilution”. 745 

We propose that the best dose metric for assessing adverse effects for these 746 

chemicals from WWTP is predicted plasma levels based on observed tissue 747 

concentrations or directly quantified plasma concentrations.  The 748 

combination of generally lower detection limits for solid tissue and higher 749 

whole-body concentrations compared to the observed values for plasma 750 

indicates that quantifiable detections are more likely for whole-body 751 

analysis. Predictions for plasma concentrations based on tissue-plasma 752 

partitioning will likely result in a greater number of compounds that can be 753 

used to assess potential adverse effects for fish exposed to CECs.  Future 754 

studies to characterize fish-specific volume of distribution values for CECs 755 

will enhance our ability to detect these compounds and provide more 756 

accurate assessments based on plasma levels.  If limited to water 757 

concentrations, it appears that predicting plasma concentrations with 758 

effluent-exposure modeling would be the conservative choice for assessing 759 

potential toxic effects for feral fish, which is supported by the data presented 760 

here.  It is clear that additional data focused on accurately characterizing 761 

tissue-plasma and water-plasma partitioning for fish is required to advance 762 

our use of the FPM, especially with whole-body tissue residues.  Continued 763 

evaluation of the read-across hypothesis for relating human therapeutic and 764 
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adverse effects in fish for individual compounds is also critical.  Careful 765 

consideration of the dose metric and the potential for adverse effects for fish 766 

exposed to these contaminants is essential for ensuring that ecosystems are 767 

not compromised, especially in light of suboptimal environmental conditions 768 

that may be present. 769 
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Figure legends 1029 

Figure 1.  Response Ratio based on plasma concentrations predicted with 1030 

maximum effluent or estuary water exposure concentrations (equations 2 1031 

and 4).  Values above 1 indicate a greater potential for adverse effects.   1032 

 1033 

Figure 2. Response Ratio based on plasma concentrations predicted with 1034 

observed whole-body tissue concentrations for juvenile Chinook salmon and 1035 

staghorn sculpin as determined with equations 3 and 4.  Values above 1 1036 

indicate an increasing potential for adverse effects.  Values for a given 1037 

chemical and matrix were determined with the maximum replicate 1038 

concentration. 1039 

 1040 

Figure 3.  Ratios of observed to predicted tissue concentrations shown in 1041 

Table S8 for juvenile Chinook salmon.  Predicted whole-body concentrations 1042 

based on equation 1 and effluent or estuary water concentrations for a given 1043 

impacted site.  Maximum replicate values used for a given site (observed 1044 

tissue only).  A.  Puyallup River estuary, B. Sinclair Inlet. 1045 



Table 1.  Sum RR represents the sum of toxic units for compounds with a similar mechanism of action. 

MoA Receptor Chemicals 

Effluent Estuary Tiss salmon Tiss sculpin 

RR 
Sum 

RR 
RR 

Sum 

RR 
RR 

Sum 

RR 
RR 

Sum 

RR 

SSRI 

5-Hydroxy

tryptamine
transporter

(SERT) 

Amitriptyline 1.5 

66 0.005 

0.5 

59 1.1 

Fluoxetine 0.5 2 

Sertraline 61 54 0.7 

Paroxetine 1.2 

Amitriptyline 

10-OH  
1.6 0.005 0.24 0.35 

Norfluoxetine 0.2 2 

Beta 
blockers 

Beta 
adrenergic 

antagonists 

Atenolol 4.1 

8.6 

0.04 

0.04 

4.1 

8.5 Metaprolol 4.1 4.1 

Propanolol 0.4 0.26 

Calcium 

channel 
blockers 

L-type
voltage-gated 

calcium 
channel 

Amlodipine 1.5 

19 0.2 

40.2 

56.5 2.8 

Diltiazem 0.3 0.2 2.5 

Diltiazem 
(desmethyl) 

12.6 8.2 0.4 

Nifedipine 1.4 

Norverapamil 1.4 5.2 2.2 

Verapamil 1.8 0.4 0.2 

Maximum value for each sample matrix (effluent, estuary water, and whole-body tissue). RR is the 

response ratio (see equation 4).  Bold values taken from Table S9 for compounds without observed tissue 

concentrations, but based on predicted concentrations. 
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Highlights for Meador et al. 

• Fish Plasma Model (FPM) to assess risk based on water and fish tissue 

concentrations.  

• Plasma levels predicted with receiving water concentrations 

underestimate exposure for feral fish 

• Predicted plasma concentrations from fish tissue captures exposure 

from all sources 

• Response ratio is a useful metric for assessing risk and mixture toxicity 

 




