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Abstract

Polybrominated diphenyl ethers (PBDEs) have been used as flame-retardants in consumer products and are currently
detected in salmon globally. The two most predominant PBDE congeners found in salmon are BDE-47 (2,2',4,4'-
tetrabromodiphenyl ether) and BDE-99 (2,2',4,4',5-pentabromodiphenyl ether). In the present study, groups of
juvenile Pacific Chinook salmon were fed five environmentally relevant concentrations of either BDE-47 (0.3-552
ng total PBDEs/g food), BDE-99 (0.3-580 ng total PBDEs/g food), or nearly equal mixtures of both congeners (0.7-
690 ng total PBDEs/g food) for 39-40 days. The concentrations of circulating total thyroid hormones, thyroxine (T4)
and 3,5,3’-triidothyronine (T3), were measured using a hormone-specific time-resolved fluoroimmunoassay to
determine if PBDE exposure disrupts the hypothalamic-pituitary-thyroid endocrine axis. The concentrations of both
circulating T4 and Ts were altered in juvenile salmon by dietary uptake of BDE-99. Exposure to BDE-47 did not
alter either Ts or T4 circulating hormone concentrations. However, exposure to a mixture of BDE-47 and BDE-99
reduced T3 in fish with lower concentrations of total whole body PBDEs than with either congener alone at
equivalent PBDE whole body concentrations. Accordingly, the disruption of PBDESs on circulating thyroid hormone
concentrations has the potential to impact a number of critical functions in juvenile salmon including growth, parr-

smolt transformation, and immunological processes.
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1. Introduction

Polybrominated diphenyl ethers (PBDEs) are flame-retardants historically added to a number of products for
consumer protection to impede combustion. However, PBDEs disassociate from these products and have been
detected in a number of aquatic environments within several mammalian (Hites, 2004; Krahn et al., 2007; Nelson et
al., 2015; Lavandier et al., 2016) and fish species (Hites et al., 2004; Sloan et al., 2010; Arkoosh et al., 2011; Good
et al., 2014; Cappelletti et al., 2015; Nugegoda and Kibria, in press). Fish exposed to PBDEs during early life stages
have altered growth, behavior, neurological and endocrine development, immune function and an increased
susceptibility to disease; while adult fish exposed to PBDEs can have impaired reproduction (Lema et al., 2007;
Arkoosh et al., 2010; Chen et al., 2012; Noyes and Stapleton, 2014; Arkoosh et al., 2015; Yu et al., 2015).

Studies have demonstrated that PBDEs have the potential to act as endocrine disrupting compounds capable
of altering the concentration of thyroid hormones in fish by a number of mechanisms (brief summary in Table 1 and
reviewed in Johnson et al., 2014; Noyes and Stapleton, 2014; Yu et al., 2015; Nugegoda and Kibria, in press). The
production of thyroid stimulating hormone (TSH) by the pituitary in teleost fish is controlled by negative feedback
of thyroid hormones 3,5,3’-triiodothyronine (T3) and thyroxine (T4) (Eales and Brown, 1993; Blanton and Specker,
2007; Noyes and Stapleton, 2014). In brief, the central hypothalamic-pituitary-thyroid (HPT) endocrine axis of
teleost fish is responsible for regulating the production of T4. The follicles of the thyroid produce Ty after
stimulation by TSH from the pituitary. T4 is secreted into the plasma by the follicles. The secreted T4 is converted to
the biologically active T3 in the peripheral tissues by deiodination of the outer ring of Ts,

Theoretically, a total of 209 PBDE congeners exist and have the potential to accumulate in the environment,
but only a select few are routinely reported (Birnbaum and Staskal, 2004; Law et al., 2014). The limited number of
PBDEs found in the environment is due to their instability and the congeners used in the three major commercial
mixtures (i.e. PentaBDE, OctaBDE, and DecaBDE) added to consumer products (Birnbaum and Staskal, 2004).
Despite the efforts to phase out the production of these commercial mixtures (EPA, 2010; Shaw et al., 2010; EPA,
2014), the potential for exposure will continue to exist due to the continued use or recycling of products containing
the flame retardant (Ghosh et al., 2013; Noyes et al., 2013) and to existing contamination of sediment and biota
(Desforges et al., 2014).

PBDE:s have been detected in salmon located throughout the world, from freshwater Chinook salmon
(Oncorhynchus tshawytscha) in the Great Lakes, to farmed Atlantic salmon (Salmo salar) in the Baltic Sea, to wild
Chinook salmon off Chile, and Chinook salmon from the west coasts of Canada and the United States (Manchester-
Neesvig et al., 2001; Hites et al., 2004; Montory et al., 2010; Sloan et al., 2010; Arkoosh et al., 2011; Ikonomou et
al., 2011). The greatest whole body concentrations of total PBDEs were detected in juvenile Chinook salmon from
the Puget Sound, Washington state, as high as 13,000 ng/g lipid (Sloan et al., 2010). The lower brominated
congeners BDE-47 (2,2°4,4-tetraBDE) and BDE-99 (2,2°4,4’,5-pentaBDE) were the most predominant congeners
found in the whole bodies and stomach contents of the salmon (Sloan et al., 2010). The objective of this study was
to determine if the two most predominant PBDE congeners and a mixture of these congeners disrupt the HPT axis in
juvenile salmon as demonstrated by a change in the concentration of thyroid hormones. Prior studies, Table 1, have

examined the effects that individual PBDE congeners produce in freshwater ‘teleost models’ such as the fathead
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minnow, Pimephales promelas, (Noyes et al., 2013; Noyes and Stapleton, 2014) and zebrafish, Danio rerio, (Yu et
al., 2010; Yu et al., 2011). This study examines the activity of the HPT endocrine axis in an anadromous species,
Chinook salmon, exposed to dietary PBDEs. Investigating the effects of exposure in fish to individual PBDE
congeners found in the environment, as well as relevant mixtures of congeners is the first step in determining risk of

exposed species in the wild.

2. Materials and methods

2.1. Salmon and exposure to PBDEs

Juvenile Chinook salmon, originating from Garrison Springs Hatchery, Washington, USA, were exposed to
PBDEs at NOAA’s National Marine Fisheries Service’s Newport Research Station in Newport, Oregon. The
Chinook salmon and had transitioned into seawater between 4.5 to 5.5 months post-hatch according to an ocean-type
life history (Healey, 1991). Stock concentrations of BDE-47 (550 ug/ml) and BDE-99 (550 pg/ml; AccuStandard;
New Haven, CT) were prepared in methylene chloride. Five concentrations of BDE-47 and five concentrations of
BDE-99 were produced from the appropriate stock. Each of the five individual BDE-47, individual BDE-99, and
mixed PBDE dietary treatments were prepared as described by Dietrich et al. (2015). In brief, aliquots of the
various concentratons of PBDE in methylene chloride were added to batches of low-fat (no oil spray) dry food
pellets (Rangen Inc.; Buhl, ID) in a 1:1 (kg:liter) ratio for the production of BDE-47, BDE-99 and mixed PBDE
dietary treatments 1-5. Additional control diets (Treatment 0) were prepared in the same manner by mixing 1 kg of
food to 1 liter of methylene chloride without PBDE congeners. Batches of the food pellets were mixed in stainless
steel bowls, dried, and then stored in glass jars. The glass jars were previously fired at 450 °C for 17 to 19 hrs to
remove contaminants. The jars were covered with aluminum foil, secured with a plastic lid, and stored at 4°C until
use. Five gram samples were removed from each diet preparation for chemical analysis (Sloan et al., 2004) of 11
PBDE congeners: BDEs 28, 47, 49, 66, 85, 99, 100, 153, 154, 155, and 183. The BDE-47, BDE-99, and total PBDE
concentrations determined in the congener dietary treatments are presented in Table 2, with detailed description of
the chemical analysis presented in Dietrich et al. (2015). The total PBDE whole body concentration was determined
by summing the concentrations of the 11 BDE congeners.

The mean weights (+SD) of Chinook salmon prior to BDE-47, BDE-99, and mixed diet exposure were 9.1
(1.6) g, 8.6 (0.5) g, and 5.4 (1.3) g, respectively. Fish were fed the treatments between 6 to 7.5 months post-hatch.
Fish were fed daily rations of either the individual (BDE-47 or BDE-99) congener dietary treatments for 40 days or
the mixed PBDE congener dietary treatments for 39 days. The feed duration and concentrations resulted in the
Chinook salmon having whole body concentrations of BDE-47 or BDE-99 that spanned global ranges measured in
salmon from wild and aquaculture settings (Manchester-Neesvig et al., 2001; Hites et al., 2004; Johnson et al., 2010;
Montory et al., 2010; Sloan et al., 2010; Arkoosh et al., 2011; Ikonomou et al., 2011). During the individual PBDE
congener exposures, two replicate tanks of 175 fish were fed each concentration. During the mixed PBDE congener

exposure, three replicate tanks of 285 fish were fed each concentration. Food rations were weighed into separate



94

95

96

97

98

99
100
101
102
103
104
105
106
107
108
109
110
111
112
113
114
115
116
117
118
119
120
121
122
123
124
125
126
127
128
129
130

glass jars, specific to an individual tank, each day and stored at room temperature for up to 8 hrs. Daily rations were
calculated based on numbers of fish per tank and an estimated fish mass. Rations were adjusted daily to reflect
estimated fish growth and mortalities found in tanks in order to consistently feed 2% of fish body mass. The mean
weights (+SD) of Chinook salmon after dietary treatment with BDE-47, BDE-99, and mixed diet exposure were
16.9 (3.4) g, 16.4 (4.1) g, and 10.6 (1.4) g, respectively.

2.2. Chemistry analysis

Chemistry analysis was completed as per Dietrich et al. 2015 (2015), on salmon whole bodies collected one
day after completing each dietary treatment exposure. The sample and analysis plan included: five individual fish
per feed tank (10 fish per concentration) for the individual PBDE congener dietary treatments; and two composites
of five fish per feed tank (six composite samples, or 30 total fish, per concentration) for the mixed PBDE congener
dietary treatments. All chemistry samples were analyzed for the same 11 PBDE congeners as the food. The BDE-47,
BDE-99, and total PBDE whole body concentrations are presented in Table 2.

2.3. T; and T4 measurement

After the dietary PBDE exposures, subsets of juvenile Chinook salmon were euthanized and blood was
immediately collected to determine levels of total circulating thyroid hormones, triiodothyronine (T3) and thyroxine
(T4). Total T3 and T4 levels were each determined in the plasma from 10 samples per treatment. All necropsies
occurred within 4 days of the last feeding. Blood samples were collected from the caudal vein after removal of the
caudal peduncle using heparinized Natelson tubes. The blood samples were spun in a microcentrifuge for 10 minutes
at 8000 x g. Plasma was separated from red blood cells by pipet and stored at -80°C. For the individual congener
PBDE exposures, each T3 and T4 sample represented an individual fish. For the mixed-congener PBDE exposures,
each sample represented a composite of the plasma collected from 5 fish, and T and T4 levels were determined from
the same composite.

The concentrations of total T4 and Ts in the plasma were determined using hormone-specific time-resolved
fluoroimmunoassays. Manufacturer protocols were followed to complete the dissociation-enhanced lanthanide
fluoroimmunoassays (DELFIA; Perkin-Elmer). Briefly, plasma samples were assayed in 96-well microtiter plates.
Each plate was run with either a T3 or Ty standard curve to quantify hormone levels. The concentrations of the T3
standards ranged from 0.05 - 6.5 ng/ml. The concentration of the T4 standard ranged from 1.8 — 233 ng/ml. Aliquots
from a pool of salmon plasma were also added to each plate at high (25 pl), medium (10 pl), and low (1 pl) levels to
ensure consistency of measurements between plates. Two replicate wells were run for each sample and standard

concentrations.

2.4. Data analysis
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Differences in mean thyroid hormone levels were tested among the treatments of the BDE-47, BDE-99, and
mixed BDE diets separately, using one-way ANOVA (SYSTAT 13; Systat Software, Inc.). Post-hoc analysis,
Tukey’s Honestly Significant Difference, was used for comparisons of T3 or T4 levels among all six dietary

treatments. A significance level (o) was set at 0.05 for all comparisons.

3. Results

Juvenile Chinook salmon did not have significantly altered total T4 concentrations (p > 0.184) among the
six BDE-47 dietary treatments (Figure 1a). However, juvenile Chinook salmon fed the BDE-99 dietary treatments
did have significantly altered total T4 concentrations (Figure 1b; p <0.010). Specifically, juvenile Chinook salmon
from BDE-99 Treatment 3 (24.1 ng total PBDEs/g ww) had significantly lower total T4 than fish in Treatment 1 (2.1
ng total PBDEs/g ww, p <0.010; Figure 1b) and in Treatment 2 (6.8 ng total PBDEs/g ww, p <0.029). Finally,
juvenile Chinook salmon fed the mixed BDE congener diets did not have significantly altered total T4 concentration
in the plasma (Figure 1c; p >0.742).

Similar to T4, juvenile Chinook salmon from the BDE-47 dietary treatments did not have significantly
altered total T3 concentrations (Figure 2a; p > 0.722). However, juvenile Chinook salmon fed the BDE-99 and
mixed dietary treatments did have significantly altered total T3 concentration (p <0.029 and p < 0.017, respectively).
Specifically, juvenile Chinook salmon from BDE-99 Treatment 5 (219 ng total PBDEs/g ww) had significantly
lower total Ts than fish in Treatment 3 (24.1 ng total PBDEs/g ww (p < 0.009; Figure 2b). Finally, juvenile Chinook
salmon from the mixed BDE congener Treatment 3 (36.8 ng total PBDEs/g ww) had significantly less total T3 than
fish in Treatment O (p < 0.010; Figure 2c). No other significant differences in total T3 concentrations were observed

between the different BDE-99 or mixed-congener dietary treatments.

4. Discussion

In the present study, juvenile Chinook salmon transitioned into seawater and exposed to environmentally
relevant concentrations of either BDE-99 or a mix of BDE-47 and BDE-99 congeners had plasma thyroid hormone
concentrations that were significantly reduced. By contrast, salmon exposed to only environmentally relevant
concentrations of BDE-47 did not have altered thyroid hormone concentrations. Earlier studies have found that
freshwater fish exposed to PBDEs have altered thyroid hormones concentrations (Table 1). For example, fathead
minnows exposed to BDE-47 have decreased levels of T4 (Lema et al., 2008). Similarly, fathead minnows exposed
to BDE-209 also had decreased levels of T4, as well as Tz (Noyes et al., 2013). T4 levels were also reduced in
juvenile crucian carp (Carassius auratus, (Song et al., 2012)) and juvenile lake trout (Salvelinus namaycush, (2004))
after exposure to mixtures of PBDE congeners. However, adult zebrafish exposed to DE-71 were found to have an
increased concentration of T4 and no changes in the concentration of T3 (Yu et al., 2011) while larval zebrafish
exposed to DE-71 were found to have a decreased concentration of T4 (Yu et al., 2010). The ultimate effect of
PBDE exposure on thyroid hormones appears to be dependent on a number of variables, including: the species of the
fish and its life-stage; the PBDE congener; route of exposure (i.e. through the diet, aqueous exposure); exposure

concentration, and the duration of exposure.
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A number of internal mechanisms can play a role in altering thyroid hormone homeostasis in fish due to
PBDE exposure (Dishaw et al., 2014; Noyes and Stapleton, 2014). One potential mechanism responsible for the
reduction in circulating plasma thyroid hormone concentrations may be the ability of PBDEs to attach to thyroid
hormone binding protein (Meerts et al., 2000; Morgado et al., 2007). The majority of thyroid hormones circulating
in the plasma are attached to thyroid hormone binding proteins. Transthyretin (TTR) is the major thyroid hormone
binding protein in fish (Yamauchi et al., 1999) capable of binding both T3 and T4 (Morgado et al., 2006). PBDEs
have been found to inhibit the in vitro binding of T3 to fish TTRs (Morgado et al., 2007). Although yet to be studied
in fish, both BDE-47 and BDE-99 can inhibit the ability of T4 to bind to male rat TTR, potentially resulting in
increased metabolism of Ty in circulation (Meerts et al., 2000). Once the hormone is displaced from TTR, increased
metabolism of the hormone may occur, resulting in reduced amounts of circulating hormone (Meerts et al., 2000;
Noyes and Stapleton, 2014), as observed in the current study with T3 and Ts. Congeners BDE-47, BDE-49, and
BDE-99 can inhibit T3 from binding to sea bream TTR in vitro (Morgado et al., 2007). The 50% inhibitory
concentrations (ICso) of BDE-47 and BDE-99 were nearly equivalent, 5.2 and 6.7 nM, respectively. By contrast, the
ICso of BDE-49 was about 10-fold lower, at 0.5 nM (Morgado et al., 2007). The ability of Chinook salmon to
debrominate BDE-99 to BDE-49 (Browne et al., 2009; Roberts et al., 2011; Dietrich et al., 2015), a congener with
an ability to bind strongly to TTR, may partially explain why we observed significantly altered thyroid hormone
concentrations in fish exposed to BDE-99 alone and in a mixture, but not in fish exposed to BDE-47 alone.

The reduction in plasma T3 observed in this study may also be due to the ability of PBDEs to act as a
substrate and competitively inhibit T4 from binding to deiodinase (DI) enzymes. DI enzymes catalyze the
transformation of thyroid hormones by removing iodine from the inner and outer rings (Roberts et al., 2011). The
conversion of T4 to the more biologically active T3 occurs by cleaving an iodine atom in the meta position and
appears to be controlled in peripheral tissues (Eales and Brown, 1993). The livers of juvenile fathead minnows fed a
diet containing BDE-209 for 28 days were found to have a 74% reduction in the rates of deiodination. Even after a
14-day depuration period, DI activity in the minnows was still reduced by 48% (Noyes et al., 2011). The metabolites
of BDE-209 were also found to have distinctly different abilities to bind to DI enzymes in the minnows (Noyes et
al., 2011). Our findings of reduced T3 concentrations support the hypothesis that BDE-99 may inhibit the
transformation of T4 to T3 by competing with T4 for DI catalysis. Conversely, our findings of no decrease in Ts after
BDE-47 exposure suggests that BDE-47’s ability to act as a substrate and bind to DI enzymes may be less than that
of BDE-99 or its metabolites. However, little information is available on the varying capacity of DI enzymes in fish
to bind to different BDE congeners and requires further study (Noyes et al., 2011).

Thyroid hormone concentrations may be responding to PBDE exposures non-monotonically. A non-
monotonic response due to endocrine disrupting chemicals occurs when the response generated to the contaminant is
not linear (Vandenberg et al., 2012; Lagarde et al., 2015). Although not significant, trends were observed in the
thyroid hormone levels of salmon exposed to PBDEs that were suggestive of a non-monotonic thyroid hormone
response in juvenile salmon. These trends included: 1) an initial increase of T4 in fish exposed to BDE-99 with a
mean body burden of 2.1 ng total PBDEs/g ww followed by a subsequent decrease in T4 in fish with greater mean

PBDE body burdens (6.8-219 ng total PBDEs/g ww); 2) a maximum of total T3 occurred in fish exposed to BDE-99



205 with a mean body burden of 24.1 ng total PBDEs/g ww then decreased in fish with the greatest PBDE body burdens
206 (219 ng total PBDEs/g ww); and 3) a minimum of total T3 occurred in fish exposed to the mixture diet with a mean
207 body burden of 36.8 ng total PBDE/g ww with an increase in T3 in fish with lower or greater mean PBDE body
208 burdens. Classical risk assessment techniques used with monotonic dose responses to determine no observed adverse
209 effect level and the lowest observed adverse effect level should not be applied to non-monotonic dose responses
210 (Vandenberg et al., 2012; Arkoosh et al., 2015; Lagarde et al., 2015). Seven potential mechanisms have been

211 described (Vandenberg et al., 2012) that can result in non-monotonic dose response curves due to endocrine

212 disrupting chemicals, including: cytotoxicity, cell and tissue specific receptors and cofactors, receptor selectivity,
213 receptor down-regulation and desensitization, receptor competition, endocrine negative feedback loops, and other
214 downstream mechanisms. However, few studies exist that have examined these mechanisms experimentally

215 (Lagarde et al., 2015).

216 The central HPT endocrine axis (thyroid follicles) and peripheral tissues, via the activity of enzymes (DI)
217 and membrane transporters (mct8 and oatp 1cl), have the ability to partially compensate for alterations in the

218 production of thyroid hormones due to both internal and external influences (Noyes et al., 2013; Noyes and

219 Stapleton, 2014). This ability to partially compensate for thyroid hormone concentrations can complicate

220 extrapolating functional consequences or effects of PBDE exposures that result in altered circulating T3 and T4

221 hormone concentrations on critical teleost processes. Despite the actions of these compensatory mechanisms, this
222 current study demonstrates that changes in thyroid hormone levels occur that may have serious impacts on juvenile
223 fish health and survival.

224 Thyroid hormones play key roles in a number of critical processes in juvenile fish including growth, the
225 transitional period from fish fry to larva (Reddy and Lam, 1992; Power et al., 2001), the parr-smolt transformation
226 (Dickhoff et al., 1997), as well as immune system development and function (Lam et al., 2005). Consequently, the
227 observed reduction in thyroid hormone concentrations found in juvenile fish after exposure to a mixture of PBDEs
228 or BDE-99 may impact these processes. This current study also demonstrates that lower whole body concentrations
229 of a mixture of PBDEs have the ability to reduce T in fish more so than fish exposed to individual congeners at
230 equivalent PBDE whole body concentrations. Therefore, when considering risk assessments of PBDE exposure on
231 juvenile salmon, not only is the total concentration of the contaminant important, but also the specific PBDE

232 congeners.

233
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Table 1. Summary of recent studies assessing the response of thyroid hormones (T3 and T4) ? in fish after exposure to
PBDEs relative to control fish.

PBDE
Genus species/ congener Ts Ta
Common name (age or Exposure PBDE body response  response
at exposure) Reference  mixture concentrations burdens b,cd
Carassius auratus/ (Songet  e-waste Carp sampled from a 7.7-703.31 ng Not VT,
Carp (juvenile) al.,2012) recycling contaminated river XPBDE /g wet available
with e-waste weight (BDE-28,
47, 153, 154, 100)
in the muscle of
carp
Danio reriol (Yuet DE-71 1,3, 10 pg/l 7,706 - 55,029 ng  (-)TT; ATT,
Zebrafish (embryos  al., 2011) aqueous exposure XPBDE /g wet
to adult) (BDE-47, 99, 199, weigth
153, 154)
Danio reriol (Yu et DE-71 1,3, 10 pg/l Not available Not VT,
Zebrafish (embryos) al., 2010) aqueous exposure available
Danio rerio/ (Chenet  BDE-209 0.08, 0.36, 1.92 mg/1 2,351-38,627 ng ATs VT,
Zebrafish (larval) al., 2012) aqueous exposure BDE-209 /g wet
weight
Danio reriol (Kuiper DE-71 5, 16, 50, 160, 500 8.8-460 pg T3 ATy
Zebrafish (adult) etal., pg/l ~PBDE /g wet
2008) aqueous exposure weight
Oncorhynchus (Fenget  BDE-209 50-10,00 ng/g wet 38.51-80.29 ng (-)TTs, ATT,
mykiss/ al., 2012) weight >PBDE /g VFT; WAFT,
Rainbow trout i.p. injection
(juvenile)
Pimephales promelas) (Lemaet BDE-47 2.4, 12.3 pg/pair/day Not available (-)TTs WTTy
Fathead minnows al., 2008) dietary exposure
(adult)
Pimephales promelasi (Noyes et BDE-209 3, 300 ng/g body Not available VTT; VTT,
Fathead minnows al., 2013) weight/day
(adult) dietary exposure
Platichthys flesus/ (Kuiper DE-71 Treatment of spiked 0.13-71 ZPBDE -)T3 Ty
European flounder etal., sediment (7x10°% - 700 ug/g wet weight
(adult) 2008) pg/g TOC) and food
(14x1073 -14,000
Hg/g)
Salvelinus (Tomyet Mixture 2.5-25ng/g per BDE Body burdens of  (-)FTj; VFT,
namaycush/ Lake al., 2004) of 13 congener 13 individual
trout (juvenile) congeners dietary exposure BDE congeners
(BDE-28, were determined
47, 66, over a 63 day
77, 85, period
99, 100,
138, 153,
154, 183,
190, 209)

2The concentrations of total (TT3, TTs), free (FT3, FT4), or undesignated (T3, T4) thyroid hormones were determined.

"The downward pointing arrow (¥ signifies a significant reduction in thyroid hormone concentration after

exposure to at least one of the concentrations or doses of PBDEs.

‘The upward pointing arrow (A

one of the concentrations or doses of PBDE:s.
9The dash (-) signifies no change in thyroid hormone concentration after exposure to PBDEs.

signifies an increase in thyroid hormone concentration after exposure to at least
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Table 2. Mean concentration of targeted (BDE-47 and BDE-99) and total PBDEs in the diets and whole bodies
(modified from Dietrich et al. 2015 Dietrich et al. (2015)).

PBDE:s in salmon (ng/g wet

PBDEs in diets (ng/g food) weight)
BDE- BDE- Total Lipids in Total
Dietary treatment 47 99 PBDEs? salmon, % BDE-47 BDE-99 PBDEs?
BDE-47
0 0.3 <LOQ" 0.3 1.65 0.27 <LOQ 0.3
1 5.0 <LOQ 5.0 1.83 2.09 <LOQ 2.1
2 23 <LOQ 23 2.05 6.32 0.03 6.4
3 84 <LOQ 84 1.91 18.4 <LOQ 18.4
4 280 <LOQ 280 2.11 69.5 <LOQ 69.6
5 550 0.2 552 1.58 149 0.02 150
BDE-99
0 0.3 <LOQ 0.3 1.87 0.26 0.05 0.3
1 0.4 6.4 6.8 1.53 0.29 1.80 2.1
2 0.5 29 30 1.62 0.28 6.57 6.8
3 1.0 100 100 1.81 0.55 23.4 24.1
4 3.0 290 290 1.65 1.04 74.4 75.9
5 5.7 570 580 1.73 1.83 216 219
Mixed congener (BDE-
47/BDE-99)
0 0.4 0.1 0.7 243 <LOQ <LOQ
1 4.1 4.2 8.5 2.49 1.52 1.29 2.8
2 16 17 34 2.05 5.60 5.27 10.9
3 50 51 102 1.92 18.2 18.6 36.8
4 160 170 330 271 46.7 51.7 98.6
5 330 360 690 1.92 86 96.8 184

391 2 Total PBDEs equals the sum of detected BDE congeners (BDEs 28, 47, 49, 66, 85, 99, 100, 153, 154,
392 155, and 183) with levels greater than the limit of quantification (LOQ), as described (Dietrich et al.,
393 2015).

394 b Less than the limit of quantification (LOQ).

395
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Figure captions

Figure 1. Concentration of plasma total T4 in juvenile Chinook salmon exposed to (a) BDE-47, (b) BDE-99,
or (c) Mixed PBDE:s diets. Total T4 levels was determined in the plasma from 10 samples per treatment. For the
individual congener PBDE exposures, each T4 sample represented an individual fish. For the mixed-congener
PBDE exposures, each sample represented a composite of the plasma collected from 5 fish, and T3 and T4 levels
were determined from the same composite. The numbers in the brackets ([]) represent the corresponding PBDE
dietary treatment the fish were fed. Post-hoc analysis, Tukey’s Honestly Significant Difference, was used for
comparisons of T3 levels among all six dietary treatments. A significance level (o) was set at 0.05 for all

comparisons. Treatments that do not share a letter are statistically different.

Figure 2. Concentration of plasma total T3 in juvenile Chinook salmon exposed to (a) BDE-47, (b) BDE-99, or (c)
Mixed PBDEs diets. Total Ts levels was determined in the plasma from 10 samples per treatment. For the individual
congener PBDE exposures, each T3 sample represented an individual fish. For the mixed-congener PBDE
exposures, each sample represented a composite of the plasma collected from 5 fish, and T3 and T4 levels were
determined from the same composite. The numbers in the brackets ([]) represent the corresponding PBDE dietary
treatment the fish were fed. Post-hoc analysis, Tukey’s Honestly Significant Difference, was used for comparisons
of Ts levels among all six dietary treatments. A significance level (o) was set at 0.05 for all comparisons.

Treatments that do not share a letter are statistically different.
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Figure 1. Plasma T4 (a) BDE-47, (b) BDE-99, and (c) Mixed PBDEs.
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