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Abstract 

Lake Erie experiences annual summer cyanobacterial harmful algal blooms (HABs), 

comprised mostly of non-nitrogen-fixing Microcystis due to excess nitrogen (N) and phosphorus 

(P) inputs (eutrophication). Lake Erie's watershed is mostly agricultural; and fertilizers, manure, 

and drainage practices contribute to high nutrient loads. This study aimed to clarify the role of 

western Lake Erie sediments in either exacerbating or mitigating conditions that fuel HABs via 

recycling and/or removal, respectively, of excess N and reactive P. Sediment-water interface N 

and ortho-P dynamics and functional gene analyses of key N transformations were evaluated 

during a dry, low HAB year (2016) and a wet, high HAB year (2017). On average, western basin 

sediments were a net N sink and thus perform a valuable ecosystem service via N removal. 

However, sediments were a source of ortho-P and chemically reduced N. Western basin 

sediments can theoretically remove 29% of average annual watershed total N loading. However, 

denitrification rates were lower during the high (2017) versus low bloom years (2016), 

suggesting that high external N loading and large HABs inhibit the capacity of sediments to 

perform that ecosystem service. Despite being a net N sink on average, western basin sediments 

released ammonium and urea, chemically reduced N forms that are energetically conducive to 

non-N-fixing, toxin-producing cyanobacterial HABs, especially during the critical period of low 

external loading and high biomass. These results support other recent work highlighting the 

urgent need to include N cycling and internal load dynamics in ecosystem models and mitigation 

efforts for eutrophic systems. 

Keywords: Nutrients, Denitrification, Nitrogen fixation, Harmful algal blooms 
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Introduction 

Since the mid-1990s, Lake Erie has experienced toxic cyanobacterial harmful algal 

blooms (HABs) due to high nutrient (nitrogen (N) and phosphorus (P)) inputs from its tributaries 

(Murphy et al., 2003). These blooms negatively affect aquatic life, pets, livestock, and humans, 

as evidenced by the shutdown of the city of Toledo, Ohio, water treatment plant in August 2014 

due to high cyanotoxin levels (Carmichael and Boyer, 2016). Contemporary HABs in the 

western basin of Lake Erie are mostly composed of cyanobacterial taxa (Microcystis) that cannot 

fix atmospheric N. This community structure differs from HABs observed in Lake Erie in the 

1960s and 1970s, which were capable of N fixation (Steffen et al., 2014; Chaffin et al., 2018a). 

The watershed of the western basin is mostly agricultural, and associated fertilizer, manure, and 

drainage practices within the Maumee River watershed contribute to high nutrient loads entering 

the western basin (Moog and Whiting, 2002; Stumpf et al., 2012; Verhamme et al., 2016). 

The yearly average total N load entering the western basin from the Maumee River is 

about 38,500 metric tons (33-year average; Richards et al., 2010). The Ohio EPA (2018) reported 

the yearly average TN load between 2013 and 2017 to be 41,146 metric tons, but 2017 was an 

unusually high load year and contributed to the major increase. However, even though total N 

loads are mostly remaining consistent, the proportion of the Maumee river total N load 

comprised of total Kjeldahl N (TKN; non-nitrate/nitrite N, including chemically reduced forms, 

such as ammonium (NH4
+), urea, and other labile organic N) is also increasing relative to 
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oxidized inorganic N (NOx; Newell et al., 2019). Phytoplankton community structure can shift 

from favoring diatoms in nitrate (NO3
-) dominated waters to cyanobacteria in NH4

+ dominated 

waters (McCarthy et al., 2009; Glibert et al., 2016), which often corresponds to a shift in trophic 

status. Different forms of N (e.g., NH4
+ and urea) can also contribute to the toxicity of HABs 

(Donald et al., 2011; Davis et al., 2015). In the 1980s – 1990s, the predominant N form in 

fertilizers switched from NH4NO3 to UAN (urea ammonium nitrate; Glibert et al. 2006, 2014; 

Paerl et al., 2016). Urea is an organic N form that is bioavailable and energetically favorable for 

cyanobacteria (Glibert et al. 2014; Belisle et al. 2016) and can exacerbate HABs in the receiving 

waters of agricultural watersheds. 

Many studies (e.g., Han et al., 2012; Bridgeman et al., 2013; Baker et al., 2014; Kane et 

al., 2014; Stow et al., 2015) have linked nutrient loads from the Maumee River to HABs in Lake 

Erie; however, few studies have addressed the transformations, internal loads, and ultimate fate 

of N within the lake or sediments. Sediments receiving labile organic matter from the overlying 

water column can exacerbate oxygen drawdown and contribute to water column hypoxia and 

internal nutrient loading. As organic matter is decomposed, dissolved oxygen (DO) is respired, 

and ortho-phosphate (ortho-P) and NH4
+ can be released. Sediments can also store N and P for 

long periods, making them an important source for legacy nutrient loading (Heisler et al., 2008). 

Many studies show that Lake Erie sediments are a consistent source of P to the water column 

(Holdren and Armstrong, 1980; Matisoff et al., 2016; Watson et al., 2016; Paytan et al., 2017). 

Gross sediment N fluxes have been reported in Sandusky Bay (Salk et al., 2018) and Old Woman 

Creek (McCarthy et al., 2007), two coastal Lake Erie subsystems, and Small et al. (2014) 

reported sediment N fluxes from a single sampling event within the western basin. These studies 
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provide some baseline knowledge, but more work is clearly needed to understand the ecological 

role of sediment N transformations in Lake Erie. 

The overall objective of this study was to determine the extent to which western basin 

sediments act as a source or sink for reactive N and P. Rates and pathways of N fluxes and 

transformations and ortho-P fluxes at the sediment-water interface were identified and quantified 

using intact sediment core incubations. N removal rates via denitrification and/or anammox were 

+ - -measured, as well as fluxes of combined N forms (i.e., NH4 , NO3 , NO2 , urea) and DO across 

the sediment-water interface. The rate of sediment N fixation occurring simultaneously with 

denitrification was calculated from isotopic measurements, and abundances of selected N cycling 

genes (nirS and nifH, encoding denitrification and N fixation, respectively) were evaluated to 

support the core incubation results. We hypothesized that: (1) sediments are a net source of 

chemically reduced N (NH4
+ and urea) and ortho-P to the system; (2) denitrification is the major 

N loss pathway, with a small fraction lost via possible anammox; and (3) net denitrification 

occurs in the spring through mid-summer, then switches to net N fixation in the late summer to 

early fall. 

Methods 

Study sites and field sampling 

Water samples and intact sediment cores were collected from four locations along the 

Maumee River discharge gradient in western Lake Erie during the ice-free seasons (April – 

October) of 2016 and 2017 (Figure 1). The sampling gradient began in Maumee Bay and 

extended towards the center of the basin. Water depths increased with distance from the river 

mouth (MB18 = 2.5 m, WE2 = 5 m, WE4 = 8 m, and WE13 = 8.5 m). MB18 and WE2 were 
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sampled in July, August, September, and October 2016 and April, July, August, and October 

2017. WE4 and WE13 were sampled in May, June, August, and October 2016 and June, July, 

August, and October 2017. 

Surface and bottom water (~1 m above sediment) samples were collected using a 7 L 

Niskin bottle and filtered immediately, on location, using 0.2 µm syringe filters for ambient 

nutrient analyses. All nutrient samples were stored on ice for transport and frozen at -20°C until 

analysis. For each of the sediment core incubations, six intact sediment cores were collected 

using a custom sediment coring lander designed to maintain sediment core (7.6 cm diameter, ~15 

cm depth) and overlying water integrity (Gardner et al., 2009). Along with intact sediment cores, 

~60 L of bottom water was collected in three, pre-rinsed, 20 L cubitainers. After collection, cores 

were sealed at both ends with a vinyl cap and stored in a dark cooler until incubations 

commenced (within 8 hours of collection). 

Sediment core incubation and analysis 

To prepare sediment cores for incubation, overlying water was decanted, being careful 

not to disturb the sediment-water interface, until about 10 cm of overlying water remained above 

the sediment surface. An air-and-water tight plunger fitted with gastight inflow and outflow 

tubing (PEEK) was pushed into the core tube until the inflow line was about 1 cm above the 

sediment-water interface (Lavrentyev et al., 2000; Gardner and McCarthy, 2009). Each sediment 

core was wrapped in aluminum foil to prevent light effects. Two 8-channel peristaltic pumps 

were used to supply the overlying core water with a constant flow of unfiltered reservoir water. 

Because the western basin is well-mixed and does not usually experience bottom-water hypoxia, 

aquarium bubblers were used to maintain reservoir water at atmospheric equilibrium throughout 
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the incubation. Sediment cores were incubated at ~20°C, reflecting a general average of in situ 

bottom water temperatures over the sampling season. Previous work has shown that our 

incubation approach maintains in situ redox dynamics as well as an intact microbial community 

(Bernot et al., 2003). 

Nitrogen removal and recycling rates were measured using a well-established, 

continuous-flow protocol (e.g., An et al., 2001; Gardner et al., 2006; McCarthy et al., 2007; 

McCarthy et al., 2015; McCarthy et al., 2016; McTigue et al., 2016; Hoffman et al., 2019). 

Treatments for each incubation included duplicate cores for: (1) unamended control for net 28N2, 

+ - -net DO (sediment oxygen demand), and nutrient (NH4 , NO2 , NO3 , urea, and ortho-P) fluxes; 

-(2) 15NH4
+ tracer addition for possible anammox rates; and (3) 15NO3 tracer addition for 

-potential denitrification, dissimilatory NO3 reduction to NH4
+ (DNRA), and N fixation rates. 

Reservoir water flowed into the overlying water column of each core at ~1.35 mL/min (water 

residence time ~5 h; An et al., 2001). Once continuous-flow was initiated, sampling commenced 

at least 12 hours later to allow the system to establish steady-state. Nutrient and dissolved gas 

samples were collected once daily for three days from both inflow reservoirs and outflows to 

determine fluxes and transformation rates. 

Dissolved gas samples were analyzed immediately for 28,29,30N2, O2, and Ar using 

membrane inlet mass spectrometry (MIMS; Kana et al., 1994; An et al., 2001). When core 

incubations were conducted remotely (August 3-6, 2016, and July 11-13, 2017), dissolved gas 

samples were collected to overflowing in 15 mL ground-glass stoppered test tubes (Chemglass), 

preserved with 200 µL of 50% (w/v) ZnCl2, stored submerged in 4 L Nalgene bottles, and 

analyzed within one week using MIMS (McCarthy et al., 2015). After collection, filtered nutrient 
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samples were frozen at -20°C until analysis on a Lachat QuikChem 8500 Flow Injection 

Analysis system using manufacturer protocols. 

Data Calculations 

Maumee River discharge rates and loading data (including nutrient concentrations) from 

2016 and 2017 were obtained from Heidelberg University’s National Center for Water Quality 

Research in May 2019 (NCWQR; www.heidelberg.edu/academics/research-and-

centers/national-center-for-water-quality-research). 

Dissolved gas and nutrient fluxes were calculated for each core and sampling event (n = 6 

per incubation and treatment). A positive 28N2 flux (net N2 production) in unamended cores 

indicated that the combination of denitrification and anammox exceeded N fixation, and vice 

versa. The sum of the fluxes of all N2 species (28,29,30N2), plus any calculated N fixation occurring 

simultaneously (calculated from 15NO3
--amended cores; An et al., 2001), represented potential 

denitrification. In 15NH4
+-amended cores, a positive 29N2 flux indicated possible anammox. We 

refer to “possible anammox” because the production of 29N2 via anammox cannot be 

distinguished in our system from nitrification of added 15NH4
+ to 15NOx combined via 

denitrification with in situ 14NOx to form 29N2 (Hoffman et al., 2019). We used the NO3
--induced 

NH4
+ flux approach (NIAF; see McCarthy et al., 2016) as an indirect proxy for DNRA in Lake 

Erie sediments. 

Dissolved gas concentrations (N2, O2, and Ar) were calculated using temperature-

controlled water bath standards at 20°C and 30°C. These standards were compared with 

saturation tables of the dissolved gases at those temperatures, and measured signals were 

corrected for instrument drift (Kana et al., 1994). The instrument drift calculated from air-
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saturated standards was used to adjust N2/Ar and O2/Ar measurements, and the resulting ratios 

were multiplied by the saturation concentration of Ar at 20°C (the temperature of the water bath 

containing the MIMS inlet) to obtain N2 and O2 concentrations (Kana et al., 1994). The MIMS 

used in this study does not exhibit the oxygen effect observed by Eyre et al., (2002) and does not 

require installation of a furnace to neutralize this effect (Kana and Weiss, 2004). The signal at 

mass 30 is constantly monitored during sample analyses, and no significant (relative to analytical 

precision) mass 30 production was observed in unamended cores throughout the study. Also note 

that the incubation system used here violates several assumptions (see Eyre et al., 2002) of the 

isotope pairing technique for estimating denitrification (Nielsen 1992) and thus cannot be applied 

to our results (Hoffman et al., 2019). 

Fluxes were calculated (Lavrentyev et al., 2000) by subtracting inflow solute 

concentrations from outflow concentrations and dividing by the water flow rate (measured daily, 

L/hr) multiplied by sediment core surface area (0.0045 m2; Lavrentyev et al., 2000; McCarthy et 

al., 2016). A negative flux indicated movement of solute into sediments, and a positive flux 

represented efflux out of sediments into overlying water. Fluxes of 28,29,30N2 were then used, 

along with the abundances of 29,30N2 relative to the total N2 pool, to calculate N fixation and 

denitrification simultaneously (An et al., 2001). 

Functional gene analysis 

Quantitative PCR (qPCR) functional gene analysis was conducted from sediment 

subsamples collected during each sampling event. Subcores were collected in the field using 10 

or 20 mL cut-off syringes, pre-treated with DNA Away (Thermo-Fisher) to prevent nucleic acid 

contamination, and stored at -80°C until analysis. DNA was extracted using the MoBio 
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PowerSoil Total RNA Isolation kit and the DNA Elution Accessory, according to manufacturer 

-instructions. Functional gene subunits for denitrification (nirS – NO2 reductase) and N fixation 

(nifH – nitrogenase) were quantified. 

Plasmid standards for qPCR were constructed from cleaned and cloned PCR amplicons. 

PCR temperature protocols, along with primer names and sequences, are described in Electronic 

Supplementary Material (ESM) Table S2. The nirS PCR reaction contained 2 µL DreamTaq 

Green buffer (Fisher Scientific), 2 µL of 10 µM primer, 50 ng/µL DNA, and nuclease-free water 

per 20 µL reaction. The nifH PCR reaction contained 2 μL DreamTaq Green buffer, 2 μL of 2 

mM dNTP, 0.25 μL DreamTaq enzyme, 2.5 μL of 10 μM primer, 100 ng/μL DNA, and nuclease 

free water to complete a 20 μL reaction. Amplicons were visualized via electrophoresis in a 1% 

agarose gel, and PCR bands corresponding to the amplicon length were excised and cleaned 

using the Promega Wizard SV Gel and PCR Clean-up System. Cleaned product was then cloned 

into E. coli using the TOPO vector kit (Invitrogen) according to manufacturer instructions, and 

the resulting plasmid was isolated and cleaned using the MoBio UltraClean Standard Mini 

Plasmid Prep kit. 

qPCR analysis followed the temperature protocols shown in ESM Table S2. The 

qPCR reaction included 10 μL Fast SYBR Green, 2 μL of 10 μM primer, 20 ng/μL 

DNA, and nuclease free water to complete a 20 μL reaction for nirS, and 10 μL Fast SYBR 

Green, 2.5 μL of 10 μM primer, 40 ng/μL DNA, and nuclease free water to complete a 20 μL 

reaction for nifH. Each assay contained triplicates of the no template controls, six standards, and 

each sample. Amplicon specificity was confirmed by melting curve analysis. Copies of the 

functional gene per 20 to 40 ng of DNA were quantified from the standard curve threshold cycle 

(Ct) values when the r2 was at least 0.985, efficiency was between 0.9 and 1.1, and negative 
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controls were not detected during the reaction. Gene copy numbers were quantified (Newell et 

al., 2016) and converted to gene copy numbers per gram (wet weight) of sediment. 

Statistical Analyses 

Statistics were performed in R (version 3.6.2, R Core Team) using Spearman’s Rank 

Correlation Coefficient (ρ) in the ggpubr package (Kassambara, 2018) to evaluate correlations as 

data were not normally distributed ( ESM Table S1). Comparisons of variables between the 

different sites in 2016 and 2017 were conducted using a one-way ANOVA with a Tukey’s post-

hoc analysis (car package; Fox and Weisberg, 2019). 

Results 

Ambient nutrients 

Sonde measurements, including temperature, dissolved oxygen (DO), and chl-a 

fluorescence, are shown in Table 1. There was no difference between surface and bottom 

temperatures (ANOVA, p = 0.68) or DO concentrations (p = 0.20), indicating no water column 

stratification or hypoxia throughout the two sampling seasons. There was also no difference 

between surface and bottom water chl-a concentrations (p = 0.58). 

Overall, ambient nutrient concentrations (Table 2) were higher in 2017 than in 2016, and 

+highest concentrations generally occurred earlier in the season. In 2016, surface water NH4 

concentrations ranged from 0.086 µM at WE2 on July 13 to 5.95 µM at MB18 on August 3. 

Bottom water NH4
+ concentrations ranged from 0.226 µM at WE2 on October 17 to 7.87 µM at 

WE2 on September 19. In 2017, both surface and bottom water NH4
+ concentrations ranged from 

below the detection limit (0.04 µM) at MB18 on October 3 to 7.24 µM at the surface and 7.27 

11 



  

                  

                 

                  

                

   

           

                 

                 

                 

                 

                 

                 

                

                 

                   

                  

                 

    

             

                

                 

                   

-µM at the bottom on July 11, also at MB18. NO2 was always detectable in both surface and 

bottom water samples but was usually less than 3 µM (Table 2). Exceptions occurred on May 18, 

2016, when surface and bottom water samples at WE4 and WE13 were 7.29 µM, and on July 11, 

-2017, at MB18, when surface and bottom waters had NO2 concentration of 11.2 µM and 10.8 

µM, respectively. 

Nitrate concentrations were the most variable and not different between depths 

(ANOVA; p = 0.948), but there was a difference between years (ANOVA; p = 0.007). In 2016, 

-surface water NO3 concentrations ranged from 1.62 µM at WE13 on August 10 to 53.4 µM at 

MB18 on July 13, and bottom water concentrations ranged from 2.75 µM at WE13 on August 10 

-to 66.1 µM at MB18 on August 3. In 2017, surface and bottom water NO3 concentrations ranged 

from 0.014 and 0.078 µM, respectively, at MB18 on October 3, to 487 and 481 µM, respectively, 

at MB18 on July 11. Urea concentrations were higher in 2016 than 2017 (Table 2). In 2016, 

surface water urea concentrations ranged from 0.279 µM at WE13 on May 18 and MB18 on 

August 3 to 6.20 µM at MB18 on July 13. Bottom water urea concentrations ranged from 0.414 

µM at WE13 on May 18 to 2.15 µM at MB18 on September 19. In 2017, surface water urea 

concentrations ranged from 0.304 µM at WE13 on August 2 to 4.95 at MB18 on July 11, and 

bottom water concentrations ranged from 0.289 µM at WE4 on October 20 to 6.18 µM at MB18 

on August 9. 

Surface and bottom water concentrations of ortho-P were not different between depths or 

years. In 2016, surface and bottom water concentrations of ortho-P ranged from 0.025 at WE4 on 

June 28 to 1.13 µM at WE13 on October 3 (Table 2). In 2017, surface water ortho-P 

concentrations ranged from 0.010 µM at WE4 on June 9 to 1.76 µM at MB18 on July 11, and 
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- -

bottom water concentrations ranged from 0.028 µM at WE13 on July 14 to 1.94 µM at MB18 on 

July 11. 

Sediment oxygen demand (SOD) 

SOD generally decreased with distance from the river mouth; however, in October 2017, 

WE13 had the highest SOD, and MB18 and WE2 had the lowest. SOD ranged from 312 ± 12.8 

µmol O2/m2/hr at WE13 in July 2017 to 2160 ± 291 µmol O2/m2/hr at MB18 in July 2017 (Figure 

3). SOD at MB18 was higher than at WE2, WE4, and WE13 (ANOVA; p < 0.001). SOD was 

positively correlated with net NH4
+ (ρ = 0.792, p < 0.001) and ortho-P fluxes (ρ = 0.728; p < 

-0.001) but negatively correlated with net NO3 fluxes (ρ = -0.360; p = 0.044). 

Sediment-water interface nutrient fluxes 

Bioavailable dissolved N fluxes (NH4
+; NO2 , NO3 , urea; Figure 2; Table 3) were 

obtained from unamended cores, where positive values indicate nutrient release from sediments, 

and negative values represent influx from overlying water into sediments. In 2016, sediments 

+were, on average, a net NH4
+ source at all sites, whereas 2017 had lower average net NH4 

fluxes, and WE13 was a net NH4
+ sink. The largest efflux occurred in September 2016 at MB18 

(154 ± 22.1 µmol N/m2/hr), and the largest NH4
+ influx was observed in August 2017 at site 

WE4 (-12.9 ± 6.90 µmol N/m2/hr). Net NH4
+ fluxes were significantly greater at MB18 than at 

WE2 and WE13 (ANOVA; p = 0.003). 

-Sediments usually exhibited net NO3 uptake in unamended cores, but low rates of efflux 

also occurred on some occasions. Lower fluxes (e.g., < 50 µmol N/m2/hr) were often 

-characterized by large variability, with duplicate cores sometimes exhibiting opposite NO3 flux 
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-directions. Net NO3 fluxes ranged from -222 ± 117 µmol N/m2/hr at MB18 in July 2017 to 22.4 

-± 7.42 µmol N/m2/hr at MB18 in October 2017. Net NO3 fluxes were different between MB18 

-and WE2 (ANOVA; p = 0.005). Net NO3 fluxes were negatively correlated with net NH4
+ fluxes 

-(ρ = -0.464; p = 0.008; Table S3). Net NO2 flux direction was variable in unamended cores, but 

-both net NO2 uptake and efflux generally occurred at low rates in both years. The largest net 

-NO2 uptake occurred in July 2017 at MB18 (-31.5 ± 11.5 µmol N/m2/hr), and the largest net 

efflux occurred in October 2016 at MB18 (8.12 ± 2.96 µmol N/m2/hr). 

The direction of net urea fluxes varied at all sites except MB18, which always exhibited 

net efflux. In both years, however, sediments were, on average, a net source of urea at all sites 

(Table 3). Net urea effluxes peaked at MB18 in July 2017 (26.5 ± 7.13 µmol N/m2/hr) and were 

-negatively correlated with net NO3 fluxes (ρ = -0.454; p = 0.009; ESM Table S3) and positively 

correlated with net NH4
+ fluxes (ρ = 0.477; p = 0.006). 

In 2016, sediments were a net source of ortho-P (Table 3) at all sites and times except 

WE13 in June and October. In 2017, sediments were a net source of ortho-P at all sites and 

times. Net ortho-P fluxes generally decreased from Maumee Bay into the western basin. The 

largest ortho-P efflux occurred at MB18 in July 2017 (13.0 ± 2.06 µmol P/m2/hr). Net ortho-P 

fluxes were significantly higher at MB18 than at all other sites (ANOVA; p < 0.001), and 

positively correlated with net NH4
+ fluxes (ρ = 0.624; p < 0.001; Table S3). 

N2 transformations 

Net N2 fluxes are reported as either negative (net N fixation) or positive (net 

denitrification) values. Both processes occur simultaneously (An et al., 2001), and the net value 

represents the relative balance between them. Using net 28N2 fluxes from unamended cores, 
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-along with calculated N fixation rates from 15NO3 cores, the best estimate of in situ 

denitrification was determined by adding the calculated N fixation rate, if any, to net 28N2 fluxes 

(Figure 4a). Net N fixation was observed at MB18 in July 2016 (-166 µmol N/m2/hr), WE2 in 

April 2017 (-25.5 µmol N/m2/hr), and WE4 in May 2016 (-30.6 µmol N/m2/hr) and June 2017 (-

13.9 µmol N/m2/hr). All other sites and dates showed net denitrification. However, mean best 

estimate denitrification rates for each site over both years were all positive, confirming that 

western basin sediments acted as an overall net N sink. 

Potential denitrification (Figure 4b) was determined as the sum of 28,29,30N2 production 

-plus any calculated N fixation in 15NO3 amended cores. On average, potential denitrification was 

higher at every site in 2016 than 2017, and 2016 had higher average potential denitrification rates 

overall (180 ± 22.4 µmol N/m2/hr) than 2017 (84.5 ± 17.4 µmol N/m2/hr; ANOVA, p = 0.003). 

Potential denitrification and the best estimate of in situ denitrification were not different (p = 

0.124), indicating that sediment denitrifiers were generally operating at capacity and could not 

accelerate N2 production at higher N loads. Potential denitrification was positively correlated 

with net ortho-P flux (ρ = 0.386; p = 0.029; ESM Table S3), net NH4
+ flux (ρ = 0.488; p = 

+0.005), and SOD (ρ = 0.792; p < 0.001) from unamended cores. Production of 29N2 from 15NH4 

amendments (possible anammox) ranged from 0.43 to 32.4 µmol N/m2/hr (data not shown). 

Across all sites, possible anammox contributed an average of 14% of total N2 release from 

sediments, with a maximum of 47% in October 2017 at WE2 (data not shown). 

Calculated N fixation (Figure 4c) did not differ between 2016 and 2017. When detected, 

sediment N fixation rates ranged from 6.30 ± 3.62 µmol N/m2/hr at WE2 in October 2017 to 239 

± 119 µmol N/m2/hr at WE4 in June 2016. There were also no differences between sites 

(ANOVA, p = 0.33). Calculated N fixation rates were positively correlated with SOD (ρ = 0.355; 
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-p = 0.046; ESM Table S3) but negatively correlated with net NO3 flux (ρ = -0.423; p = 0.016) 

from unamended cores. 

Functional gene analysis 

Functional gene abundances were calculated in terms of genes per gram of wet sediment. 

The average water content of the sediment was 43.6%. Denitrifier abundance (Figure 5a), 

calculated using nirS gene abundance as a proxy, was higher in 2016 than 2017 (ANOVA, p < 

0.001). Gene copy numbers in 2016 ranged from 7.35 x 1010 to 1.5 x 1012 copies nirS/g sediment. 

Copies in 2017 ranged from 5.09 x 109 to 1.07 x 1011 copies nirS/g sediment. The greatest 

abundance of nirS copies was observed at MB18 in all cases except July 2017, when WE2 had 

the most gene copies. Copy numbers generally decreased from spring to late summer for MB18 

and WE2, but the opposite trend was observed at WE4 and WE13. Sediment nirS copies were 

positively correlated with potential denitrification rates (ρ = 0.597, p < 0.001; ESM Table S3). 

Gene copies of nifH (Figure 5b) in sediments were quantified as a proxy for (likely 

heterotrophic) N fixers. Abundance of the nifH gene was higher in 2017 versus 2016 (ANOVA, 

p = 0.018). Copies of nifH ranged from 6.57 x 106 to 3.73 x 109 copies nifH/g sediment in 2016 

and 1.24 x 107 to 1.04 x 1010 copies nifH/g sediment in 2017. Like nirS, copies of nifH were 

higher at MB18 in all cases except July 2017, when WE13 exhibited the most nifH copies. No 

relationship was observed between nifH gene copies and calculated N fixation rates (ρ = 0.249, p 

= 0.177). However, nifH gene copies were negatively correlated to the best estimate of 

denitrification in unamended cores (ρ = -0.383, p = 0.034). 

Discussion 
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This study showed that sediments in western Lake Erie play a key role in aerobic and 

anaerobic nutrient cycling, which are important factors driving phytoplankton community 

structure and biomass (Forsberg, 1989). Even in lakes where bottom waters are not hypoxic, the 

oxic-anoxic interface can occur very near the sediment surface, especially in highly productive, 

eutrophic lakes, making anaerobic processes very pertinent (Brune et al., 2000). Maumee River 

nutrient loads drive water column productivity and HABs (Baker et al., 2014; Kane et al., 2014; 

Stow et al., 2015), as well as internal nutrient cycling within the sediments and water column. 

Precipitation amounts (ESM Figure S1a) and Maumee River discharge rates (ESM Figure S1b) 

were higher in 2017 (larger bloom) than in 2016 (smaller bloom), which led to higher suspended 

sediment and nutrient loads. Temperature can also affect internal nutrient cycling (Seitzinger, 

1988). Average water temperatures were higher in 2016 (21.5°C) than in 2017 (20.6°C), which 

coincided with higher average in situ denitrification rates. Higher nutrient loads perpetuate 

HABs (Paerl and Otten, 2013), but the overall effect of higher loading on sediment nutrient 

dynamics is not fully understood. Determining whether sediments are a net source or sink of 

reactive N and P, both temporally and spatially, and understanding the physical-biogeochemical 

mechanisms involved, are imperative for building modern ecosystem models that can be used to 

help resolve eutrophication and HABs. 

Sediment oxygen demand (SOD) 

SOD can be used as a proxy for microbial remineralization of organic-rich detritus (e.g., 

Seiki et al., 1994). In western basin sediments, average SOD typically decreased with increased 

distance from the river mouth. SOD was also higher in 2016 than in 2017 (ANOVA, p = 0.005), 

which could be explained in part by differences in phytoplankton community composition. In 
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2016, the Microcystis bloom was less extensive than in 2017 (Chaffin et al., 2018b), and 

phytoplankton FluoroProbe data from the NOAA western basin monitoring program showed that 

diatoms comprised 35% of the total phytoplankton biomass in 2016, versus only 14% in 2017 

(David Fanslow, NOAA-GLERL, personal communication). Diatoms rapidly sink to the 

benthos, where they provide organic matter for remineralization (Smetacek, 1985). In contrast, 

cyanobacteria biomass, especially colony-forming species, is often remineralized in the water 

column (Gardner and Lee, 1975), which could lead to lower denitrification and P burial rates at 

the sediment – water interface. Denitrification and P burial are important ecosystem services 

provided by lacustrine sediments, and disruption of these services (e.g., via benthic-pelagic 

decoupling; Carrick et al., 2005) could further exacerbate eutrophication. 

Differences in system residence time relative to transport of organic matter from the 

western to central basin may also play a role in observed SOD patterns. Precipitation and 

discharge volumes were higher in 2017 than 2016, likely resulting in shorter residence times in 

2017 (Romo et al., 2013). Therefore, labile organic matter (biomass) may have been transported 

farther into the western and central basins in 2017. This pattern was observed during the 2011 

Microcystis bloom, which was transported into the central basin (Michalak et al., 2013). SOD 

typically decreases with increasing water depth because less organic matter reaches the 

sediment-water interface due to water column remineralization (Clough et al., 2005), especially 

during HABs (Gardner and Lee, 1975), and this relationship was also observed within the 

western basin. In 2016, we speculate that the relatively lower cyanobacteria biomass, in 

conjunction with the higher proportion of diatoms and longer residence time, promoted delivery 

of phytoplankton biomass to western basin sediments, resulting in higher SOD. In contrast, 
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disruption of benthic-pelagic coupling in 2017, via phytoplankton community structural changes 

in conjunction with a shorter residence time, resulted in lower observed SOD. 

Sediment nutrient fluxes 

Unamended cores were used to characterize overall nutrient fluxes (Table 3) from 

western Lake Erie sediments. While there was not a distinct spatial pattern between dissolved 

nutrient fluxes, MB18 always had the largest flux for every measured nutrient, whether positive 

or negative. Even when sediments were a net sink for dissolved water column N, NH4
+ and urea 

were released from the sediments into overlying water, most likely due to organic matter 

remineralization (Berman et al., 1999). These internal sources of chemically reduced could help 

maintain phytoplankton and HAB growth. NH4
+ is the most energetically favorable N form for 

primary producers, including cyanobacteria (Glibert et al., 2016), and cellular NH4
+ deficiency 

stimulates assimilation of other N forms (Herrero et al., 2001). Cyanobacteria can also 

outcompete other phytoplankton and microbes for NH4
+ (Blomqvist et al., 1994; Hampel et al., 

2018), which makes the efflux of these chemically reduced N forms important for productivity 

and HABs in eutrophic systems (Glibert, 2017). NH4
+ also increases the growth and toxicity of 

Microcystis (Donald et al., 2011; Monchamp et al., 2014; Gobler et al., 2016; Chaffin et al., 

2018a), which cannot fix atmospheric N and is the main bloom-forming organism in western 

Lake Erie and many other eutrophic systems. Urea can be metabolized by cyanobacteria, 

+including Microcystis, as a source of bioavailable N (Belisle et al., 2016) by hydrolysis to NH4 

within the cell (Mackerras and Smith, 1986). Both NH4
+ and urea additions have stimulated 

increased chlorophyll-a concentrations in many eutrophic lakes (e.g., Donald et al., 2011), as 

well as higher microcystin production (Davis et al., 2015; Chaffin et al., 2018a). Overall, the 
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continuous flux of NH4
+ and urea from the sediments may help explain why Microcystis remains 

dominant in Lake Erie during late summer, when ambient N concentrations are low and N-

limited growth has been documented (Chaffin et al. 2014). 

-For DNRA, NIAF, as total NH4
+ flux in 15NO3 amended cores less total NH4

+ flux in 

unamended cores (McCarthy et al. 2016), was used as a proxy. When observed as a positive 

value (15 of 32 incubations), NIAF accounted for, on average, ~80% of total NH4
+ flux from 

-sediments amended with 15NO3 , suggesting that DNRA could be active in western basin 

sediments (McCarthy et al., 2016). We could not confirm the importance of DNRA relative to 

denitrification or sediment NH4
+ flux without isolating 15NH4

+ from reduced organic N forms 

(e.g., by chromatography; Gardner et al., 2006; Lu et al., 2020). 

Unlike NH4
+ and urea, net NO3 flux was usually into sediments. Net NO3 uptake often 

occurred in conjunction with net in situ denitrification rates, indicating direct denitrification of 

NO3 from overlying water (Mulholland et al., 2008; Nogaro and Burgin, 2014). Net NO3 efflux, 

on the other hand, could indicate uncoupled nitrification – denitrification or nitrification 

-exceeding denitrification. Net NO2 fluxes in unamended cores were relatively low, and there 

-was no pattern in the flux direction (negative or positive). NO2 is an intermediate product of 

both nitrification and denitrification (Lomas and Lipschultz, 2006) and can be released or 

assimilated. However, NO2 is typically oxidized to NO3 or reduced to NO very quickly via 

nitrification and denitrification, respectively, due in part to its toxicity to many microbes (Stein 

and Arp, 1998). 

We hypothesized that sediments would be a consistent source of ortho-P, and that was 

true for all but two sampling events (both in 2016 at WE13). Ortho-P was released despite the 

existence of oxic overlying water. Ortho-P release without hypoxic/anoxic bottom water is likely 
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+explained by remineralization of organic matter, as both ortho-P (ρ = 0.728, p < 0.001) and NH4 

fluxes (ρ = 0.792, p < 0.001) were correlated with SOD and to one another (ρ = 0.624, p < 0.001; 

Figure 6; ESM Table S3). Lower microbial activity (e.g., remineralization) at WE13 could 

account for ortho-P influx observed in both early summer and fall. This site is farthest from the 

Maumee River discharge and exhibited lower SOD versus other sites (Figure 3). These results 

support those from other lakes, where ortho-P fluxes were lower in winter, presumably due to 

low biological activity (Holdren and Armstrong, 1980), and lower farthest from nutrient inputs 

(McCarthy et al., 2007; 2016). Ortho-P release from sediments can contribute to primary 

production and HABs, and in situ ortho-P fluxes in this study were comparable to those 

measured previously in Lake Erie (Matisoff et al., 2016) and elsewhere (McCarthy et al., 2007; 

McCarthy et al., 2016). 

Sediment N2 dynamics 

Denitrification and anammox are key pathways to naturally reduce N over-enrichment in 

aquatic systems (Seitzinger, 1988), while N fixation provides new, bioavailable N (Schubert et 

al., 2006). Denitrification and anammox are beneficial ecosystem services because bioavailable 

N is reduced to N2, which is then released to the atmosphere. All three processes occur 

simultaneously in sediments, and isotope additions can help disentangle these pathways in some 

cases. As hypothesized, possible anammox rates were always observed; however, the rates were 

low relative to denitrification (14% of potential denitrification rates), similar to results from 

Missisquoi Bay, Lake Champlain (8%; McCarthy et al., 2016). Possible anammox rates 

decreased with distance from the river mouth, although we cannot confirm anammox activity 

with the incubation approach used here, and abundance of the anammox-associated hzo gene, 
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encoding hydrazine oxidoreductase, was not quantified. Therefore, while measured net N2 

production includes denitrification and any anammox, we heretofore include any possible 

anammox when referring to denitrification. 

The best estimates of in situ denitrification (i.e., net 28N2 flux in unamended cores plus 

any calculated N fixation) were used from each sampling event to determine whether the 

sediments were providing an ecosystem service via N removal. Net N fixation was observed at 

WE4 in May 2016 and June 2017, MB18 in July 2016, and WE2 in April 2017. Net 

denitrification was observed at all other sites and times. This contrasts to our hypothesis that 

there would be net N fixation in the spring followed by net denitrification throughout the 

-summer and fall. Denitrification is limited by NO3 and organic matter availability (Ward et al., 

2009), and a pattern of early season net N fixation followed by net denitrification in the western 

-basin suggested early season limitation by either NO3 or organic matter. However, with high 

-spring discharges and NO3 loads entering Maumee Bay, it is more likely that organic matter was 

transported offshore and settled at sites farther from the river mouth, thus making organic matter 

the limiting factor of denitrification. The system then switched to net denitrification once there 

was sufficient labile organic matter. Future studies are needed to improve spatial and temporal 

resolution and attempt to constrain factors controlling the relative distributions of denitrification 

and N fixation in western Lake Erie and elsewhere. 

Potential denitrification was calculated in the 15NO3
--amended cores to determine the 

-capacity of sediments to conduct denitrification when NO3 was not limiting. Potential 

denitrification rates were higher in 2016 than 2017. Rates also peaked in mid-summer (July – 

August) at every site except WE4 in June 2016 and were similar to those measured in other 

freshwater systems using similar methods (e.g., McCarthy et al., 2007; Scott et al., 2008). Lower 
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-ambient NO3 concentrations and N2 effluxes in October of both 2016 and 2017 (when potential 

-denitrification rates exceeded net in situ N2 fluxes) reflect NO3 limitation of denitrification. 

During the rest of the year, however, potential denitrification and net in situ denitrification were 

not different (ANOVA; p = 0.588), suggesting that denitrifiers were not responsive to additional 

-NO3 loads, and excess N from external loads was not being denitrified as efficiently. Sediment 

nirS gene copy abundance across all sites and sampling events was correlated with potential 

denitrification rates, confirming that increases in potential denitrification rates were accompanied 

by increased genetic potential. 

Sediment N fixation by heterotrophic bacteria can occur regardless of bottom and 

porewater N concentrations (Knapp 2012; Newell et al., 2016) and may contribute to total N in 

aquatic systems. Positive N fixation rates were observed even when high DIN concentrations 

were present in the water column, supporting observations from other aquatic systems (Gardner 

et al., 2006; Fulweiler et al., 2007; Knapp, 2012; Foster and Fulweiler, 2014; Newell et al., 2016) 

and demonstrating that heterotrophic sediment N fixation is not necessarily sensitive to DIN 

concentrations. Calculated sediment N fixation rates were highest at MB18, which also tended to 

have the highest dissolved nutrient concentrations. N fixation rates and nifH gene abundance 

were only correlated at MB18 and WE2 (ρ = 0.578, p = 0.019). 

Ability of western basin sediments to remove bioavailable N 

Lake Erie is defined by three separate basins, and the western basin is the shallowest, 

warmest, and most productive (Ludsin et al., 2001). The western basin also exhibits the highest 

sedimentation rates due to high suspended solids loads from the Maumee and Detroit rivers 

(Kemp et al., 1977; Yuan et al., 2018). To scale measured N removal and N and P internal 
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loading rates for the entire western basin, each sampling site was designated to represent a 

specific section of the basin (ESM Figure S2). MB18 represented Maumee Bay, under direct 

influence of the river, and was the smallest, with an estimated surface area of 78 km2, followed 

by WE2, with a surface area of 300 km2, and WE4 and WE13 occupied the rest of the western 

basin with equal surface areas of 1301 km2. Scaling results obtained from four locations within 

the entire basin is, of course, subject to uncertainties and assumes that these sampling locations 

are representative of the basin as a whole. For the rest of the basin (e.g., areas on the Canadian 

side, which were not available for sampling during this project), large deviations from rates 

measured at these four locations, occurring over very large areas of the basin, would affect the 

estimates presented and interpreted below. However, based on previous work on sediment 

accumulation in western Lake Erie (Kemp et al., 1977; Yuan et al., 2018), we believe that any 

such deviations would have relatively minor effects on results of the scaling exercise. 

Overall, sediments were able to impact nutrient loads coming into the western basin. 

Combined total phosphorus (TP) loads into the western basin from the Maumee and Detroit 

Rivers were 4.26 × 106 kg P in 2016 and 5.74 × 106 kg P in 2017 

(www.heidelberg.edu/academics/research-and-centers/national-center-for-water-quality-

research). Scaled to the entire basin, sediments added 1.85 × 106 and 1.81 × 106 kg ortho-P in 

2016 and 2017, respectively, which are equivalent to 43.5% and 31.5% of the TP load in these 

years, respectively. These estimates are similar to those comparing internal P loads in western 

Lake Erie to target P concentrations of 3.0 – 6.3 µg/L identified by the International Joint 

Commission for the western basin (20 – 42%; Matisoff et al., 2016). 

The annual total nitrogen (TN) load entering the western basin from both rivers was 1.67 

× 108 kg N in 2016 and 1.78 × 108 kg N in 2017 (www.heidelberg.edu/academics/research-and-
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centers/national-center-for-water-quality-research). Sediments added NH4
+ and urea to the water 

column at rates equivalent to 10.9% of the TN load in 2016 and 3.93% in 2017. However, they 

-were a net sink for NOx (NO3 + NO2
-) and had a positive average release of N2 gas, potentially 

removing 4.05 × 107 kg of bioavailable N in 2016 and 1.62 × 107 kg in 2017. Using our best 

estimate of in situ denitrification, and extrapolating to include estimated winter rates (estimated 

to be similar to summer rates; Cavaliere and Baulch, 2018), sediments removed an average of 

34.9% of the TN load in 2016 and 13.4% of the TN load in 2017. These results show that higher 

N loads and lower residence times reduced the ability of Lake Erie sediments to remove 

bioavailable N in 2017. Other studies have also found that high external N loads inhibit 

denitrification efficiency in aquatic systems (Mulholland et al., 2008; Gardner and McCarthy, 

2009). In less extensive bloom years (i.e., 2016), when N removal via denitrification was more 

efficient, internal recycling mechanisms were more important in providing bioavailable N and P 

to the water column (Table 4). Next research steps in western Lake Erie and other impacted 

systems could include incorporating these N cycling process rates into ecosystem models to 

better predict these ecosystem dynamics relative to changes in external nutrient loading and 

global climate change. 

Conclusion 

We quantified nutrient removal and recycling rates in the sediments at four sites in the 

western basin of Lake Erie (Figure 7). Sediments removed 34.9% and 13.4% of the external TN 

load in 2016 and 2017, respectively, via denitrification and, possibly, anammox. N fixation 

occurring simultaneously with denitrification in sediments was a source of bioavailable N from 

sediments throughout the study. As hypothesized, sediments were a net source of NH4
+ (and 
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urea) and ortho-P, which can help sustain Microcystis blooms. Because this study was limited by 

the logistics of safely sampling during the winter and transitional seasons (e.g., early spring and 

late fall), sediment dynamics during ice-over have yet to be evaluated but are critical for 

quantifying annual sediment sinks and nutrient budgets. Emphasis should focus on best 

management practices to reduce non-point, agricultural sources of both N and P. High nutrient 

loads lead to larger HABs, both of which inhibit the efficiency of sediments in removing 

bioavailable N via denitrification and performing a valuable ecosystem service. 
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Tables 

Table 1: Surface and bottom water sonde data from each sampling date and site. Temperature is 

in degrees Celsius, dissolved oxygen is in mg/L, and chl-a fluorescence is reported as µg/L. 

Surface Water Bottom Water 

Site Date Temperature DO Chl-a Temperature DO Chl-a 

MB18 7/13/2016 25.1 8.65 13.4 25.1 8.65 13.4 
8/3/2016 27.2 10.7 2.91 26.8 9.27 3.52 
9/19/2016 21.8 8.33 8.84 21.7 8.23 8.84 
10/17/2016 16.5 9.12 ND 16.5 9.09 0.43 
4/25/2017 14.0 10.5 6.68 14.0 10.0 7.52 
7/11/2017 26.3 8.65 12.6 23.6 7.04 3.40 
8/9/2017 24.0 9.18 4.19 23.0 8.55 3.59 
10/3/2017 18.5 9.58 7.36 18.5 9.51 9.43 

WE2 7/13/2016 25.1 8.32 3.58 24.9 8.21 1.86 
8/3/2016 26.6 9.68 3.34 25.7 6.32 1.23 
9/19/2016 22.1 7.88 1.92 21.9 7.35 0.53 
10/17/2016 16.9 9.24 0.55 16.9 9.23 0.56 
4/25/2017 11.8 11.3 13.6 11.8 11.4 10.1 
7/11/2017 26.1 8.29 1.05 22.8 7.81 1.18 
8/9/2017 23.9 5.74 0.16 23.0 8.23 0.22 
10/3/2017 19.7 9.62 3.27 19.8 8.81 3.52 

WE4 5/18/2016 12.1 10.9 0.85 12.1 10.8 2.62 
6/28/2016 24.2 8.83 1.25 23.3 9.33 0.35 
8/10/2016 26.6 8.02 3.01 25.7 8.53 2.92 
10/3/2016 18.2 8.94 1.58 18.1 8.78 0.16 
6/9/2017 17.9 9.71 0.84 17.6 9.94 1.15 
7/14/2017 23.7 8.57 2.43 23.6 8.28 1.85 
8/2/2017 24.0 9.18 4.19 24.2 5.89 0.20 
10/20/2017 16.1 10.1 0.88 16.1 9.91 1.44 

WE13 5/18/2016 12.0 11.1 1.65 11.9 11.1 4.78 
6/28/2016 23.8 6.67 0.77 22.8 6.77 3.61 
8/10/2016 26.2 8.13 8.44 25.9 8.36 7.19 
10/3/2016 18.8 8.72 1.83 18.8 8.72 0.28 
6/9/2017 18.9 9.64 1.03 18.2 9.53 1.70 
7/14/2017 23.2 8.64 2.03 23.2 8.40 2.14 
8/2/2017 25.4 8.90 0.82 23.8 6.01 0.12 
10/20/2017 16.7 9.97 2.88 16.7 9.60 5.41 
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Table 2: Dissolved water column nutrient concentrations at each sampling site and time. Units 

are in µM N or P. Measurements below the detection limit are reported as BDL. 

Surface Water Bottom Water 

Site Date +NH4
-NO2 

-NO3 Urea Ortho-P +NH4
- -NO2 NO3 Urea Ortho-P 

MB18 7/13/2016 0.20 1.38 53.4 6.20 0.20 2.53 1.42 58.0 1.43 0.14 
8/3/2016 5.95 2.92 50.3 0.28 0.05 2.92 1.52 66.1 1.24 0.07 
9/19/2016 0.49 0.780 9.84 1.30 0.63 0.80 0.57 9.99 2.15 0.79 
10/17/2016 2.06 0.65 27.4 1.05 0.74 1.87 0.74 30.0 1.21 0.80 
4/25/2017 4.60 3.08 228 3.51 1.35 4.60 3.22 241 4.28 1.17 
7/11/2017 7.24 11.2 487 4.95 1.76 7.27 10.8 481 3.71 1.94 
8/9/2017 1.12 1.35 98.7 1.39 0.22 1.41 1.26 97.0 6.18 0.20 
10/3/2017 BDL 0.08 0.01 0.67 0.09 BDL 0.03 0.08 0.53 0.18 

WE2 7/13/2016 0.09 1.44 17.7 4.03 0.09 1.84 0.80 38.4 1.71 0.09 
8/3/2016 0.28 1.61 4.01 1.47 0.05 1.61 0.49 12.2 1.37 0.05 
9/19/2016 2.41 7.87 5.78 1.57 0.89 7.87 0.75 5.68 1.13 0.94 
10/17/2016 0.43 0.74 20.0 0.73 0.38 0.23 0.75 20.4 0.45 0.38 
4/25/2017 3.81 0.75 60.0 2.07 0.10 3.59 0.67 58.5 1.53 0.05 
7/11/2017 1.17 0.68 51.9 1.93 0.10 2.80 0.75 46.5 1.78 0.16 
8/9/2017 1.03 0.74 34.8 3.58 0.04 1.11 0.71 34.6 2.00 0.06 
10/3/2017 0.83 0.65 14.5 0.95 0.13 0.69 0.61 14.6 0.86 0.12 

WE4 5/18/2016 0.83 7.29 6.75 0.44 0.06 1.72 7.29 9.46 0.59 0.05 
6/28/2016 1.58 1.02 23.3 2.42 0.03 1.02 0.64 23.1 0.61 0.03 
8/10/2016 3.20 1.94 8.85 1.15 0.05 1.94 0.79 10.2 2.13 0.08 
10/3/2016 1.86 0.43 18.9 0.94 0.57 1.90 0.43 18.8 0.78 0.56 
6/9/2017 0.30 0.31 31.0 0.70 0.01 0.84 0.29 31.3 1.04 0.03 
7/14/2017 1.21 1.19 37.9 1.17 0.03 1.40 0.82 37.5 0.93 0.03 
8/2/2017 0.99 2.25 93.8 0.93 0.03 0.26 2.37 90.2 1.33 0.04 
10/20/2017 0.41 0.17 14.8 0.33 0.09 0.32 0.17 14.8 0.29 0.09 

WE13 5/18/2016 0.29 7.29 19.7 0.28 0.05 6.04 7.28 15.5 0.41 0.06 
6/28/2016 0.28 0.42 21.9 1.01 0.03 0.42 1.22 27.1 1.27 0.03 
8/10/2016 0.20 0.84 1.62 3.23 0.07 0.84 0.23 2.75 1.27 0.07 
10/3/2016 0.95 2.56 7.83 1.12 1.13 0.91 2.53 7.81 1.21 1.13 
6/9/2017 1.91 0.45 33.1 0.88 0.01 2.88 0.45 33.3 4.40 0.06 
7/14/2017 1.19 0.98 34.7 0.53 0.05 0.56 0.36 34.8 0.71 0.03 
8/2/2017 BDL 0.61 41.0 0.30 0.04 0.28 0.53 35.3 0.71 0.04 
10/20/2017 0.53 0.34 14.6 0.43 0.36 0.47 0.34 14.2 0.42 0.37 

37 



  

              

                

             

            

            

            
            
            
            
            
            
            
            

            
            
            
            
            
            
            
            

            
            
            
            
            
            
            
            
            
            
            
            
            
            
            
            
            

 

 

Table 3: Dissolved water column N and ortho-P fluxes from duplicate unamended cores. A 

positive value indicates an efflux from the sediment, and a negative value shows influx into the 

sediment. SE indicates standard error. Units are in µmol N (or P)/m2/hr. 

Site Date +NH4 SE -NO2 SE -NO3 SE Urea SE Ortho-P SE 

MB18 7/13/16 55.9 20.1 -7.52 3.90 -114 42.4 2.37 2.37 4.37 0.44 
8/3/16 58.6 11.1 -1.71 1.74 -205 69.7 5.73 3.15 1.28 0.48 
9/19/16 154 22.1 0.42 1.09 5.70 10.3 2.77 4.61 5.85 0.78 
10/17/16 119 22.0 8.12 2.96 -53.0 23.8 15.4 2.11 6.17 1.22 
4/25/17 66.1 17.1 -11.7 5.85 -46.7 75.6 9.47 3.78 9.36 1.89 
7/11/17 79.4 33.2 -31.5 11.5 -222 117 26.5 7.13 13.0 2.06 
8/9/17 34.6 3.88 -1.80 2.05 -143 49.9 4.34 2.01 2.93 0.22 
10/3/17 4.82 2.67 3.04 1.35 22.4 7.42 2.50 1.22 1.80 0.49 

WE2 7/13/16 -6.99 12.8 -1.58 0.75 9.53 18.4 -4.44 5.36 2.47 0.62 
8/3/16 32.5 9.29 -0.30 0.21 -26.8 6.36 10.7 5.79 1.20 0.27 
9/19/16 52.7 20.4 -2.57 0.90 -17.8 7.28 12.9 3.70 2.31 0.95 
10/17/16 -13.1 2.43 0.69 1.56 14.6 15.2 -2.64 2.43 2.13 0.51 
4/25/17 -10.6 3.91 -1.67 0.27 12.4 17.7 4.83 5.69 0.56 0.32 
7/11/17 16.2 7.67 3.74 1.69 -49.1 23.2 18.8 3.27 0.31 0.07 
8/9/17 -5.25 1.24 4.17 1.17 -22.2 5.42 1.62 1.93 0.53 0.06 
10/3/17 5.37 2.70 -3.39 1.11 -4.11 2.05 -0.10 0.83 0.47 0.08 

WE4 5/18/16 6.99 2.50 -0.07 0.32 -21.6 3.84 -0.42 0.64 0.71 0.11 
6/28/16 34.0 14.4 -2.26 1.88 -18.0 35.5 -0.22 2.65 3.00 0.94 
8/10/16 42.4 7.68 -2.37 0.39 21.1 1.40 2.58 2.06 1.56 0.34 
10/3/16 117 23.4 2.59 2.76 -79.4 67.8 8.88 1.63 4.47 1.24 
6/9/17 2.95 1.92 0.25 0.11 -5.77 13.4 -3.09 2.37 0.19 0.11 
7/14/17 5.95 3.63 -5.81 1.25 -19.8 4.05 7.90 2.44 0.06 0.10 
8/2/17 -12.9 6.90 0.28 2.71 -115 34.9 6.43 3.89 0.61 0.07 
10/20/17 34.8 10.6 4.91 1.14 8.31 10.9 9.12 1.58 2.37 0.63 

WE13 5/18/16 52.9 24.3 3.10 2.06 -22.7 2.36 1.96 0.25 0.68 0.18 
6/28/16 11.0 2.93 0.11 0.24 -15.7 13.3 5.49 3.48 -0.27 0.49 
8/10/16 7.35 2.31 -0.40 0.19 12.6 10.9 2.54 2.51 0.48 0.13 
10/3/16 5.98 2.08 -10.8 1.46 -0.89 12.8 -0.33 4.22 -1.01 0.92 
6/9/17 -11.9 1.55 0.03 0.20 5.38 19.0 -2.36 0.92 0.68 0.35 
7/14/17 -7.15 2.28 3.19 1.06 12.6 7.96 8.50 4.85 0.14 0.16 
8/2/17 -2.14 1.36 -0.97 2.68 -25.8 28.3 4.07 1.43 0.24 0.12 
10/20/17 11.7 3.67 -1.60 0.86 -9.63 5.65 -3.61 0.94 1.51 0.22 
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Table 4: Preliminary N budget for the western basin of Lake Erie. Units are in 106 kg N/yr. 

Estimated surface areas for extrapolations: MB18 = 78 km2; WE2 = 300 km2; WE4 and WE13 = 

1301 km2. DNF = denitrification, DIN = dissolved inorganic N (NH4
++NO2

-+NO3
-), TN = total 

N, and WB = western basin. Positive rates indicate a net efflux from the sediment, and negative 

rates show a net influx into the sediment. These values were scaled to include the entire surface 

area of the western basin. 

In Situ DNF 

Yearly Average 
2016 2017 
-58.3 -22.3 

Average by Site 
MB18 WE2 WE4 
-0.850 -2.06 -25.4 

WE13 
-21.9 

DIN Flux 
Urea Flux 
Total 

16.3 
1.45 

-40.5 

3.96 
2.17 

-16.2 

0.633 
0.083 

-0.134 

0.322 
0.119 
-1.62 

4.55 
0.622 
-20.2 

1.20 
0.324 
-20.4 

TN Load to WB 
N surplus 

167 
126 

178 
162 

3.66 
3.53 

14.1 
12.5 

61.0 
40.8 

61.0 
40.6 
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Figure Captions 

Figure 1: Map showing sampling locations in the western basin of Lake Erie. Thin lines in the 

lake are international and state boundaries. 

Figure 2: N transformations across the sediment-water interface at each site in the western basin 

of Lake Erie. A positive bar indicates efflux, and a negative bar shows influx. Error bars indicate 

one standard error. 

Figure 3: Sediment oxygen demand (SOD) in the western basin. Error bars indicate one standard 

error. 

Figure 4: N2 transformations across the sediment-water interface in the western basin of Lake 

Erie: (A) in-situ N2 flux (28N2 fluxes + any N fixation), (B) potential denitrification (28N2 + 29N2 

+ 30N2 + any N fixation), and (C) calculated N fixation. Isotope additions were not performed at 

WE4 on October 20, 2017. 

Figure 5: Western basin gene abundance measured in gene copies per gram of wet sediment. nirS 

(A) codes for the nitrite reductase gene in denitrification, and nifH (B) codes for the nitrogenase 

gene in N fixation. 

Figure 6: Linear correlations between (A) NH4
+ fluxes and SOD, (B) ortho-P fluxes and SOD, 

and (C) ortho-P fluxes and NH4
+ fluxes. 
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Figure 7: Conceptual model showing N and ortho-P cycling rates in 2016 and 2017. Rates are 

reported in µmol N, P, or O2`/m2/hr. DNRA was estimated using NIAF as a proxy, as explained 

in methods, and SOD was used as a proxy for organic matter remineralization. 
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