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Abstract (245/250 words) 34 

The Deepwater Horizon disaster released 4.9 million barrels of oil into the Gulf of Mexico. 35 

Despite clear evidence of exposure and toxicity, there has been little evidence of population-level 36 

declines of most nearshore fish and invertebrate populations. Several hypotheses have been 37 

proposed to explain this paradox. Two possibilities include a fishing moratorium following the 38 

spill and reductions in predation pressure following predator die-offs. We tested both using 39 

mass-balance food web models to quantify direct and indirect population sensitivity to 40 

perturbations in fishing pressure and bird and dolphin mortality. In doing so, we developed a 41 

new method allowing us to quantify responses of one functional group to changes in fishing 42 

pressure across all fished groups. We inferred support for a compensatory mechanism, either 43 

release from fishing or predation, when populations modeled without any oil-induced mortality 44 

displayed large increases to negative perturbations in fishing or predation. We found the fishing 45 

moratorium to be the most likely potential mitigating mechanism, especially for penaeid shrimp, 46 

menhaden, and blue crabs. Dolphin mortality may explain the stability of small sciaenids. 47 

Increased seabird mortality did not lead to major changes in any functional group we examined. 48 

The consideration of indirect trophic pathways within the food web model produced a wide 49 

range of plausible population responses, especially responses to increases in predator mortality. 50 

Broadly, this work shows that oil spills are one driver of population dynamics within a broader 51 

socioecological system, and understanding oil spill impacts on populations requires 52 

consideration of this complexity. 53 

 54 
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 57 

Introduction 58 

Unexpected population responses after a high-intensity, short-duration stressor can arise 59 

because focal populations are embedded in a larger system of human and ecological interactions. 60 

Toxicological studies that solely focus on single species are often insufficient to predict 61 

population or community level impacts. More than a decade after the 2010 Deepwater Horizon 62 

Macondo well blowout, we are developing a clearer picture of the impact of the oil spill on 63 

estuarine ecosystems. For nearshore fishes and large-bodied invertebrates (i.e., crabs and 64 

shrimp), there has been a largely consistent finding of significant impacts at the individual or 65 

organismal level but, unexpectedly, minimal or even positive impacts at the population level 66 

(Fodrie et al. 2014). Several hypotheses have been proposed to explain this apparent paradox. 67 

First, even small-bodied marsh fishes are capable of detecting and dispersing away from patches 68 

of crude oil (Martin 2017). Second, short generation times of small-bodied estuarine fishes and 69 

high intrinsic rates of population increase translate to a potential for rapid recovery (Vastano et 70 

al. 2017; Jensen et al. 2019). Third, many fishes and invertebrates are caught as target species or 71 

bycatch in commercial and recreational fisheries, and temporary closure of these fisheries may 72 

have offset mortality from the oil spill (Van der Ham and De Mutsert 2014; Lewis et al. 2021). 73 

Finally, fishes and invertebrates may have experienced predatory release as some of their 74 

important predators, such as birds and dolphins, were impacted by the spill (Short et al. 2017). 75 

While the first two hypotheses have received targeted research attention, the final two have 76 

remained difficult to test across a diversity of estuarine taxa and at realistic spatiotemporal 77 

scales.  78 
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The nearshore waters of the northern Gulf of Mexico contain extremely productive 79 

fisheries, with commercial and recreational catches exceeding all other areas in the United States 80 

(Chesney et al. 2000; Adams et al. 2004; Lellis-Dibble et al. 2008). Valuable estuarine fisheries 81 

along the Gulf Coast drive local economies and are deeply embedded in local culture (Jacob et 82 

al. 2013; Savolainen et al. 2014). Commercial species such as oysters (Crassostrea virginica), 83 

penaeid shrimp (Farfantepenaeus aztecus, Litopenaeus setiferus), blue crab (Callinectes 84 

sapidus), and Gulf menhaden (Brevoortia patronus) are harvested and exported globally, while 85 

abundant, recreationally-important species such as red drum (Sciaenops ocellatus), spotted 86 

seatrout (Cynoscion nebulosus), and flounders (Paralichthys spp.) promote thriving tourism 87 

revenues for Gulf Coast residents. Harvesters and fishery managers both respond to and impact 88 

dynamics of target and bycatch populations in the northern Gulf of Mexico, and these impacts in 89 

turn affect the entire food web, making it a linked socioecological system (Liu et al. 2007; 90 

Murawski et al. 2021). 91 

The 2010 Deepwater Horizon oil spill had impacts on local and regional fishing 92 

communities that may have been strong enough in turn to impact population dynamics of fished 93 

species. Two weeks following the collapse of the drilling platform, the National Oceanic and 94 

Atmospheric Administration (NOAA) initiated closures to nearshore fishing to prevent human 95 

ingestion of oil-contaminated seafood. These closures ranged from around 17,000 km2 96 

(approximately the area of Connecticut) in May 2010 to more than 88,000 km2 later in June 2010 97 

(approximately the area of Maine), representing over a third of Gulf of Mexico federal waters 98 

(Lubchenco et al. 2012). Initial estimates of combined commercial and recreational losses topped 99 

$8 billion (Sumaila et al. 2012). These initial estimates likely overestimated the spill’s long-term 100 

impacts on fisheries, and singling out the impact of the oil spill on fishing effort is challenging 101 
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given the myriad local and global factors fishermen integrate when making decisions, but 102 

recreational catch, shrimp landings, and commercial sales all fell below long-term averages in 103 

2010, indicating a likely short-term reduction in fishing mortality during the most acute phase of 104 

the disaster (Murawski et al. 2021; Swinea and Fodrie 2021). The indirect ecological 105 

consequences of this cessation of fishing remain uncertain and may mask any negative impact 106 

due to oil’s toxicity (Schaefer et al. 2016).  107 

An alternative possibility for reconciling the conflicting individual- and population-level 108 

responses observed for nearshore fishes and large-bodied invertebrates is a release from 109 

predation following high predator mortality (Fodrie et al. 2014). Specifically, exposure to crude 110 

oil released from the Deepwater Horizon induced substantial mortalities and dispersal of 111 

piscivorous predators including bottlenose dolphin (Tursiops truncatus) (Venn-Watson et al. 112 

2015), and seabirds, wading birds, and other marsh-associated shorebirds (Haney et al. 2014). In 113 

some cases, reduced survival rates of these predators were observed up to three years following 114 

the oil spill (Schwacke et al. 2013; McDonald et al. 2017). These species typically exert top-115 

down control on coastal nekton communities and their reduced abundances potentially generated 116 

a degree of release from predatory controls (Fodrie et al. 2014). Predation release has already 117 

been attributed to the large Gulf menhaden recruitment class observed following the spill (Short 118 

et al. 2017). However, translating reductions in predator biomass to changes in predation 119 

mortality and thus abundance of prey is challenging. Measuring change in prey and predator 120 

abundance at the appropriate scales and placing any measured changes in predator abundance 121 

within the broader context of total predation mortality for a prey species presents an additional 122 

challenge. For example, even large changes in predator abundance may not result in measurable 123 
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changes in the size of prey populations if predation by that predator represents a small 124 

component of overall mortality for the prey species. 125 

Ecosystem modeling represents a powerful tool for disentangling multiple impact 126 

pathways as modeling allows us to integrate both the direct impacts of stressors and the indirect 127 

impacts of stressors that are mediated through food web interactions. In this respect, they have 128 

been used to study the impact of stressors such as oil spills (Ainsworth et al. 2018; Lewis et al. 129 

2021), hypoxia (De Mutsert et al. 2016; De Mutsert et al. 2017), ocean acidification (Marshall et 130 

al. 2017), and fishing (Koehn et al. 2017) on populations and communities. The ability of 131 

ecosystem models to account for predator-prey interactions, population dynamics, fisheries, and, 132 

in some cases, biophysical forcing makes them valuable tools for strategic management and can 133 

give scientists and managers a high-level understanding of major risks and drivers in an 134 

ecosystem. Their ability to account for all food web interactions, including ones that may not be 135 

apparently influential, makes ecosystem models particularly useful for generating new 136 

hypotheses and ruling out implausible ones (Fulton et al. 2011). Ecosystem models that account 137 

for such indirect impacts are particularly essential to understand the potential for chemical harm 138 

from stressors such as oil spills because indirect effects may confound laboratory-based 139 

ecological risk assessment by enhancing, masking, or spuriously indicating the direct effect of 140 

chemical contaminants (Fleeger 2020). 141 

 In this study, we use mass-balance food web models coupled with a generalized 142 

equilibrium model to ask whether fishery closures, predator mortality, or both can plausibly 143 

explain patterns of stable or increasing numbers of nearshore fishes and invertebrates following 144 

the Deepwater Horizon oil spill. We quantify the nearshore population responses in two ways to 145 

answer this question: 1) by only including the direct impacts of fisheries or predators and 2) by 146 
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including both the direct impacts and impacts mediated through food web interactions. This 147 

comparison allows us to understand the added benefit of building a whole food web model 148 

instead of a series of simpler population models. 149 

 150 

Methods 151 

We developed a mass-balance food web model to quantify both the direct and indirect 152 

impacts of fishery closures and predator mortality on five major fish and invertebrate groups in 153 

Barataria Bay, Louisiana, USA: penaeid shrimp; blue crabs; small-bodied sciaenids (Atlantic 154 

croaker, spot, and silver perch); red drum; and Gulf menhaden. To explore direct impacts of 155 

fishery closures and predator mortality, we asked what proportion of total mortality of these five 156 

groups (both juvenile and adult life stages) came from 1) fisheries, 2) seabirds, and 3) dolphins. 157 

We then used the food web model to parameterize a generalized equilibrium model (Essington 158 

and Munch 2014) and quantify the indirect effects of changes in fisheries, birds, and dolphins on 159 

the same five groups, but integrated across all food web interactions. The generalized 160 

equilibrium model allows us to ask two important questions of our mass-balance model. First, 161 

how much will the biomass of a prey species change from a specific percent change in the 162 

mortality of one (or several) of its predators? And second, how does this impact of changing 163 

predation mortality compare to changes in fishing mortality on the prey species? Because the 164 

generalized equilibrium model finds analytical solutions to relative changes in equilibrium 165 

biomass, it avoids some of the assumptions and pitfalls associated with fully projecting food web 166 

models through time. 167 

All analyses were done in R version 4.1.0 (R Core Team 2021). Code is available online 168 

at http://github.com/okenk/cwc. 169 
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Developing a mass-balance model 170 

We parameterized our food web model using the Rpath package (Lucey et al. 2020), an 171 

implementation of the Ecopath (Christensen and Pauly 1992) modeling framework in R (R Core 172 

Team 2021). Rpath and Ecopath models are snapshots of food webs that assume equilibrium 173 

mass balance; that is, all biomass produced from the net result of consumption and respiration 174 

equals all mortality from predation, fisheries, and other sources. We did not include migration or 175 

biomass accumulation in our model because we expect, on average, net migration and biomass 176 

accumulation will be equal to zero, and we had no data to inform other values. Food web 177 

dynamics in Rpath are governed by a master equation: 178 

(1) 𝐵𝑖 × 𝑃𝐵𝑖 × 𝐸𝐸𝑖 = 𝐶𝑖 + ∑ (𝐵𝑗 × 𝑄𝐵𝑗 × 𝐷𝐶𝑗𝑖)𝑛
𝑗=1   179 

In equation (1), Bi is the biomass of functional group i, PBi is the production to biomass ratio of 180 

group i (under mass balance, this is equal to total mortality), EEi is the ecotrophic efficiency or 181 

proportion of total production removed by predators and fisheries within the model domain, Ci is 182 

the fisheries catch (including bycatch and discards), QBj is the consumption to biomass ratio for 183 

predator j, DCji is the diet composition, or proportion by mass of prey i in the diet of predator j, 184 

and n is the total number of functional groups. A functional group is a species, species life stage, 185 

or group of species, that have similar life history characteristics, diets, and predators. All 186 

biomasses are in g/m2 (equivalent to metric tons/km2) and all rates are annual. Rpath is able to 187 

solve the resulting system of n linear equations for n unknowns, which means that the user leaves 188 

one parameter undefined for each functional group. In practice, this is often the ecotrophic 189 

efficiency (EE).  190 

 Rpath also allows for separation of functional groups into more than one life history 191 

stage, referred to as “stanzas.” In this case, the user defines the consumption-to-biomass ratio 192 
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and biomass for a single “leading” stanza where those parameters are best informed by data. The 193 

user defines the production to biomass ratio for all life stages, and the von Bertalanffy growth 194 

rate parameter for the stanza as a whole. Rpath then fills in the remaining parameters by 195 

assuming a stable age distribution and a cubic relationship between length and biomass. 196 

Our Rpath model contains four functional groups for primary producers, 30 functional 197 

groups for consumers, (14 of which are broken up into multiple stanzas), and one detrital group 198 

(Table 1, S1). Most parameters are based on De Mutsert et al. (2017) which described the 199 

estuarine waters around the Mississippi Delta and was, importantly, parameterized for a baseline 200 

prior to the Deepwater Horizon oil spill (see Table 1 for sources of all model parameters). We 201 

intentionally parameterized a model for the system before the spill to understand how the system 202 

that existed before the oil spill would react to changes in fishing and predator mortality that the 203 

spill induced. However, a new assessment of resident dolphins in Barataria Bay has since been 204 

completed indicating dolphins are over an order of magnitude more abundant than originally 205 

thought (McDonald et al. 2017). In addition, we included several more predatory species in our 206 

model than De Mutsert et al. (2017): gars, stingrays, wading birds in the families Ardeidae and 207 

Charadriidae, as well as gulls, terns, and skimmers in the family Laridae, the latter of which we 208 

refer to as “gulls and terns” (Table S1). Bird densities in De Mutsert et al. (2017) were based 209 

only one species of pelican (Pelecanus occidentailis). In our model, we included pelicans as well 210 

as taxa historically, though erroneously, included in the Pelecaniformes including frigatebirds, 211 

cormorants, and gannets into a single functional group (Table S1). Colloquially, we refer to this 212 

functional group (pelicans, frigatebirds, cormorants, and gannets; hereafter “pelicans”) and the 213 

functional group that contains gulls, terns, and skimmers (“gulls and terns”) as seabirds. We 214 

based survival (1-PB) and consumption rates on other geographically close Ecopath models and 215 
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biomass on a mix of other models and expert judgement (Table 1). Changes in the species groups 216 

above unbalanced the original De Mutsert et al. (2017) model because production of some prey 217 

fish species was insufficient to meet predator demand. This mismatch is likely because the 218 

updated dolphin biomass is based on a population assessment, which is close to a full census, 219 

while fish biomasses were based on fishery-independent surveys conducted by the Louisiana 220 

Department of Wildlife and Fisheries (LDWF) with much lower catchabilities. In order to 221 

balance the model, we increased biomasses of the leading stanza for the seatrout, sheepshead, 222 

pinfish, and menhaden functional groups from De Mutsert et al. (2017). The increase necessary 223 

to balance the model varied by group and ranged from 20% (menhaden) to a factor of 9 (pinfish).  224 

 225 

Direct impacts of fishing and predation 226 

We first quantified the fraction of total mortality for each of our five functional groups 227 

(both juvenile and adult stanzas for: penaeid shrimp; blue crabs; small sciaenids; red drum; and 228 

Gulf menhaden) attributable to: 1) fishing, and predation by 2) dolphins, 3) pelicans, and 4) gulls 229 

and terns). We chose these five key prey functional groups because research has shown that the 230 

abundance of these fish and invertebrate groups was relatively steady following the oil spill and 231 

they represent some of the most important functional groups in the system, both ecologically and 232 

socially (Ward et al. 2018; Martin et al. 2020). If fishing or predation is a key component of 233 

mortality for these groups, we would expect these fish and invertebrate populations to increase in 234 

abundance following the declines in fishing effort and predator abundance that resulted from the 235 

DWH oil spill. If fishing or predation is a key component of mortality for these groups, the lack 236 

of observed population increases following the spill despite a reduction in these mortality 237 

sources is evidence that oil-induced mortality did occur, but was simply counterbalanced by 238 
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temporary release from other mortality sources. Thus, the predators were selected not because of 239 

their energetic importance in the food web, but because there is evidence of major declines of 240 

these groups following the spill. 241 

 The mortality rate of group i from fishing is calculated as: 𝐶𝑖/𝐵𝑖. The mortality rate of 242 

group i induced exclusively by predation from group j is calculated as: 𝐵𝑗𝑄𝐵𝑗𝐷𝐶𝑗𝑖/𝐵𝑖. Because 243 

each fish and invertebrate group has a different natural productivity, we standardized these 244 

mortality rates by dividing by each group’s production to biomass ratio, PBi. Because PBi is 245 

equivalent to the total mortality rate at mass balance, this standardization provided a metric for 246 

the total proportion of annual mortality arising from each source. Throughout, we refer to this as 247 

the analysis on direct mortality, as it does not account for indirect energy pathways in the food 248 

web. 249 

Generalized equilibrium model 250 

The previous analysis provided a coarse examination of how populations may respond 251 

directly to changing fishing and predation patterns, but we also wanted to take advantage of the 252 

food web model, which allows for consideration of indirect pathways. For example, lower 253 

marine mammal abundance may benefit small-bodied fishes due to reduced predation, but if 254 

marine mammals also consume larger mesopredators of small-bodied fishes, the net result of 255 

lower marine mammal abundance becomes less clear. To account for indirect pathways, we used 256 

our Rpath food web to parameterize a generalized equilibrium model (Essington and Munch 257 

2014, described in detail below). The generalized equilibrium model assumes that the rate of 258 

change of biomass of a given functional group is related to the group’s abundance, population 259 

growth rate, and harvest rate. The growth rate is further related to prey and predator abundances. 260 

We used the generalized equilibrium model to calculate the sensitivity of equilibrium 261 
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abundances to perturbations in other model parameters. While dynamic numerical food web 262 

models (e.g., Ecosim, Rsim, Atlantis) can address similar questions, these models require 263 

extensive tuning of functional responses and then find numerical solutions via a computationally 264 

intensive process. Functional responses define how predator diets respond to changing prey 265 

abundances, and the parameters to define functional responses generally have little to no data 266 

available to inform values. We did not use any of these numerical tools and did not project our 267 

food web model through time. The strength of the generalized equilibrium model is its ability to 268 

easily simulate many different flexible functional response scenarios to better understand a range 269 

of possible results. This is possible because the approach is analytical and very fast to compute.  270 

We quantified how biomass of our five focal functional groups would change following 271 

10% perturbations in the per capita predator growth rate or fishing mortality rate. Specifically, 272 

we calculated the derivative of biomass of each focal functional group with respect to total 273 

fishing effort and the derivative of biomass with respect to the per capita growth rate of each 274 

predator group. The selection of 10% was somewhat arbitrary, but does not impact the relative 275 

differences among the various mortality sources or the direction (positive or negative) of the 276 

responses. We incorporated uncertainty in: 1) predator-dependence of the feeding functional 277 

response, 2) prey-dependence of the feeding functional response, and 3) density-dependence of 278 

the mortality not captured by fishing or predation within the model. One simplification of the 279 

model is that it does not include a dynamic relationship between juvenile and adult functional 280 

groups. To address this simplification, we ran a second set of simulations with juvenile and adult 281 

stanzas combined into one homogenous functional group, weighted by biomass and consumption 282 

rates of the stanzas. These two endpoint configurations bracket the true level of population 283 

connectivity among stanzas of a given functional group.  284 
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The generalized equilibrium model assumes that the per capita rate of population change 285 

of group i, ri, as a function of the vector of biomass for all functional groups, B, is (Essington 286 

and Munch 2014): 287 

(2) 𝑟𝑖(𝑩) =  𝐺𝐸𝑖 ∑
𝑓𝑗𝑖(𝐵𝑗,𝐵𝑖)

𝐵𝑖

𝑛
𝑗=1 − ∑

𝑓𝑖𝑗(𝐵𝑖,𝐵𝑗)

𝐵𝑖

𝑛
𝑗=1 − 𝑀0,𝑖𝐵𝑖

𝛾𝑖 288 

In equation (1), the first term describes biomass gains from consumption, the second term 289 

describes biomass loss from predators, and the third term is other mortality (not fishing or 290 

predation). Bi and Bj are elements i and j, respectively, of vector B. GEi is the gross conversion 291 

efficiency of group i, or the production to consumption ratio (GEi = PBi/QBi). The parameter γi 292 

dictates the density-dependence of the other mortality (e.g., disease, predation and fishing 293 

outside model domain, senescence) and is drawn from a random beta distribution (Table 2). M0,i 294 

scales the other mortality and is equal to mortality not attributed to predation or fishing: PBi – 295 

total predation on group i – harvest of group i.  296 

The functional response fij(Bi, Bj) in equation (1) describes the per prey consumption rate 297 

of prey i by predator j and is approximated as: 298 

(3) 𝑓𝑖𝑗(𝐵𝑖, 𝐵𝑗) = 𝛼𝑖𝑗𝐵
𝑖

𝜃𝑖𝑗𝐵
𝑗

𝜀𝑖𝑗
 299 

where αij is the effective search and capture rate of predator j on prey i, θij describes the prey 300 

dependence (from θij = 1 as a linear response to 0 as a fully saturated response), and εij describes 301 

the predator dependence, also between 0 and 1 (Essington and Munch 2014). The parameters θ 302 

and ε are drawn randomly from distributions for each predator-prey pair (Table 2), and α is 303 

solved for using the values at Ecopath equilibrium for biomass and predator consumption. 304 

 Given equation (2), the rate of total population change can be described as: 305 

(4) 
𝑑𝐵𝑖

𝑑𝑡
= 𝐵𝑖𝑟𝑖(𝑩) − 𝐶𝑖 306 

where Ci is again catch of group i (Essington and Munch 2014). 307 
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In order to determine the ecosystem’s expected reaction to predator mortality and fishery 308 

closures we calculated two quantities based on new derivations from the generalized equilibrium 309 

model: 1) 𝜕𝐵𝑖/𝜕𝑟𝑗 for j as the index for pelicans, gulls and terns, and dolphins, i.e., the change in 310 

equilibrium prey biomass per change in predator productivity and 2) 𝜕𝐵𝑖/𝜕𝐸 where E is relative 311 

fishing effort compared to the effort at mass balance equilibrium. In other words, it is the change 312 

in equilibrium biomass per change in relative fishing effort applied proportionally to all 313 

functional groups. We calculated the derivative at E = 1. The first partial derivative will tell us 314 

the influence of pelicans, birds, and dolphins on focal prey group population dynamics and the 315 

second partial derivative the influence of fishing on the focal populations. To calculate these 316 

derivatives, we introduce Jr(B) as the Jacobian of the per capita production rate, or the matrix of 317 

all partial derivatives 𝜕𝑟𝑖/𝜕𝐵𝑗. Then, based on equations A7 and A13 in Essington & Munch 318 

(2014): 319 

𝜕𝐵𝑖

𝜕𝑟𝑗
= 𝑱𝑟(𝑩)𝑖𝑗

−1 320 

And 321 

𝜕𝐵𝑖

𝐸
= [𝑱𝑟(𝑩)−1𝒔]𝑖 322 

where s is the selectivity vector such that siE = Fi and Fi is the fishing mortality rate of group i. 323 

This allows us to assess the impacts of a proportional decrease in fishing across all functional 324 

groups, not just direct fishing mortality on group i, while still accounting for the fact that some 325 

species experience higher fishing mortality rates than others. We standardize these derivatives by 326 

biomass of the fish or invertebrate functional groups, and, in the case of the response to predator 327 

declines, with respect to predator productivity. This yields a proportional change in biomass of 328 

the prey group for a proportional change in fishing effort or predator productivity. Finally, we 329 
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note that as an equilibrium model, the generalized equilibrium model does not simulate the 330 

ecosystem forward in time, but instead predicts how the equilibrium state of the system will shift 331 

with a perturbation to some component of it. 332 

These novel derivations from the generalized equilibrium model allowed us to quantify 333 

changes in the focal nekton functional groups to 10% decreases in fishing effort applied 334 

proportionally across all fished functional groups simultaneously, thus measuring the effect on 335 

individual functional groups of reducing fishing effort across the entire socioecological system. 336 

We also ran a similar procedure for a 10% decrease in predator per capita growth rate applied 337 

proportionally and simultaneously across all three predator groups. We ran 1000 simulations of 338 

the generalized equilibrium model, randomizing parameters for each pairwise functional 339 

response every iteration (Table 2). This Monte Carlo procedure accounted for the uncertainty in 340 

not knowing how diets of our functional groups responded to changes in the prey landscape.  341 

 342 

Results 343 

Our Rpath model indicated a wide range of trophic positions in the nearshore ecosystem, 344 

ranging from one (primary producers) to 3.86 (adult sharks; Table 1, Fig. 2). The mean trophic 345 

level across all living groups was 2.49 and the biomass-weighted mean was 1.17. Total biomass 346 

of consumers was 42.8 g/m2 and total annual consumer production was 227 g/m2. 347 

 Fishing was a major source of direct mortality for the adult stanza of the menhaden 348 

(62.9% of total mortality), blue crab (44.5%), and penaeid shrimp (3.6%) functional groups (Fig. 349 

3). For all other groups, both juvenile and adult stanzas, fishing was less than 1% of mortality. 350 

 Only dolphins exerted a notable amount of direct predation mortality on the five prey 351 

functional groups we examined (Fig. 3). Dolphins were particularly important predators of the 352 
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small sciaenids functional group, accounting for nearly half of the mortality of both the adult 353 

(44.1%) and juvenile (43.2%) life stages of these prey species. Dolphins also represented an 354 

important mortality source for adult menhaden (13.5% of mortality) and juvenile red drum (3.9% 355 

of mortality).  356 

While the focal functional groups represent important diet items for some bird species, 357 

the total abundance of birds in the model area was insufficient to exert substantial mortality on 358 

prey populations. Seabird predation impacted menhaden most out of the five nekton functional 359 

groups we examined. Pelicans accounted for 1.5% of adult menhaden mortality and 1.8% of 360 

juvenile menhaden mortality. Gulls and terns were a slightly less influential menhaden mortality 361 

source at 1.1% (adults) and 0.9% (juveniles). Menhaden composed a similar diet fraction for 362 

both seabird groups; however, the higher biomass of pelicans and their allies in the model more 363 

than outweighed the higher consumption rate of gulls and terns.  364 

 The generalized equilibrium model that quantified responses while integrating across all 365 

food web interactions confirmed the importance of fishing as a driver of most groups, with 366 

predation by the selected subset of predators as important for only a few individual prey groups 367 

such as small sciaenids and menhaden. Adult blue crab and adult menhaden showed large 368 

(median: 11%, 14% respectively) positive responses to reductions in fishing effort, and adult 369 

penaeids showed small (median 0.6%) positive responses, all with relatively low uncertainty 370 

(middle 50% of simulations did not cross zero) (Fig. 4a). These patterns generally held when 371 

juveniles and adults were aggregated into one functional group (blue crab: 5%, menhaden: 9%, 372 

penaeids: 0.6%) (Fig. 4b). The results to fishing changes are consistent with those from the 373 

analysis on only direct mortality from the Rpath model. Adult and juvenile small sciaenids, as 374 

well as their aggregated group, showed large positive responses coincident with reductions in 375 
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dolphin survival (medians 5%, 5%, 6%, respectively), though there was more uncertainty 376 

associated with functional responses (Fig. 4). This response to dolphins was also in alignment 377 

with the Rpath analysis on direct mortality. Menhaden, which experienced a larger fraction of 378 

their mortality from seabirds than other focal groups, responded positively to decreased seabird 379 

predation. Although the middle 50% simulations were all greater than zero, the responses were 380 

muted to the point of not being visually perceptible (Fig. 4). When a change in fishing was 381 

compared to a simultaneous change in mortality in all three predator groups, fishing still led to a 382 

greater response for blue crabs, menhaden, and penaeids, while predation still led to a greater 383 

response for small sciaenids (Fig. S1). The separated juvenile and adult red drum groups also 384 

displayed stronger responses to changes in fishing. However, because they responded in opposite 385 

directions, the combined red drum group experienced a stronger response to a change in 386 

predation, though the middle 50% of simulations contained zero for both predation and fishing 387 

(Fig. S1). 388 

 Uncertainty in functional responses led to high uncertainty in how groups less impacted 389 

by direct mortality would respond to oil spill-induced changes in the ecosystem. Six functional 390 

group stanzas had negative median responses to reduced fishing pressure (juvenile blue crab, 391 

juvenile menhaden, juvenile penaeids, juvenile red drum, and both stanzas of small sciaenids; 392 

Figs. 4a, S2). However, juveniles generally experienced less direct fishing pressure and more 393 

predation pressure from harvested mesopredators. In the case of blue crab, menhaden, and 394 

penaeids, when juvenile and adult functional groups were combined, the expected negative 395 

response of adults dominated. For seven functional group stanzas (all except juvenile menhaden 396 

and both small sciaenid groups), decreased dolphin survival actually led to median decreases in 397 

biomass, presumably due to release of mesopredators (Fig. 4a, S2). When juvenile and adult 398 
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functional groups were combined, results were consistent with those of the separated stanzas, 399 

with aggregated menhaden responding positively to a decrease in dolphin survival (Fig. 4b, 5). In 400 

addition, for many of these groups (juvenile menhaden, juvenile penaeids, juvenile red drum, 401 

adult small sciaenids), the middle 50% of simulations included both positive and negative 402 

responses nekton biomass. The highest magnitude indirect impact from seabirds was a decrease 403 

in juvenile and combined red drum biomass.  404 

The responses from the generalized equilibrium model were highly variable across the 405 

randomly simulated functional responses. With respect to fishing, the middle 80% of simulation 406 

(not plotted because the wide range obscures bar heights) contained only positive responses for 407 

blue crabs (adult and combined), menhaden (adult and combined), adult penaeids, and adult red 408 

drum, with all responding positively to decreases in fishing. For all other functional group 409 

stanzas and combined functional groups the middle 80% of simulations contained both positive 410 

and negative responses to fishing. The middle 80% of simulations contained both positive and 411 

negative responses for all ten functional group stanzas and all five combined functional groups 412 

across all three predators with the exception of a positive response of adult menhaden to 413 

increases in gull and tern mortality. Thus, while some parameter combinations simulated 414 

qualitatively substantial responses to changing fishing pressure or predator productivity, these 415 

responses were highly variable and depended on the particular set of functional responses. 416 

 Directly comparing the responses to fishing versus predation from the generalized 417 

equilibrium model showed fishing was more important for most functional groups, while among 418 

predators, dolphins led to responses of a greater magnitude (Fig. 5, S2). In addition, the 419 

simulated range of responses often includes both positive and negative values. For blue crab, 420 

menhaden, and penaeids, fishing was much more influential on biomass than any predator (point 421 



20 
 

clouds below the 1:1 line). For small sciaenids, dolphin predation was more influential than 422 

fishing (point cloud in dolphin panel falls above red line), and the overall response to a decrease 423 

in fishing was slightly negative due to indirect pathways (point clouds centered to left of y-axis). 424 

For red drum, the point clouds were largely centered about the origin, indicating no consistent 425 

directional responses to either fishing or predation. Increases in dolphin mortality led to a wider 426 

range of responses overall, both positive and negative, than increases in mortality of either 427 

seabird group.   428 

   429 

Discussion 430 

Both predator release and fishery closures had potential to contribute to compensatory 431 

responses of certain nearshore fish and invertebrate populations to the Deepwater Horizon oil 432 

spill. Although both factors likely helped mask oil-induced mortality on these populations, our 433 

results suggest that fishery closures were the more significant factor for most focal groups we 434 

examined. Based on the direct mortality analysis, fishing and consumption by top predators both 435 

individually accounted for up to ~50% of mortality among the five prey groups that we 436 

examined. However, the generalized equilibrium model that integrates over all food web 437 

linkages demonstrated that biomass is more sensitive to small perturbations in fishing effort than 438 

small changes in predation mortality, and that the responses to changes in predation mortality are 439 

highly dependent on functional responses. Furthermore, we assessed the impact of comparable 440 

changes in fishing effort and predator mortality, but the oil spill caused dramatic changes in 441 

fishing effort, whereas the increases in predator mortality were less substantial but longer lasting. 442 

Thus, we conclude that, while both mortality sources may be responsible for some compensatory 443 
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responses of fish and invertebrate populations to the Deepwater Horizon oil spill, fishing likely 444 

played a stronger role for more of the species that we examined. 445 

The regional Gulf shrimp fishery has a strong impact on target and bycatch populations, 446 

as well as the ecosystem as a whole. The bulk of the fishery operates farther offshore than the 447 

domain of our model, leading to relatively low values of fishing mortality within the model 448 

domain on both shrimp and the suite of species associated with the fishery’s high bycatch rates, 449 

as compared to stock assessment fishing mortality estimates (Hart 2017; Hart 2018). However, 450 

small-scale shrimp trawling is ubiquitous in Barataria Bay, and such operations are notoriously 451 

hard to track (Quetglas et al. 2016). Thus, we consider our fishing mortality values, and as a 452 

result, the perceived impact of fishing on functional groups heavily impacted by shrimp trawling, 453 

to be highly conservative. This includes both penaeids as well as functional groups such as small 454 

sciaenids and menhaden that are subjected to the fishery’s high rates of incidental catch 455 

(Diamond et al. 2000). Indeed, due to the difficulty of quantifying recreational and subsistence 456 

fishing effort across target species, all fishing mortalities are likely to be underestimates. An 457 

empirical study that focused on shrimp over a broader geographic range also concluded that the 458 

cessation of fishing was a key component to the stability of penaeids (Van der Ham and De 459 

Mutsert 2014). The shrimp fishery also impacts species in the ecosystem beyond shrimp and 460 

bycatch targets. Trawling substantially modifies the local habitat, and thus species inhabiting the 461 

benthos may have benefited from fishery closures (Wells et al. 2008). These impacts may have 462 

indirectly impacted our focal functional groups, particularly benthic-oriented groups like small 463 

sciaenids, blue crabs, and shrimp themselves. On the other hand, other species benefit from 464 

scavenging on the high concentration of discards around boats, and these species may have lost a 465 

consumption pathway while fishing was paused (Ramsay et al. 1997; Jodice et al. 2011). Of 466 
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particular note for our study, the lost food subsidies via bycatch could have exacerbated the 467 

increase in pelican, gull and tern, and dolphin mortality.  468 

Dolphins exerted the strongest top-down control on small sciaenids, and the decrease in 469 

survival and reproduction of dolphins may have played a role in the stability of small sciaenids. 470 

These fish were the most common prey item in dolphin stomachs recovered following the oil 471 

spill, making up over one-third of all items (Bowen-Stevens et al. 2021). In our model, small 472 

sciaenids made up over two-thirds of dolphin diet by mass. The Barataria Bay dolphin 473 

population experienced a range of physiological impacts from the oil spill, many of which went 474 

on for years (Schwacke et al. 2013). Some evidence even points to either continued exposure or 475 

cross-generational impacts of maternal exposure on dolphins born after the oil spill (De Guise et 476 

al. 2021). Unfortunately, estimating the total loss of predatory biomass is hampered by the 477 

resolution of surveys and a lack of direct measurements of the mortality processes. Thus, any 478 

attempts to estimate mortality likely underestimate the total because indirect effects that may 479 

decrease lifespans and reproductive potential are difficult to quantify, but impart considerable 480 

pressures on individuals and populations (Peterson et al. 2003). For this reason, we did not rely 481 

on actual estimates of dolphin (or seabird) mortality, but instead looked at sensitivity to 482 

decreases in predator population productivity. Our results indicate that any significant dolphin 483 

mortality event may have impacted small sciaenid populations, dolphins’ principal prey resource.   484 

 Contrary to our results, one study based on population modeling concluded that release 485 

from seabird predation was key to the unusually strong recruitment of menhaden near the 486 

Mississippi River following the oil spill (Short et al. 2017). This divergence in results is likely in 487 

part because: 1) we assumed a much lower seabird diet fraction to be comprised of menhaden 488 

than did Short et al. (2017), who presumed 50% of seabird diets were menhaden; and 2) we 489 
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assumed a lower seabird consumption rate relative to Short et al. (2017). Unfortunately, both of 490 

these quantities are extremely difficult to estimate reliably. Interestingly, consumption from 491 

seabirds was a larger source of mortality for menhaden than any other focal functional group we 492 

examined. For juvenile menhaden, mortality from seabird predation was greater than that from 493 

both dolphin predation and fishing. However, the importance of seabird predation was much less 494 

consequential once we accounted for indirect trophic pathways in the generalized equilibrium 495 

model, indicating an investigation at the population scale may have missed some important 496 

dynamics of the larger system. 497 

 While we explored two key pathways for stability of the nekton community following the 498 

Deepwater Horizon oil spill, a number of studies have employed ecosystem models to explore 499 

how the spill impacted both populations and the food web as a whole. A simpler less quantitative 500 

network model showed that blue crabs are a critical component of the food web and of 501 

intermediate oil sensitivity (McCann et al. 2017). However, other studies did not find major 502 

shifts in blue crab populations (Ward et al. 2018). We provide evidence that release from heavy 503 

fishing pressure may have been partially responsible, and thus buffered the rest of the food web. 504 

Similar network models showed that the nektonic food web in coastal waters across the northern 505 

Gulf of Mexico is resilient and likely has redundant energy pathways, which may explain some 506 

of the ecosystem resilience observed (Lewis et al. 2021). This redundancy is likely an additional 507 

pathway responsible for the resilience, on top of the two top-down pathways we explored. A 508 

much more complex spatial end-to-end ecosystem model of the whole Gulf of Mexico found 509 

very strong impacts of the oil spill on demersal and reef fish populations, and little impact from 510 

fishery closures (Ainsworth et al. 2018). This model covered a much broader domain than our 511 

study, and also attempted to directly model the oil’s impacts on growth and mortality based on 512 
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toxicological studies. However, these toxicological studies have shown to be poor predictors of 513 

population impacts in real-world situations, both in response to the Deepwater Horizon oil spill, 514 

as well as other spills (Fodrie et al. 2014; Shelton et al. 2018). This growing body of ecosystem 515 

modeling research at varying levels of complexity indicates both pathways for stability, as we 516 

demonstrated, as well as pathways for major population scale impacts, depending on model 517 

assumptions and domain (Ainsworth et al. 2021).   518 

 The multifaceted ecological responses to the Deepwater Horizon catastrophe are not 519 

unique among well-studied oil spills, underscoring the complexity of interacting stressors that 520 

impact populations in coastal and estuarine ecosystems worldwide. Even early studies on oil 521 

spills found that laboratory experiments often failed to predict real-world outcomes, and that 522 

effects on fish populations and fisheries were often the hardest component of coastal ecosystems 523 

on which to quantify impacts of offshore oil spills (Teal and Howarth 1984). Salmon and 524 

groundfish displayed only muted responses to the 1989 Exxon Valdez oil spill in Prince William 525 

Sound, Alaska (Ward et al. 2017; Shelton et al. 2018). While the herring population collapsed 526 

several years after the spill and has not rebounded, the cause of the persistent low herring 527 

abundance remains unclear; several mechanisms have been proposed and are likely acting in 528 

concert (Trochta and Branch 2021). The Penglai 19-3 oil spill in China also had mixed impacts 529 

on monitored stocked fish populations (Pan et al. 2015). The fact that experiments are poor 530 

predictors of outcomes indicates that system complexity, including food webs and human 531 

dynamics which we studied, as well as other sources of complexity such as environmental 532 

variability and animal behavior, are likely key factors leading to these unexpected responses 533 

(Fodrie et al. 2014). 534 
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 Three important caveats to this study relate to habitat effects, non-stationarity of 535 

populations following the spill, and the wide response intervals from the generalized equilibrium 536 

model. First, our model does not explicitly consider the impact of the oil spill on marsh habitats. 537 

The oil spill has been implicated in intense erosion of oiled marsh directly following the spill, 538 

and we did not capture these impacts on species that rely on marsh habitat for food, predator 539 

avoidance, or nesting (Silliman et al. 2012; Silliman et al. 2016). Some juvenile life stages of our 540 

five focal functional groups are found in higher densities in and around marsh edges, and for 541 

those that do not rely directly on marsh habitat, some of their food resources do (Minello and 542 

Rozas 2002; Rozas and Minello 2015). A spatially explicit ecosystem model (e.g., De Mutsert et 543 

al. 2021) would be necessary to account for marsh loss. However, while marsh loss may impact 544 

absolute change in in biomass in response to reductions in fishing and predation, we do not 545 

expect it to impact the relative importance of changes in fishing versus predation because neither 546 

the predators nor the fishery relies directly on marshes. Second, the generalized equilibrium 547 

model measures the change in equilibrium biomass to perturbations in fishing effort and 548 

predation mortality, yet the period immediately following the oil spill was an inherently non-549 

stationary period, and the populations themselves are highly dynamic. We contend this analysis 550 

is still a good first pass at comparing the relative impacts of these two different mortality sources 551 

within a single quantitative framework that integrates across all food web linkages. Finally, the 552 

simulated ranges of responses for the generalized equilibrium model were so wide that even 553 

plotting the range of the middle 80% completely visually obscured the center of the distribution. 554 

In general, individual model configurations that had extreme results across all functional groups 555 

caused this wide range. The set of models with responses in the middle 95% for all 40 556 

predator/fishing – focal prey combinations only excluded one third of all models (Fig. S2), 557 
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whereas if extremeness had been independent across predator/fishing – focal prey combinations 558 

we would have retained only 13% (0.95 raised to the 40th power). Thus, we attribute the wide 559 

intervals to random unrealistic model configurations, and consider the medians plotted in Fig. 4 560 

and center of point clouds in Fig. 5 to be reasonable estimates of anticipated outcomes.  These 561 

unrealistic model configurations could potentially be removed using the ecosense approach in 562 

Rpath which uses a dynamic simulation to weed out the most unrealistic parameter combinations 563 

(Whitehouse and Aydin 2020). 564 

 565 

Conclusions 566 

  Population responses to stressors can often yield unexpected results when we do not 567 

consider linkages between the focal population and the food web in which it is embedded, as 568 

well as the dynamics of the broader socioecological system. Building a logical framework for 569 

simulating scenarios that include consistent futures of both social and ecological responses, as 570 

we did, is a powerful way to understand how complex systems may respond to stressors such as 571 

oil spills and climate change (O’Neill et al. 2014). Specifically, we evaluated evidence for two 572 

possible pathways of stability of nekton populations to the Deepwater Horizon oil spill. 573 

However, neither the two pathways we explored nor other potential pathways such as behavioral 574 

avoidance and high intrinsic rates of growth are mutually exclusive. Furthermore, the impacts of 575 

the oil spill itself were mediated through other stressors like oil redistribution by storms and 576 

changes in freshwater discharge to keep oil out of marshes and bays (Able et al. 2015; López-577 

Duarte et al. 2016). For species that are targets of major fisheries (menhaden, blue crab, shrimp), 578 

fishing cessation likely played a key role in stability because it is a major component of total 579 

mortality (Van der Ham and De Mutsert 2014). Even when accounting for impacts of fishing 580 



27 
 

cessation across the food web, which could, for example, lead to increases of predator biomass, 581 

the groups still exhibited strong positive responses in our models. Small sciaenids likely 582 

benefitted from negative impacts to dolphins during and following the spill. Although menhaden 583 

were more impacted by seabirds than any other group we investigated, the response was still 584 

muted. It is also notable how responses can be very different depending on the construction of 585 

the food web and how predators respond to changes in prey abundance. More food web 586 

modeling and empirical work will continue disentangling impacts of this oil spill and others on 587 

populations, ecosystems, and the broader human-natural system. Sensitivity analyses will be key, 588 

as scaling individual impacts of these stressors up to population scales remains challenging. In 589 

addition, it is crucial to explore a range of hypotheses, both within and across studies. 590 

Conducting studies at a range of scales of model complexity and ecological organization will be 591 

necessary; full integrative pictures emerge best over a large body of work employing a diversity 592 

of methods. Barataria Bay and the nearshore habitats of the northern Gulf of Mexico more 593 

broadly are complex heavily modified systems, and only through a concerted collective effort 594 

will we continue to make progress untangling their natural history, how we have impacted them 595 

to date, and how we might expect them to change in the future.   596 
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Table 1  Ecopath model summary. TP is trophic position, PB production to biomass ratio, QB 814 

consumption to biomass ratio, EE ecotrophic efficiency, GE gross efficiency (PB/QB). See Table 815 

S1 for scientific names of species within functional groups.  816 

Group TP 

Biomass 

(g/m2) 

PB 

(1/yr) 

QB 

(1/yr) EE GE 

Removals 

(g/m2/yr) 

Juv Shark+ 3.49 0.08441 21 181 0.00237* 0.11100 4e-041 

Adu Shark 3.86 6.8e-07* 0.511 3.91* 0.288* 0.13000 1e-071 

Juv R Drum+ 2.35 0.21 2.21 4.51 0.706* 0.48900 5e-041 

Adu R Drum 3.18 0.00149* 0.621 1.87* 1.46e-05* 0.33200 0 

Juv Seatrout 2.92 0.00275* 3.71 29.1* 0.843* 0.12700 0 

Adu Seatrout+ 2.97 0.11 0.71 5.41 0.312* 0.13000 0.0041 

Juv B Drum+ 2.33 0.1091 21 22.61 0.923* 0.08830 0.0331 

Adu B Drum 2.69 0.00117* 0.51 6.36* 0.741* 0.07860 0.000161 

Juv Catfish 2.30 0.0175* 21 10.8* 0.74* 0.18500 0 

Adu Catfish+ 2.76 0.1561 0.81 3.31 0.834* 0.24200 0.021 

Juv Sm Sciaenids+ 2.74 0.331 21 201 0.902* 0.09990 0 

Adu Sm Sciaenids 2.64 1.56* 1.51 8.84* 0.577* 0.17000 0.0221 

Juv Sheepshead 2.73 0.0975* 21 14.6* 0.788* 0.13700 0.0011 

Adu Sheepshead+ 3.11 0.051 0.421 5.91 0.838* 0.07120 0.0151 

Juv Flounder+ 2.67 0.006471 21 13.31 0.869* 0.15000 2e-041 

Adu Flounder 3.32 0.00581* 0.421 4.51* 0.792* 0.09320 0.00181 

Juv Pinfish 2.26 0.0727* 21 19.8* 0.946* 0.10100 0 

Adu Pinfish+ 2.11 0.081 0.71 81 0.947* 0.08750 0.0021 

Juv Menhaden+ 3.00 0.171 2.31 19.41 0.254* 0.11900 1e-041 

Adu Menhaden 2.02 0.569* 1.91 8.48* 0.909* 0.22400 0.681 

Juv Mullet 2.71 0.38* 2.41 33* 0.408* 0.07280 0.0021 

Adu Mullet+ 2.00 1.441 0.81 12.31 0.16* 0.06510 01 

Anchovy Silverside 2.65 0.9521 2.31 19.41 0.854* 0.11900 0.0021 

Gar 3.34 0.042 0.483 2.254 0.104* 0.21300 0.0022 

Stingray 3.17 0.162 0.485 16 0.197* 0.48000 0 

Gulls & Terns 3.48 0.001477 0.17 507 0* 0.00200 0 

Pelicans 3.45 0.007477 0.17 17.77 5.41e-05* 0.00565 0 

Wading Birds 3.36 0.000138 5.488 87.68 0* 0.06250 0 

Dolphins 3.55 0.089 0.0519 25.310 8.24e-05* 0.00202 0 

Killifishes 2.72 0.2151 2.531 19.41 0.966* 0.13000 0 
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Group TP 

Biomass 

(g/m2) 

PB 

(1/yr) 

QB 

(1/yr) EE GE 

Removals 

(g/m2/yr) 

Juv Penaeids+ 2.05 0.2051 31 66.61 0.262* 0.04500 0 

Adu Penaeids 2.16 15.5* 2.41 19.2* 0.0388* 0.12500 1.321 

Juv Blue Crab+ 2.37 0.4431 31 171 0.203* 0.17600 0.0021 

Adu Blue Crab 2.44 0.563* 2.41 8.5* 0.589* 0.28200 0.6011 

Carn Insects 2.68 0.0171* 611 3011 0.3@ 0.20000 0 

Grass Shrimp 2.05 0.4461 4.51 181 0.901* 0.25000 0 

Other Crabs 2.00 11 4.51 181 0.991* 0.25000 0 

Herb Insects 2.00 0.174* 611 3011 0.3@ 0.20000 0 

Zooplankton 2.00 4.121 28.81 84.91 0.489* 0.33900 0 

Oyster Spat 2.00 0.0356* 21 40* 0.032* 0.05000 0 

Seed Oyster 2.05 1.2* 1.81 14.6* 0.625* 0.12300 0 

Sack Oyster+ 2.05 0.6851 2.41 101 0.839* 0.24000 0.31 

Oyster Drill 2.24 1.51 4.51 181 0.272* 0.25000 0.011 

Mollusks 2.00 4.031 31 151 0.743* 0.20000 0 

Benthic Inverts 2.03 61 4.51 221 0.982* 0.20500 0 

Marsh Plants 1.00 19212 2.9913 0 0.00919* 0.00000 0 

SAV 1.00 9.781 9.011 0 0.744* 0.00000 0 

Benthic Microalgae 1.00 29.81 3.911 0 0.755* 0.00000 0 

Phytoplankton 1.00 12.81 1021 0 0.31* 0.00000 0 

Detritus 1.00 100 0 0 0 0.00000 0 

 817 

1 De Mutsert et al. 2017 
2 C.W. Martin 2022, expert opinion 
3 Murie et al. 2009 
4 Pauly, 1998 
5 Sage et al. 1972 
6 De Mutsert et al. 2016 
7 Geers, 2012 
8 Deehr et al. 2014 
9 McDonald et al. 2017 
10 Bejarano et al. 2017 
11 Wolff et al. 2000 
12 Lin and Mendelssohn, 2012 
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13 Hill and Roberts, 2017 
+ Leading stanza 

* Solved by Rpath 
@ Sensitivity of results to this parameter was minimal 
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Table 2  Distributions used for bootstrapping functional responses. Distributions are similar to 819 

those used by Koehn et al. (2017) 820 

 821 

 822 

 823 

 824 

 825 

  826 

Parameter symbol Description Distribution 

γi Other mortality density-

dependence for group i 

Beta(3, 12) 

θij Prey dependence of predator j 

prey i functional response 

Beta(12,3) 

εij Predator dependence of 

predator j prey i functional 

response 

Beta(2,2) 
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 827 

Fig. 1  Map of the region 828 

 829 

 830 

 831 
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 832 

Fig. 2 Diagram of Rpath food web model 833 

 834 
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 835 

 836 

Fig. 3  Proportion of total mortality directly induced by predators and fishing on juvenile and 837 

adult stanzas of five key fish and invertebrate functional groups. 838 

 839 
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 840 

Fig. 4   Direct and indirect responses from generalized equilibrium model of fish and invertebrate 841 

biomass to changes in predator productivity and fishing effort with stanzas a) dynamically 842 

unlinked and b) combined into one homogenous functional group. Bars are at median of the 843 

Monte Carlo simulations and error lines represent the interval covering the middle 50% of 844 

simulations. 845 

 846 
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 847 

Fig. 5  Percent change in biomass in response to a 10% change in fishing effort vs 10% change in 848 

respective predator productivity for five focal functional groups, with juvenile and adult stanzas 849 

combined. Red line is 1:1. Points are overlaid on top of density plot, with bluer colors indicating 850 

higher point density and grayer/white colors indicating lower point density. Only models falling 851 

in the middle 95% of responses for all four sources for all five focal functional group are plotted 852 

(789/1000 models). 853 
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Table S1 Species included in Rpath functional groups and sources for diets 855 

Group  Species based on Diet based on 

Shark 
Carcharhinus leucas (De Mutsert et al. 2017) 

R Drum Sciaenops ocellatus (De Mutsert et al. 2017) 

Seatrout 
Cynoscion arenarius, Cynoscion nebulosus (De Mutsert et al. 2017) 

B Drum Pogonias cromis (De Mutsert et al. 2017) 

Catfish 
Ariopsis felis, Bagre marinus (De Mutsert et al. 2017) 

Sm Scianids Micropogonias undulates, Leiostomus xanthurus, 

Bairdiella chrysoura 

(De Mutsert et al. 2017) 

Sheepshead 
Archosargus probatocephalus (De Mutsert et al. 2017) 

Flounder Paralichthys lethostigma (De Mutsert et al. 2017) 

Pinfish Lagodon rhomboides (De Mutsert et al. 2017) 

Menhaden 
Brevoortia tyrannus (De Mutsert et al. 2017) 

Mullet Mugil cephalus (De Mutsert et al. 2017) 

Anchovy Silverside Anchoa mitchilli, Menidia beryllina, Membras 

martinica 

(De Mutsert et al. 2017) 

Gar 

Atractosteus spatula 

(Goodyear 1967; Geers 

2012) 

Stingray 
Hypanus sabinus (Geers 2012) 

Gulls and Terns Gelochelidon nilotica, Hydroprogne caspia, Larus 

argentatus, Leucophaeus atricilla, Larus 

delawarensis, Larus marinus, Rynchops niger, 

Sterna forsteri, Sterna hirundo, Sternula 

antillarum, Thalasseus maximus, Thalasseus 

sandvicensis 

(McGinnis and Emslie 

2001; Geers 2012) 

Pelicans Fregata magnificens, Pelecanus erythrorhynchos, 

Pelecanus occidentalis, Phalacrocorax auritus, 

Morus bassanus 

(Fogarty et al. 1981; 

Clapp et al. 1982; 

Hingtgen et al. 1985) 

Wading Birds Ardea alba, Ardea erodias, Charadrius 

semipalmatus, Calidris pusilla, Pluvialis 

squatarola, Butorides virescens, Egretta tricolor 

(Boyle et al. 2012; 

Deehr et al. 2014) 

Dolphins 

Tursiops truncatus 

(Barros and Odell 

1990; Bowen 2011; 

Bowen-Stevens et al. 

2021) 

Killifishes Fundulus spp. (De Mutsert et al. 2017) 

Panaeids Farfantepenaeus aztecus, Litopenaeus setiferus (De Mutsert et al. 2017) 

Blue Crab Callinectes sapidus (De Mutsert et al. 2017) 

Carn Insects  Expert opinion 

Grass Shrimp 
Palaemonetes spp. (De Mutsert et al. 2017) 

Other Crabs Rhithropanopeus harrissii (De Mutsert et al. 2017) 

Herb Insects 

 Expert opinion 

Zooplankton  (De Mutsert et al. 2017) 

Oyster Crassostrea virginica (De Mutsert et al. 2017) 

Oyster Drill Thais haemastoma (De Mutsert et al. 2017) 

Mollusks Clams (De Mutsert et al. 2017) 
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Benthic Inverts Amphipods, isopods, annelids (De Mutsert et al. 2017) 

Marsh Plants Spartina alterniflora, Juncus roemerianus  

SAV 

  

Benthic Microalgae   

Phytoplankton   

Detritus   

   

 856 
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 894 

 895 

Fig. S1  Direct and indirect responses from generalized equilibrium model of fish and 896 

invertebrate biomass to changes in a simultaneous change in predator productivity across 897 

predator groups and changes fishing effort with stanzas a) dynamically unlinked and b) 898 

combined into one homogenous functional group. Bars are at median of the Monte Carlo 899 

simulations and error lines represent the interval covering the middle 50% of simulations. 900 
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 901 

Fig. S2  Percent change in biomass in response to a 10% change in fishing effort vs 10% change 902 

in respective predator productivity for five focal functional groups. Red line is 1:1. Points are 903 

overlaid on top of density plot, with bluer colors indicating higher point density and grayer/white 904 

colors indicating lower point density. Only models falling in the middle 95% of responses for all 905 

four sources for both stanzas of all five focal functional group are plotted (667/1000 models). 906 
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